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Abstract

Species extinctions alter ecosystem services, and the magnitude of this impact is likely to change across
environmental gradients. In Australia, digging mammals that are now considered ecologically extinct
are thought to be important ecosystem engineers. Previous studies have demonstrated micro-site-level
impacts of reintroduced digging mammals on soil functions, but, prior to this study, effects had not been
tested at larger scales. Further, it is unclear how impacts vary across environmental gradients and if the
restoration potential of reintroductions varies with climate. We examined the effects of native digging
mammals on various soil functions across a large rainfall gradient in Australia (between 166 and 870
mm pa.) to test the hypothesis that ecosystem engineering effects depend on climate. We showed that
the impacts of digging mammals on soil functioning are context-dependant. Microbial community
composition differed between digging mammal reintroduction and control areas only in semi-arid
systems. Although species community shift was dependant on rainfall, microbial functions were greater
in areas with native digging mammal activity, regardless of average precipitation. Soil organic material,
available carbon and nitrogen were elevated in reintroduction areas only in the arid and semi-arid sites;
and labile carbon distribution was also affected by the presence of mammals. Decomposition rates were
affected by digging mammal activity and rainfall patterns. Our study suggests that native ecosystem
engineers have a large impact on soil functions beyond their foraging pits. However, the net effect of
digging mammals on soil functions varied with productivity (rainfall). The context of native ecosystem
engineer reintroductions is thus likely to be critical in determining their effectiveness in restoring soil
functions. Soil disturbance by native mammals might aid degraded soils or agricultural lands in specific
areas which might become extremely important to buffer extreme climate events in a changing world.
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Chapter I.
1.1. General introduction
Extinction rates are increasing globally, due to human impacts (Ceballos et al. 2015); therefore,
understanding the implications of extinction is an urgent and crucial issue (Valiente‐Banuet et al. 2015).
By 2009, Chapman (2009) estimated 9.1% of the known global species to be threatened by
anthropogenic driven extinctions. While the full impact of such large-scale extinctions cannot be easily
estimated, it is reasonable to predict unprecedented levels of ecosystem function loss and degradation of
species interactions. This could eventually lead to dysfunctional ecosystems and unpredictable
consequences for humanity (Petchey and Gaston 2002, Larsen et al. 2005, Estes et al. 2011, Cardinale
et al. 2012). Given the complexity of species interactions and associated ecosystem services, it is critical
that we understand how anthropogenic driven species extinctions will impact ecosystem functionality
(Valiente-Banuet et al. 2015).
The ecosystem-level impact of extinction is complex because a species can have different roles
depending on environmental filters (Johnson et al. 1996). For instance, plant interactions are dominated
by competition at low elevation, but switch to facilitation at high elevation globally (Callaway et al.
2002). Therefore, to predict how ecosystems might respond to the loss of a species, we must understand
how the role of this species change over environmental gradients. This way, preserving locally important
species could conserve crucial ecosystem functions, which might be unique in a given habitat. A
predictive understanding of species functions and their broad scale impact across an extensive array of
environments is essential for developing realistic restoration goals, tailored to a habitat. This is especially
true where species are translocated to new areas or reintroduced into their historic range. In these cases,
we require a mechanistic understanding of species effects on ecosystem processes because data on their
historic roles are often either anecdotal or non-existent.
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This thesis seeks to understand the broad-scale consequences of losing species by examining
consequences of species reintroductions across a wide range of habitat types. The current chapter
provides an overview of the importance of ecosystem engineer species in maintaining necessary
ecosystem functions and how the impacts might change over an environmental gradient; then provides
an outline of the thesis with describing the aims of each chapter.

1.1.1. Importance of burrowing and digging organisms as ecosystem engineers
Burrowing and digging animals are considered ecosystem engineers because they physically modify
their habitat and affect the resources and microhabitat of co-existing species (Jones et al. 1996). The
decline of ecosystem engineers can affect the environment in a myriad of ways, from affecting species
richness (Wright et al. 2003, Castilla et al. 2004, Romero et al. 2015) to resource availability (Gutiérrez
and Jones 2006) in both terrestrial (Brown and Heske 1990) and aquatic systems (Mermillod-Blondin
and Rosenberg 2006). Burrowing and digging organisms are considered crucial ecosystem engineers
because they alter soil characteristics (Valentine et al. 2018), soil biogeochemical cycles (Lavelle et al.
1997, van Breemen and Finzi 1998, Gutiérrez and Jones 2006), seed dispersal (Kerley 1991, Nyhagen
et al. 2005) and soil communities (Zhang et al. 2004, Straube et al. 2009, Clarke et al. 2015). The guild
is extremely diverse, including plants, invertebrates and vertebrates. Plant species are often considered
ecosystem engineers because they are able to change the microclimate around them (Caraco et al. 2006).
For example, various cushion plants (Azorella monantha, Silene acaulis) in high elevation areas can
change wind speed and create a microclimate which provides nursing effects on seedlings (Badano and
Marquet 2008, Antonsson et al. 2009). Invertebrate ecosystem engineers, such as earthworms, ants and
termites alter soil microstructure, including soil porosity, incorporate organic material into the soil,
influence soil microbial communities and create underground ‘seed banks’, which can regulate plant
communities (Lavelle et al. 2006). Vertebrate ecosystem engineers cover a wide range of organisms,
including herbivorous (prairie dogs), insectivorous (aardvark) and predatory burrowing animals (arctic
fox). This diverse guild forages on the ground, creating depressions and pits while searching for food
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(Robley et al. 2001, Reichman and Seabloom 2002, Davidson et al. 2012). Burrowing and digging
activity is a type of surface disturbance, which opens up the top layer of the soil and facilitates new
seedling establishment by increasing available nutrients and water infiltration (Kurek et al. 2014,
Valentine et al. 2018). Burrowing and digging activity create new microhabitats and refuge for small
vertebrates (Shipley and Reading 2006, Gálvez Bravo et al. 2009, Whittington-Jones et al. 2011) and
invertebrates (Casas-Crivillé and Valera 2005). Although burrowing and digging ecosystem engineers
(or soil engineers) provide essential ecosystem services, many of these species are threatened, mostly
due to habitat loss (Davidson et al. 2012, Fleming et al. 2014).
Understanding the role of species which are driving soil processes is necessary, because soil processes
are driving a wide range of ecosystem services, which are equally important to both natural systems and
humanity (Glanz 1995). Soil processes dictate primary productivity, including production systems,
affecting nutrient cycles, carbon sequestration, drive nutrient flows and species distributions (Lal 2001,
Henrik Bruun et al. 2005, Adhikari and Hartemink 2016), therefore, understanding and conserving soil
engineer organisms is crucial for the ecosystem.

1.1.2. Context-dependent impacts of ecosystem engineers
Ecosystem engineers can have varying impacts on ecosystems, depending on local constraining variables
(Jones et al. 1997, Hastings et al. 2007). Ecosystems can be limited by both biotic and abiotic factors:
mesic and productive systems are more limited by biotic variables, such as species interactions and
competition; whereas arid systems are constrained more by abiotic limitations, such as temperature and
precipitation (Grime, 1963, Connell, 1961, Goldberg and Novopolansky, 1997). Water availability
affects most ecosystems substantially through a range of mechanisms (Jenny, 1980). Nutrient cycles and
nutrient availability in the soil are largely driven by precipitation in terrestrial ecosystems (Austin et al.,
2004). In water limited systems, biotic interactions and natural disturbances might facilitate soil
processes that might normally be driven by precipitaton?

via altering soil moisture or nutrient

distribution (Whitford and Kay 1999). This way, foraging pits, which accumulate water and organic
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material are likely to have a greater effect in water limited ecosystems, compared to mesic systems,
where abiotic limitations are less substantial.
Where ecosystem engineers create a modified structure, which becomes significantly different from the
surrounding matrix, they may have substantial impacts (Cardinale et al. 2000, Crain and Bertness 2005).
For example, in a resource-limited habitat, natural disturbance might aid resource distribution, but the
same process in a nutrient-rich matrix might not have a significant impact on resource availability (Crain
and Bertness 2006). Therefore, similar digging mammal activities could be expected to have varying
effects on soil processes depending on the local climate, annual rainfall and habitat type. However, this
context-dependency has seldom been tested (but see Anderson et al. 2009, Coggan et al. 2016, McAfee
et al. 2016, Coggan et al. 2018). This is problematic because ecosystem engineers were recently
identified as tools for habitat restoration (Byers et al. 2006) and might be crucial to aid specific
ecosystem services in agricultural systems (Bender et al. 2016), but different environmental scenarios
might produce altering outcomes. This thesis therefore aims to assess the landscape scale impact of
native ecosystem engineers over a large environmental gradient to understand how digging activity
might change between habitat types that vary in their productivity.
Throughout the thesis, the activity of soil disturbance by native mammals is identified as ‘digging’ and
the studied guild is referred to as ‘digging mammals’ or ‘native ecosystem engineers’. We use these
terms because they represent the studied process accurately and distinguish between natural animal
disturbances and mechanical surface disturbances, such as tramping by introduced large ungulates.

1.1.3. Australian digging mammals and their conservation status
Australia has a diverse burrowing and digging mammal community, including the ant and termite eating
echidna (Tachyglossus aculeatus) and numbat (Myrmecobius fasciatus), the insectivorous bilby
(Macrotis lagotis), herbivorous wombats (Vombatidae), mycophagous potoroos and omnivorous
bettongs (Potoroidae) and bandicoots (Peramelidae). Digging mammals in Australia have important
functions, especially in arid environments, where there is often no alternative process for redistributing
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resources (Whitford and Kay 1999). Native ecosystem engineers create foraging pits, where fallen
organic material, seeds and water are accumulated and stored (James et al. 2010). These fertile islands
fill in through time and the captured seeds, organic material and water sink below ground. After a series
of transformations via nutrient cycling, organic material in converted into important resources in the soil
and the captured moisture and seeds could aid plant establishment (Valentine et al., 2018). Since digging
mammals dig 1.8 - 20 t / individual / kg body mass each year (Fleming et al., 2013), there is a constant
dynamic between new diggings capturing freshly fallen organic material or water and diggings which
slowly fill in, providing a steady resource input into the soil. Through the network of fresh and old
foraging pits, the landscape consists of a dynamically changing sink-source nutrient, precipitation and
seed bank mosaics. Foraging pits eventually operate as hotspots of the soil landscape mosaic, which can
provide important resources to the adjacent soil matrix. This way, digging activity can change soil
microbial communities and functions via driving organic material input in soils (Hawkins 1996, Eldridge
et al. 2015), soil nutrient dynamics (James et al. 2009, 2010) and soil moisture (Eldridge and Mensinga,
2007, Valentine 2018). As a result, plant development in foraging pits is enhanced (Travers et al. 2012a,
Valentine et al. 2018). The unique morphology of the native mammals’ foraging pits means that
introduced soil-disturbing vertebrates, such as rabbits (Oryctolagus cuniculus) unable to fulfil a similar
role as ecosystem engineers (Read et al. 2008, James et al. 2011).
Whilst Australian digging and burrowing mammals fulfil crucial ecosystem services, many species are
regionally extinct, being absent from much of their former ranges since the European colonization. Many
of the species are currently threatened or are now unable to fulfil their historic ecological roles due to
their rarity (Burbidge et al. 2009, Woinarski et al. 2015). Most of these animals are an optimal fit to prey
size (between 35 and 5500 g) for the introduced foxes (Vulpes vulpes) and cats (Felis catus), which
makes their conservation difficult without the eradication of the feral predators (Johnson and Isaac
2009). Therefore, predator-free reserves have been established across the continent to conserve
Australian fauna, where threatened or ecologically extinct animals have been re-introduced. The
reintroduced vertebrates include several digging mammals, such as bilbies, bettongs and bandicoots
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(Short et al. 1992, Dickman 2012). These reserves now support communities of digging mammals that
are presumably similar to that supported over much of the Australian continent, prior to the arrival of
Europeans.

1.1.4. Study approach
The reintroduction of species in order to restore ecosystems are well discussed and controversial topics
(Donlan et al. 2006, Alagona et al. 2012, Corlett 2016), because the ecological baselines and restoration
targets are often unclear. Reversing to the original state of an ecosystem is often impossible due to
extreme habitat modification (Corlett 2015, Truitt et al. 2015), therefore introducing new baselines might
be necessary (Davis et al. 2011, Fischer et al. 2013). It is also extremely difficult to define the baseline
of a system when the historic data are missing (Higgs et al. 2014). In this case, ecosystem functions,
which could have been used to compare the pre-European and the current state of Australian ecosystems,
are not well documented (McCulloch et al. 2003). The present study does not aim to define a baseline
ecology of Australia, but uses five reintroduction reserves to model soil processes in a pre-European
ecosystem. Differences that were not able to account for in this study include: 1) extinction of some
previously common species; 2) lack of baseline data on ‘natural’ population densities, compounded by
the lack of mammalian predators inside the reintroductions (Linley et al. 2017). However, these systems
(and off-shore islands) remain the closest analogues of a pre-European state that exist today. Therefore,
differences which are present between the predator-free reserves and control areas are likely to be a
result of species extinctions and biodiversity declines in the control areas.
1.1.4.1.

Scale of the study

Identifying local patterns and processes is central to ecology (Pimm 1984). Ecosystem functioning is
driven by local processes, which drive landscape scale patterns (Turner et al. 1989, Dunning et al. 1992).
Several biological interactions drive small-scale patterns. For example, litter accumulation in a mammal
foraging pit will affect carbon availability for the surrounding plants, microbes and invertebrates. Then,
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the series of small-scale patterns (series of foraging pits) will fulfil crucial ecosystem services at broader
scales, such as carbon sequestration over the whole landscape. We use the term ‘landscape scale impact’
to indicate that the studied ecosystem engineers might operate on a bigger scale, beyond the structures
they create (foraging pits and burrows). Whilst our understanding of digging animals is increasing, most
studies that investigate the impacts of ecosystem engineers focus on the scale of the created structure,
such as the animal burrows or pits. Very few studies have tested ecological engineer impacts on a
landscape scale globally (but see Badano and Marquet 2008, Nummi and Kuuluvainen 2013, Clarke et
al. 2015, Coggan et al. 2016). This trend leaves it unclear if the measured differences between foraging
pits and adjacent undisturbed patches manifest at a landscape scale. To address this gap, this thesis
investigates how native digging mammals affect soil variables within their re-introduced range on a
landscape-scale. I specifically avoid focusing on foraging pits because it is important to estimate the
broad scale changes which might have occurred as a result of digging mammal extinctions. Each of the
studies included in this thesis compares undisturbed microhabitats in reintroduction reserves (native
mammals present) and adjacent control areas (mammals absent), avoiding foraging pits. Another key
aim of my work is to understand how the environment mitigates the impact of native ecosystem
engineers by comparing the effects of re-introduced mammals across an environmental gradient.
Field experiments are extremely valuable in investigating natural processes, while they eliminate
confounding factors associated with pseudo-replication (Hurlbert, 1984). Using experimental exclosures
allowed us to compare biological processes with and without native digging mammals in the same
habitat within the reintroduction area of a studied site. Mammal exclusion plots allowed us to measure
how local soil processes responded to the exclusion of digging mammals on a small scale (20 m by 20
m plots) and to determine the time frame of the biological response.
1.1.4.2.

Objectives and aims of the thesis

I studied the impacts of digging mammals on soil processes across five reintroduction reserves. The
mean annual rainfall of these reserves ranged from 166 mm to 877 mm. Digging mammals at each of
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the reserves create foraging pits with similar spatial distribution and morphology (Gibb, unpublished
data), partly because multiple digging mammal species are common to each of the reserves. While
digging activity is similar, a different assemblage of reintroduced mammals with different diets and
foraging activity occur at the five study reserves (Table 1.1). The different assemblages (of similar
species) could have different impacts on soil processes. Herbivory for example can affect the allocation
of nutrients and carbon in plant roots, which alters the soil biota, and grazing also changes plant litter
input available for decomposition (Bardgett, Wardle, Yeates, 1998). The difference in densities of
herbivorous species might therefore have an impact on the measured soil processes, but this was not
tested in this study. In this thesis, I tested the impacts of ecosystem engineers on soil microbes,
composition and processes. We studied soil bacterial communities, organic material decomposition and
soil nutrient availability with and without native digging mammals at five study reserves along a rainfall
gradient. Study sites were included reserves where digging mammals were locally extinct, but had been
reintroduced within predator-proof fences. The selected sites do not cover a linear transect, given their
scattered locations, but do encompass a rainfall gradient. Four reserves are situated in the south-east of
Australia, east of the Great Australian Bight and one site (Karakamia) is west of the Bight at a great
distance from the other study sites. Despite the distance between reserves, the digging mammal
assemblages and their activities in the reserves are similar, therefore we were able to compare their
function in different climates. This allowed us to identify soil functions which might have been altered
since the extinction of digging mammals and determine the magnitude of the functional changes over a
productivity (rainfall) gradient. We expected a soil bacterial community shift in the control areas due to
the lack of native digging mammals. We hypothesized that the digging activity will increase organic
material decomposition, microbial enzyme activities and soil nutrient content. However, we expected
that increasing rainfall (and productivity) will modify the digging mammal impact in a direction to the
greatest effects in the most water-limited environment. The results will contribute to the understanding
of the restoration potential of reintroduced ecosystem engineer and could create new incentives for
species conservation.
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Table 1.1. Biotic and abiotic attributes of the study sites: climatic and vegetation details, reintroduced species and reserve
description.
Sources: climate: Bureau of Meteorology, Australia; vegetation: Personal observation / study data; soil type: Soil and Landscape
Grid of Australia, CSIRO (http://www.clw.csiro.au/aclep/soilandlandscapegrid); EVI: TERN AusCover (data.auscover.org.au);
Reserve attributes: pers. comm. with Katherine Moseby (Arid Recovery), Helen Crisp (Yookamurra), Felicity L’Hotellier (Scotia),
Jacqui Young (Mt Rothwell) and Bryony Palmer (Karakamia).
Abbreviations: MAP = Mean Annual Precipitation, MAT = Mean Annual Temperature R = reintroduction area, C = control area. *
indicates if reintroduced mammals are present outside the predator-proof area in low densities.
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Location

Climate

Biotic
attributes

Attribute
Latitude
Longitude
MAP (mm)
Aridity index
MAT (°C)
Climate
Vegetation

Arid Recovery
-30.5653,
136.9177
166
0.077
26.35
Arid
Acacia shrub land

Scotia
-33.1358,
145.1925
233
0.132
24.4
Semi - arid
Mallee woodland

Yookamurra
-34.5220,
139.4755
285
0.158
22.6
Semi-arid
Mallee woodland

Mt Rothwell
-37.8894,
144.4402
468
0.367
20.3
Temperate
Open woodland

Main overstorey

Acacia ligulata,
Dodonea viscosa

Mallee eucalyptus

Mallee eucalyptus

Eucalyptus
melliodora

Crotalaria eremea,
Polycalymma sturtii,
Chenopodiaceae

Triodia scariosa.,
Chenopodiaceae

Calcarosols

Calcarosols/
Rudosols
0.1719
Bettongia lesueur
0.23
Bettongia penicillata
0.10

Main understorey
Soil type

0.1173

Re-introduced
mammals
(family and
species),
densities and
diet

Digging mammals

EVI
Potoroidae spp.
(ind. / ha) – Omnivorous/
Fungivorous
Macrotis lagotis (ind. / ha)
- Insectivorous
Myrmecobius fasciatus
(ind. / ha) – Insectivorous

Peramelidae spp. (ind. /
ha)

Muridae spp. (ind / ha)

Reserve
attributes

Dasyuridae spp. (ind / ha) –
Carnivorous/Insectivorous
predator
Macropodidae spp. (ind / ha) Herbivorous
Predator-proof area (ha)
First reintroductions (date)
Livestock grazing ended

Bettongia lesueur
1.09

0.2216
Bettongia lesueur
0.22
Bettongia penicillata
0.10

0.2828

Karakamia
-31.8230,
116.2430
877
0.803
22.6
Mediterranean
Jarrah forest
Eucalyptus
marginata
Corymbia
calophylla
Banksia sessilis,
Banksia grandis,
Xanthorrhea
preissii
Tenosols/
Chromosols
0.3314

Aepyprymnus
rufescens
0.71

Bettongia
penicillata
1.10

Westringia rigida, Olearia
muelleri, Cratystylis
conocephala,
Chenopodiaceae
Calcarosols

Acacia paradoxa
Sodosols/Tenosols

0.16

0.17

0.03

0.00

0.00

0.00

0.03

0.03

0.00

0.00
Isoodon obesulus
fusciventer*
1.00
Omnivorous/
Fungivorous

0.00

Perameles bougainville
0.20
Insectivorous

0.00

0.00

Isoodon obesulus
obesulus
0.71
Omnivorous/
Fungivorous
Perameles gunnii
2.38
Insectivorous

Leporillus conditor 0.05
Herbivorous

0.00

0.00

0.00

0.00

0.00

0.00

0.00

Onychogalea fraenata
0.29
8000
2005
1994

0.00

6000
1999
1998

1092
1992
1950s

Dasyurus viverrinus
NA
Dasyurus maculatus
NA
Petrogale penicillata
2.18
420
2002
2000

0.00
Macropus eugenii
NA
275
1994
1991
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1.1.4.3.

Logical flow of the thesis

Digging mammals can impact their habitat in two ways: via disturbance and predation. Both alter soil
invertebrate communities and soil functions (Fig. 1.1). Soil disturbance might influence soil microbial
communities by displacing soil and distributing resident bacteria. The magnitude of the impact on
bacterial communities might decrease with the increase of mean annual rainfall because habitat
productivity and complexity might compensate for the lack of digging mammals. Chapter II investigates
the bacterial community composition of the reintroduction (native digging mammals present) and
control (mammals absent) areas over the rainfall gradient to assess the impacts of digging mammals on
bacterial species and their functions.
Soil microbes and arthropods play important roles in nutrient cycling (Wall et al. 2008, Sinsabaugh et
al. 2009). Therefore, decomposition rates might vary in the presence of reintroduced mammals, which
bury organic material, distribute microbes and consume arthropods. Decomposition is expected to
increase in the reintroduction reserves because of the burial of organic material; and the formation of
nutrient-rich patches in resource-limited systems, which supports diverse decomposer communities.
However, the mammal impact might diminish in resource rich environments. At the same time,
insectivorous digging mammals (such as bilbies and numbats) could decrease or increase soil
decomposers via trophic cascades (Silvey et al. 2015, Coggan et al. 2016). Chapter III. examines two
aspects of nutrient cycling: plant litter decomposition by macro-invertebrates and by microbes and soil
organic matter. The two variables were compared between reintroduction and control areas across a
rainfall gradient.
Increased organic matter and water accumulation via digging activity are most likely to enhance nutrient
cycling, decomposer activities and therefore increase soil available nutrients (Sanderman and Amundson
2003). Microbial enzymes are responsible for transforming organic matter into available nutrients
(Leake and Read 1997) and these enzymes are indicators of the soil’s capacity to carry out processes of
decomposition (Burns 1982). Therefore, resource-rich environments and patches (e.g. foraging pits) will
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have greater enzymatic activity compared to resource-limited systems and bare microsites (Maestre et
al. 2012, Eldridge et al. 2016). Besides increasing organic material content, soil turnover by native
mammals might also distribute resources more evenly between microhabitat types in the reintroduction
areas, because there is limited disturbance in control areas, especially in arid systems. However, in
nutrient-rich systems, digging activity might not create significantly different patches from the
surrounding areas, therefore ecosystem engineers might become inconsequential in mesic systems.
Chapter IV. compares available nutrients and microbial enzyme activities with and without digging
activity. This chapter examines the distributions of the measured variables between three microhabitat
types (bare surface soil, subsurface soil and soil under vegetation) and compares them between
reintroduction and control areas. Chapter IV. also investigates the short-term impact of the loss of
ecosystem engineers within a reserve, i.e. by experimentally excluding native mammals from study plots
within a reserve and measuring the response of the habitat in a semi-arid system.
Results and findings of the research presented in this thesis are summarized in Chapter V., which also
discusses the implications of the results and explores future directions.
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Figure 1.1. Conceptual framework of native ecosystem engineers’ impacts. Yellow arrows indicate
impacts via soil-disturbance and dark blue arrows indicate impacts via trophic cascades. Grey arrows show
unmeasured variables which might affect multiple ecosystem functions and green arrows show the possible
contributors to ecosystem restoration. Plus and minus signs indicate whether the effect is positive or
negative and light blue triangles imply that the effect of mammals may be rainfall-dependent: greater
impact in arid (positive sign) environments. The response variables for each of my chapters are circled,
with the presence of digging mammals and rainfall as the predictor variables.
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Chapter II.
Reintroduction of threatened soil engineers influences soil
bacterial communities differently along a rainfall gradient
Orsi Decker, Eleonora Egidi, Anna Hopkins, Jen Wood, Heloise Gibb
Keywords: bacterial functions, digging mammals, rainfall gradient, soil bacterial communities

From left clockwise: OD taking a soil profile for the bacterial

community analysis; PCR products of soil bacterial DNA extractions
(photos: OD); and drawings of bacteria (shutterstock.com)
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2.1.

Abstract

Ecosystem engineers influence co-existing species indirectly, through their modification of habitat
conditions, so the loss of these species may have broad consequences for ecosystems. Digging mammals
alter soil microbial communities via soil turnover, habitat modification, pit formation and mycophagy.
However, impacts at larger scales are poorly understood. In Australia, where stable populations of
digging mammals now exist only in invasive predator-free reintroduction reserves, we asked: 1) do
reintroductions of native digging mammals affect soil microbial communities beyond the foraging pits;
and 2) do microbial communities respond differently to native mammal reintroductions in various
environments due to the context-dependency of the engineering effects, i.e. is the response greater in
systems with abiotic stress dominance (arid) than in systems with biotic stress dominance (mesic)? We
used high through-put sequencing analysis of bacterial environmental DNA to measure soil bacterial
species richness and community structure inside and outside mammal reintroduction areas at five
reserves along a rainfall gradient from 166 to 877 mm per year. Bacterial species richness was highest
in the most arid site and greater in reintroduction (native mammals present) than control areas (native
mammals absent or very low), but only in arid and semi-arid systems. Digging mammals altered bacterial
community composition at semi-arid sites. A wide array of beneficial bacterial taxa, including
Frankineae, Nitrospira or Haliangiaceae, were associated with the reintroduction areas, while more
stress-resistant taxa were represented in the control areas. Our results indicate that digging mammals
alter soil bacterial communities, which may lead to altered soil bacterial functions. Impacts were greatest
in semi-arid and arid systems, indicating that reintroducing native ecosystem engineers might have
different impacts on soil microbial communities depending on the environment.
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2.2.

Introduction

Ecosystem engineers regulate species community dynamics and resource availability by modifying their
surroundings (Jones et al. 1996). Decreases in populations of ecosystem engineers may lead to functional
decline when a species can no longer effectively perform its former role in an ecosystem (Boyer and Jetz
2014). Species loss can be followed by the disintegration of several biotic interactions, e.g. food webs
(Dunne et al. 2002) and mutualist relationships, such as pollination (Memmott et al. 2004, KaiserBunbury et al. 2010). The loss of ecosystem engineers might therefore be expected to have broad impacts
on species, species interactions and eventually on whole ecosystems (e.g. Davidson et al. 2012).
Despite their key roles as ecosystem engineers, many species of digging and burrowing vertebrates are
threatened globally (Davidson et al. 2012), with extinction rates in Australia particularly high (Woinarski
et al. 2015). Digging vertebrates displace large volumes of soil while foraging for bulbs, roots, fungi and
invertebrates (Calaby 1960, Robley et al. 2001, Garkaklis et al. 2004; Bice and Moseby 2008). Foraging
pits, which often persist for several months or even a year (Eldridge et al. 2015), capture fallen litter and
rain, creating fertile patches in the landscape (James and Eldridge 2007). Displaced soil from foraging
pits buries organic material, increasing its contact with soil-borne organisms and creating a resourcerich patch for decomposer organisms while buffering temperature extremes and increasing soil moisture
(Laundre 1993, Li and Zhang 2006, Valentine et al. 2018).
In addition to representing the majority of diversity on Earth (Whitman et al. 1998), soil microbes play
a critical role in soil health and fertility, enhancing nutrient availability and creating hospitable
conditions for plants and invertebrates (Wardle 2006, van der Heijden et al. 2008). Soil microbes
stabilize the microstructure of the soil (Ladd 1996) and initiate nutrient cycling by degrading
macromolecules (Swift et al. 1998, Hooper et al. 2000, Wolters et al. 2000). Bacterial species are
involved in a large variety of ecosystem functions, which substantially influence primary productivity,
including nutrient acquisition, carbon, nitrogen and phosphorus cycling (Chapin 1980, Cleveland et al.
1999, Sprent and Parsons 2000, Högberg et al. 2001). A shift in soil bacterial composition therefore
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could lead to drastic changes in soil function, available nutrients and eventually to a decline of primary
production (van der Heijden et al. 2008).
Ecosystem engineers have been touted as a potential panacea for the loss of ecosystem function across
landscapes (Byers et al. 2006). A predictive understanding is therefore needed to identify the effects of
ecosystem engineers and whether they differ among environments. However, our knowledge of the
effects of digging mammals is based largely on studies conducted on a microscale (on individual pits)
and within single landscapes (e.g. James et al. 2009, Whittington-Jones et al. 2011, Gharajehdaghipour
et al. 2016, Valentine et al. 2017, Clark et al. 2018), so the broad-scale impacts of digging mammals are
poorly understood (but see Clarke et al. 2015, Silvey et al. 2015, Coggan et al. 2016, Verdon et al. 2016,
Grossman et al. 2019 in press). Altered conditions at the scale of foraging pits might influence processes
at a larger scale when changes persist after the degradation of the pit. In this case, an overall higher soil
organic material and nutrient content in the presence of digging mammals should occur outside the
foraging pits. Through the dynamics of fresh foraging pits filling in and burying organic material and
water below ground, a mosaic of nutrient sinks (new foraging pits) and sources (old, filled in foraging
pits) is created. Digging mammals might therefore play an important role in maintaining the nutrient
dynamics for microbial species at larger scales and might enhance the dispersal of species via soil and
litter turnover (Claridge 2002).
Previous studies have shown shifts in microbial communities in response to native digging mammals in
Australia (Clarke et al. 2015, Eldridge et al. 2016, Dundas et al. 2018). However, we still do not know
the scale and the context-dependency of the impact. A better understanding of how the environment
interacts with ecosystem engineering is required if we are to predict the importance of ecosystem
engineers across varied landscapes. Ecosystems can be constrained by a range of variables, but
productive systems are characterised by biotic limitations, such as species competition, rather than
abiotic limitations. Water availability, temperature and other abiotic factors are more limiting for
microbes in nutrient poor, unproductive environments. Thus, systems with strong abiotic constrains
might respond to any biotic interaction which has an impact on the limiting variable. For example, soil
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disturbance is thought to be crucial for habitat creation and resource availability in resource-limited
environments, but negligible in complex, productive systems (Crain and Bertness 2005, 2006). Rainfall
is a major driver of soil microbial diversity and abundance globally (Manzoni et al. 2012, Maestre et al.
2015), so we also expect the impacts of digging and soil foraging activity on microbes to be greatest in
arid environments, where the soil matrix is low in carbon (Xu et al. 2013, Delgado-Baquerizo et al.
2016b).
In response to the high rates of mammal extinction in Australia, conservation programs have focussed
on reintroducing threatened fauna, including digging mammals into invasive predator-free reserves
(Short and Smith 1994), where a pre-European ecosystem can be modelled. Impacts on bacterial
communities have rarely been investigated compared with their fungal counterparts (Clarke et al. 2015,
Dundas et al. 2018, Tay et al. 2018), therefore this study is unique both in its focus on impacts on soil
bacterial communities and its broad-scale approach. We sampled soil bacterial species in five reserves
with reintroduced digging mammals and adjacent un-manipulated areas over a rainfall gradient of 166
mm and 877 mm pa. We used high-throughput sequencing methods to investigate soil bacterial species
composition. We asked: 1) do bacterial assemblages differ between areas with and without digging
mammals?; and 2) are the responses of bacterial communities moderated by the environmental context?
Because digging mammals improve soil function, we expected increased alpha-diversity and altered
assemblage composition in the reintroduction compared to control areas. We expected that differences
would be lowest in the mesic sites because higher productivity (rainfall) might compensate for the lack
of digging activity.

2.3.

Methods

2.5.

Study sites

We sampled soil bacterial communities in five predator–proof reintroduction areas in southern Australia
along a >3000 km transect (Fig. 2.1a): Arid Recovery (independent incorporated charity), Scotia
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(Australian Wildlife Conservancy - AWC), Yookamurra (AWC), Mt Rothwell Conservation and
Research Centre, (privately owned) and Karakamia (AWC) from driest to wettest (Fig. 2.1a). Foxes and
cats were removed prior to reserve establishment, and control of invasive animals at all reserves is
ongoing. The studied reserves differ in annual precipitation, vegetation, soil type, area, reintroduced
mammal species and densities and had different land use histories (see Chapter IV. Table 4.1).
We use the term ‘digging mammals’, because it reflects the studied activity accurately: we studied
mammals that forage for food by digging small pits, but do not necessarily live in underground burrows.
Foraging pits at sites included in this study were 7.5 cm deep depressions on average, but often as deep
as 35 cm (Decker, unpublished data), with a small mound of excavated soil besides it. Digging is a form
of soil-disturbance, however, we distinguish between surface disturbance (e.g. footprints and shallow
scrapings) and active foraging through soil layers. Native digging animals were largely locally extinct
from the reintroduction sites and surroundings, however, echidnas (Tachyglossus aculeatus) occur
throughout Australia at varying densities (Griffiths 2012) and quendas (Isoodon obesulus fusciventer)
persist outside the fence at Karakamia (Western Australia) in low densities (Valentine et al. 2013).
2.5.

Field sampling

Ten paired 20 m by 20 m plots were established inside (‘reintroduction’) and outside (‘control’) the
fence line of each reserve (Fig. 2.1b). Plots were selected to represent the dominant vegetation types in
each reserve (see Chapter IV., Table 4.1), with similar fire and grazing histories inside and outside the
fence. ANOVA tests showed that woody vegetation and ground cover inside and outside the fence were
similar in the paired plots (see Appendix of Chapter IV, Appendix 4.7.1, Table 4.7.1). Study plots were
located at least 50 m from any road and at least 60 m from the predator-proof fence and were separated
by a minimum of 60 m; however one site (Yookamurra) was an exception: 3 paired plots were only 10
m from the predator proof fence and therefore 20 m from one another and 5 m from roads. All sampling
was conducted in August and September 2016. From each study plot, we collected a total of 16
subsamples of un-vegetated, un-disturbed soil along two transects, situated 6 m from the edges of the

38

plot. Two times two sampling points were situated 4 m from each other along each transect (± 1 m on
either side of the transect) and from each point we took four subsamples separated by 1 m from each
other (Fig. 2.1c). The subsamples were then pooled for each study plot at each site. After collection, the
samples were immediately frozen and kept at -20 °C until further analysis. To minimize costs for further
DNA work, we chose six replicates from spatially equally distributed plots at each site to represent our
two treatments (reintroduction and control). In total, we analysed 60 soil samples (representing 960
pooled subsamples) for this study.
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Figure 2.1. a) Study sites along the rainfall gradient from the most arid to the most mesic (1-5).

Photos show the dominant vegetation structures: desert shrub land (1), mallee woodland (2, 3),
opened temperate woodland (4) and Mediterranean eucalyptus forest (5). Our study plots (b) were
situated on the edges of the reintroduction reserves and nearby the predator-proof fence in the control
area. We took 16 subsamples from each study plot (c): sampling points were 4 m from each other

along the transects and within each sampling point, we took 4 soil subsamples
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2.5.

Molecular analysis

Environmental DNA was extracted from 0.25 g mixed soil sample using the PowerSoil DNA Isolation
Kit (MoBio Laboratories, Carlsbad, California, USA) following the protocol specified by the
manufacturer. Extraction controls were undertaken to test the reagents and any contaminations during
the extraction procedure with a Qubit fluorometer (Thermo-Fischer Invitrogen, Carlsbad, CA, USA).
The 16S region of the bacterial ribosome RNA (rRNA) encoding genes were amplified using a fusion
tagged forward primer 515F (GTGCCAGCMGCCGCGGTAA) and a reverse primer 806R
(GGACTACGCGGGTATCTAAT). The 515F forward primer contained a 13 base pair tag specific to
each sample. PCR amplifications of each replicate occurred in 25 μl reactions following the protocol of
Barry et al. (2017) using a Step-ONE qPCR thermocycler (ABI, USA). The PCR cycle reactions were
run under the following conditions: initial denaturation at 95 °C for 5 mins, then 40 cycles of
denaturation at 95 °C for 30 sec, annealing temperature at 50 °C for 30 sec and 72 °C for 45 sec and
final extension of 10 min at 72 °C followed by a plate read and melting curve reads 60 °C and 95 °C in
0.5 increments. Two replicate PCRs were completed per sample and these were combined following
amplification. Tagged amplicons were purified using the Agencourt™ AMPure™ (Beckman Coulter
Genomics, MA, USA) XP Bead PCR Purification kit following the manufacturer’s instructions. Size
and concentration of amplicons were estimated by checking real-time PCR results using QuantStudio
Real-Time PCR software (Applied Biosystems). Amplicons were mixed in equimolar concentrations to
produce one DNA library of all extracts for further sequencing. The library was purified as described
above and quantified alongside a set of standard synthetic oligonucleotides of known molarity. The
library was then subjected to sequencing on an Illumina’s MiSeq® (300 cycle, version 2 reagent kit and
Nano flow cell), following manufacturers protocols at the TrEnD Lab, Curtin University.
2.5.

Bioinformatics

The sequencing output files were retrieved, filtered, and processed for quality using Geneious (v6.1)28.
Reads were deemed to have passed filter when they had exact matches for primers and MID tag
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sequences at both amplicon ends. Demultipexed, fastq files were re-barcoded, joined and quality-filtered
using UPARSE OTU clustering pipeline (Edgar 2013). Reads were quality filtered by discarding reads
with total expected errors > 1.0 and lengths < 200 bp. Operational taxonomic units (OTUs) were
clustered with a 97% similarity cutoff using UPARSE clustering algorithm (USEARCH version 9.2.64,
http://drive5.com/uparse/). A minimum of two reads was required to define a new OTU. Taxonomic
assignments were performed using the USEARCH UTAX algorithm. Reference databases were created
using

the

‘RDP_trainset_15’

dataset,

available

from

the

UTAX

downloads

page

(http://drive5.com/usearch/manual/utax_downloads.html). The most abundant genotype for each cluster
was used to represent each operational taxonomic units (OTUs). Representative cluster sequences
(OTUs) were identified by searching against the SILVA database (Pruesse et al. 2007) using the
uSEARCH software. The minimum percentage identity required for an OTU to consider a database
match a hit was 90% and OTUs identified as chloroplasts and mitochondrial DNA were removed from
the data.
2.5.

Statistical analysis

All analysis was performed in R 3.5.1 programming language (R Core Team 2008) using packages
‘phyloseq’ (McMurdie and Holmes 2013), ‘vegan’ (Oksanen et al. 201) and ‘mvabund’ (Wang et al.
2012). Graphs were made using the ‘ggplot2’ package (Wickham 2009). OTU data was normalised by
resampling without replacement to a depth of 2000 reads per sample to ensure the equivalent number of
sequences and to create a dataset with comparable OTUs in each sample across sites. Global singletons
and doubletons were removed. The rarefied and pruned dataset was used for all further analysis.
Richness, Shannon and Evenness (Inversed Simpson diversity) were calculated using the
estimate_richness function in ‘phyloseq’ using OTU counts. Richness, Shannon diversity and Evenness
were checked for normal distribution using Shapiro test and for homogeneity of variance using Levene’s
test, but no transformations were needed. Alpha diversity measures were then assessed using linear
mixed models from the lme4 package (Bates 2015). Observed richness (count data) was modelled with
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a generalised linear mixed model with a Poisson distribution. Shannon diversity and Evenness was
modelled with linear mixed models. Digging mammal presence/absence and rainfall as a co-variate were
included in the models as fixed terms. Rainfall was included with a logarithmical transformation to
linearize the spread of the rainfall gradient and a polynomial term to optimise the fit to the data points.
We defined paired plots within sanctuaries as random effects to account for the nested design of the
study.
To assess bacterial compositional differences in the soil between reintroduction and control areas along
the rainfall gradient, we used a non-metric dimensional scaling (NMDS) based on Jaccard dissimilarity
to visualize the community differences. We then used the ‘mvabund’ package (Wang et al. 2012) to
assess the community composition of the reintroduction and control areas along the rainfall gradient.
This is a model-based approach which fits simultaneous generalized linear models to each taxon to make
community-level comparisons about the model predictors, based on resampling. The method avoids
confounding location and dispersion effects, which are reported to occur in distance-based approaches
(Warton et al. 2012). First, we tested the community composition of individual OTUs after removing
observations fewer than 5 in the data set. Assemblage (a rarefied sample-by-OTU table) was used as the
response variable and the presence of digging mammals (‘treatment’) as fixed variable, with rainfall (as
a factor) as co-variate in the model. We used the manyglm function with a negative binomial probability
distribution to build our model. Model predictor significances were calculated with the anova function,
where p values were assigned following 999 residual permutation resampling iterations to account for
correlation in testing using likelihood ratio statistics. The anova function allowed for both a multivariate
test for the whole community and univariate tests for individual OTUs. Upon detecting a treatment:site
interaction, we further tested our study sites separately to identify which site might be associated with
significantly different bacterial community composition. As a post-hoc test, each site was analysed again
using manyglm including the OTU matrix as response and mammal treatment as fixed variables. Then,
the univariate statistics were extracted from the model output. This was done to better understand which
bacterial species contributed to community differences. To determine which taxa contributed the most

43

to the community composition patterns, we assessed the test statistics, referred to as ‘sum-of-LR statistic’
derived from the separate GLM fits (Royall 2017), which tests if the mean vector of counts are the same
for each group (McCain et al. 2016). When a specific taxon model contributes substantially to the sumof-LR, the contribution to the likelihood will be high (Warton et al. 2012). Using these univariate values,
we selected genera which had a p-value less than 0.05 using a Bonferroni adjustment (Dunn 1958).

2.4.

Results

In total, our analysis identified 5269 OTUs, with 108 OTUs (~2%) contributing to 50% of the total
abundance. Our pruned and rarefied data set included 4294 OTUs, and 191 (~4%) taxa contributed to
50% of resampled total abundance. OTUs from 15 phyla were higher than 10% in relative abundance
across all sites and the most abundant phyla in our resampled data set were Actinobacteria (62%),
Alphaproteobacteria (23%) and Acidobacteria (5%,).
2.4.1. Richness
An interaction between treatment and rainfall was detected when analysing species richness (Table
2.1). Number of divergent OTUs was higher at four sites in the reintroduction area (Fig. 2.2a) and
species richness was greatest at the most arid site (Fig. 2.2b). Shannon diversity and evenness were not
affected by the mammal treatment (Table 2.1).
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Table 2.1. Estimates (Est.), standard error (+_SE), F statistics (stat) and p-values (P) from generalized
linear mixed models testing the effects of digging mammals, rainfall and their interaction on alphadiversity measures.
Fixed
variables
Mammals
Site (rainfall)
Mammal:Site
(rainfall)

a)

Est.
0.01
0.52

Richness
Shannon-Wiener diversity
SE Stat.
P
Est.
SE Stat.
P
0.0 0.9
0.431
0.09 0.08 1.2 0.917
0.1 5.1 <0.001 <0.01 <0.01 -0.4 0.232

-0.24

0.1

-2.8

0.005

<0.01 <0.01

-1.6

Est.
1.73
19.8

0.100 -41.81

Evenness
SE Stat.
7.2
0.2
40.3 0.5

P
0.824
0.009

55.6

0.484

-0.7

b)

Figure 2.2. a) Numbers of OTUs in reintroduction and control plots and shared between
reintroduction and control plots at each site and (b) species richness of bacterial OTUs at our 5 sites
along the rainfall gradient, showing the modelled relationship (± 95% CI) and raw observed richness
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2.4.2. Communities
The manyglm analysis revealed an interaction between mammal treatment and annual average rainfall.
Whereas rainfall was driving the community differences, digging mammal activity alone did not have
an impact on bacterial communities on a landscape scale. Post-hoc tests showed that communities
differed between reintroduction and control areas at the two semi-arid sites (Table 2.2). The community
differences were visualized by a NMDS plot using a Jaccard dissimilarity matrix (Fig.2. 3).

*

*

Figure 2.3. NMDS plot of bacterial species communities using Jaccard-dissimilarity distance matrix
at the study sites in the reintroduction and control areas. Asterisks indicate significant differences
between treatments
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Eight taxa at Scotia and twelve taxa at Yookamurra differed significantly between the reintroduction and
control areas (see Appendix Table 2.6.1). At Yookamurra, the taxa Frankineae (Actinobacteria),
Micromonosporineae

(Actinobacteria),

Novosphingobium

(Alphaproteobacteria),

Microvirga

(Alphaproteobacteria), Zavarzinella (Planctomycetes), Caulobacter (Proteobacteria), Geminicoccus
(Alphaproteobacteria) and Truepera (Deinococcus-Thermus) were more abundant in the reintroduction
area in the order of their contribution to community differences; and the taxa Solirubrobacteraceae
(Actinobacteria), Acidobacterial suborder Gp VI and Nitrososphaera (Archaebacteria) were more
common in the control areas in their contribution order (Fig. 2.4). In Scotia, the taxa Propionibacterineae
(Actinobacteria), Pseudonocardineae (Actinobacteria), Gaiellaceae (Actinobacteria), Nitrospira
(Nitrospirae), Pseudolabrys (Alphaproteobacteria), Haliangiaceae (Deltaproteobacteria) and a
Cyanobacterial subgroup Gp XIII were more common in the reintroduction area in the order of their
contribution to community differences; and only the genus Acidimicrobineae (Actinobacteria) was more
common in the control area in order of their contribution (Fig. 2.4).
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Table 2.2. Manyglm analysis testing for differences in community composition between
reintroduction and control areas at sites along the rainfall gradient. Post-hoc analysis was done on
each site’s bacterial community in order to identify the nature of the mammal:site interaction
Parameter
Mammal
Site (rainfall)
Mammal:Site (rainfall)

Residual DF
57
53
49

DF
1
4
4

Deviance
4299
113524
11605

P - value
0.677
0.001
0.001

Post – hoc mammal impact
Arid Recovery
Scotia
Yookamurra
Mt Rothwell
Karakamia

Residual DF
10
10
10
10
10

DF
1
1
1
1
1

Wald χ
28.1
29.59
31.00
26.06
28.08

P - value
0.516
0.065
0.003
0.423
0.201
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Figure 2.4. Significantly different taxa in the reintroduction and control areas derived from
manyglm univariate models at Scotia and Yookamurra. The taxa are presented in order of their
contribution to the community differences from top to the bottom (y axes) and the direction of the
change is indicated on the x axes, derived from raw abundance counts. When log(abundance) is
below zero, the bacterial taxon was more common in the control area and if it is above zero, the
taxon was more abundant in the reintroduction area
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2.5. Discussion
Although our knowledge of the impacts of digging mammals on ecosystems is growing, only a few
studies have examined the impacts of these species at large scales or considered the role of the
environment (but see Anderson et al. 2009, Clarke et al. 2015, Coggan et al. 2016, Dundas et al. 2018,
Decker et al. 2019 in review). We investigated broad-scale effects of digging mammals on soil bacteria
communities, sampling from soils that had not been recently disturbed. We showed that reintroduction
of native ecosystem engineers was associated with bacterial community shifts at a landscape scale. Nfixing, symbiotic and antibiotic producer bacterial taxa were more common in the reintroduction areas.
Bacterial response was most pronounced in water-limited environments, suggesting substantial
alterations in ecosystem services following the reintroduction of native ecosystem engineers.
2.5.1. Alpha- diversity
Aridity was associated with increasing bacterial species richness, which contradicts global trends
(Maestre et al. 2015), however while microbial biomass is driven by water availability, richness might
not be (Warren-Rhodes et al. 2006, Bachar et al. 2010). Moreover, richness in arid areas was greater in
the presence of digging mammals. Crust-forming mosses, lichens and cyanobacteria might explain our
findings, because they affect soil hydrology, while increasing microbial species richness (Maestre et al.
2002, Chamizo et al. 2016), but the impact is limited to arid systems (Delgado-Baquerizo et al. 2016a).
Bacterial richness was further elevated in the reintroduction areas, which might be caused by intense
digging activity. A more diverse community might be supported by native mammals in resource-limited
ecosystems, despite the constant turnover of surface crusts. Some surface crusts might be distributed by
soil foraging, such as cyanobacterial crust forming organisms, which are highly mobile (West 1990). A
recent study by Grossman et al. (2019 in press) showed that digging activity by native mammals did not
decrease soil crust cover, therefore, they might benefit from other impacts of the mammals, such as
increased soil moisture and resource distribution (Valentine et al. 2018, Decker et al. 2019 in review).
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2.5.2. Community composition
The impact of native ecosystem engineers on soil bacterial community was detected at semi-arid sites.
Digging mammals form substantially different biological structures from the surrounding resourcelimited matrix in arid areas (James et al. 2009), which might explain the results. However, we did not
find a difference in bacterial composition at our driest site, which might be a result of the high species
richness and heterogeneous bacterial community. This finding contrasts with a study by Clarke et al.
(2015) that showed that soil fungal communities differed between sites with and without reintroduced
mammals in the same location (Arid Recovery). However, our finding, combined with those of Clarke
et al. (2015), suggest an increased microbial response to digging mammal reintroductions in arid
environments.
We identified a functionally and phylogenetically diverse array of bacteria. Several taxa were more
abundant in reintroduction sites, including those important in nitrogen cycling (e.g., the nitrogen fixer
Frankineae, Microvirga and Cyanobacterial subgroup XIII and the nitrite oxidizing Nitrospira) and
linked with antimicrobial activities (e.g Micromonosporineae and Haliangiaceae). The taxa Frankineae,
which contributed the most to community differences, includes bacteria that live in a symbiotic
relationship with non-legume plants (Santi et al. 2013), while Microvirga harbours legume-symbiont
lineages (Msaddak et al. 2017). The genus Nitrospira is important in the nitrification process (Daims et
al. 2015, Daims and Wagner 2018), while Cyanobacteria are known for fixing atmospheric nitrogen.
Cyanobacteria XIII may belong to the soil crust biota, so the greater abundance in reintroduction sites is
surprising, because soil disturbance damages soil crust (Belnap et al. 1994). However, cyanobacteria are
more resistant to disturbance than other crusts (Harper and Marble 1988, West 1990), therefore, soil
foraging by native mammals might distribute these slow-growing organisms over the landscape without
harming the colonies. This contrasts with the negative effects of trampling or mechanical disturbance by
introduced ungulates (Belnap and Eldridge 2003), which results in a nitrogen cycling deficiency (Belnap
2002). Micromonosporineae is a genus producing antimicrobial compounds and also including
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predatory lineages (Garcia and Müller 2014); while Haliangiaceae lineages produce antibiotics against
fungal pathogens, such as Phytophora sp. (Kundim et al. 2003), a serious phytopathogen in Australia
(Cahill et al. 2008).
Bacterial taxa, which were more common in control areas included the ammonia-oxidizing archaen
Nitrososphaera, organotrophs such as Solirubrobacteriaceae (Albuquerque and da Costa 2014) and
Pseudonocardineae (Yeager et al. 2017) and salt tolerant bacteria, such as Acidomicrobinae and
Acidobacterial subgroup Gp VI. The ammonia-oxidizing archaeal group Nitrososphaera (Daims and
Wagner 2018) is important in soil nitrification, but it also contributes to soil denitrification (You et al.
2009) and can increase the emission of N2O, a common greenhouse gas (Li et al. 2011, Tourna et al.
2011). Acidimicrobinae was described as an iron-oxidizing acidophilic bacterial group (Ruan 2013),
which might indicate soil chemical shifts in control areas. This idea is further supported by the greater
abundance of Acidobacterial subgroup Gp VI in the control areas, because the group is associated with
higher soil salinity and pasture soils (Navarrete et al. 2013, Navarrete et al. 2015). Our results suggest
that in the absence of digging mammals, salt-tolerant bacteria were more abundant. Soil disturbance by
animals mostly has neutral effects on soil salinity (Whitesides and Butler 2016) with some evidence of
decreased salinity in the presence of burrowing animals (Smith et al. 2009). A recent study by Grossman
et al. (2019 in press) detected more acidic pH outside reintroduction areas at our semi-arid study site
(Scotia). Cattle grazing can also increase soil salinity (Chaneton and Lavado 1996, Di Bella et al. 2014),
and although grazing was ceased in both control and reintroduction areas, reintroduced ecosystem
engineers did not enhance soil restoration outside the predator-proof areas. As a result, soil salinity might
be still increased without native mammals as a remaining effect of historic grazing. Our findings indicate
that digging mammals might decrease soil salinity, perhaps through enhancing soil water flow (Smith et
al. 2009) and aid soil restoration. Future studies are needed to investigate the relationship between native
ecosystem engineers, soil salinity and specific functions of bacterial communities (Tringe et al. 2005).
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2.5.3.

Conclusions

We showed that Australian digging mammals have a broad-scale impact on co-existing soil bacterial
species, but this impact was rainfall-dependent. We identified a wide range of beneficial bacterial taxa,
which were strongly associated with the mammal reintroduction areas. The increased abundance of
bacteria, linked to fixing atmospheric nitrogen and produce antibiotics, indicate that soil health is likely
to be increased indirectly by digging mammals. These results and those of our previous study (Decker
et al. 2019 in review) indicate that soil functionality might have shifted since native digging mammals
disappeared from much of mainland Australia. As species loss accelerates (Barnosky et al. 2011b,
Ceballos et al. 2015), it is increasingly necessary to understand the consequences of the loss of diverse
ecological interactions (Coggan et al. 2018). The reintroduction of native ecosystem engineers will
substantially aid ecosystem restoration via re-establishing species interactions and biological processes.
However, specific impacts might be more pronounced in resource-limited systems, reinforcing the need
to understand the context-dependency of species functions.
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2.6.

Appendix

Table 2.6.1. List of the species and the number of OTUs contributed to the community differences between reintroduction and control areas. Univariate test
statistics, coefficients (showing the direction of bacterial shift) and corrected P-values were derived from the manyglm analysis. The analysis was done on two
sites: Scotia and Yookamurra, where bacterial communities were significantly different

Yookamurra

Scotia

Site

Order

Family

Genus

Function

Statistics

Coefficient

P-value

Actinobacteridae

Actinomycetales

Propionibacterineae

unknown

3.40

2.27

0.01

Actinobacteridae

Actinomycetales

Pseudonocardineae

Organotroph

2.83

1.73

0.05

Actinobacteridae

Acidimicrobiales

Acidimicrobineae

Oxidising

2.08

-2.20

0.01

Rubrobacteridae

Gaiellales

Gaiellaceae

unknown

1.47

1.61

0.01

Nitrospirales

Nitrospiraceae

Nitrospira

N-cycle

1.47

1.61

0.01

Rhizobiales

Xanthobacteraceae

Pseudolabrys

unknown

0.91

1.10

0.04

Myxococcales

Nannocystineae

Haliangiaceae

Antimicrobial

0.03

14.12

0.01

Cyanobacterial suborder

Family XIII

Gp XIII

N-cycle

0.03

14.12

0.01

Actinobacteridae

Actinomycetales

Frankineae

N-cycle

3.95

1.61

0.02

Actinobacteridae

Actinomycetales

Micromonosporineae

Antimicrobial

3.47

0.62

0.04

Sphingomonadales

Sphingomonadaceae

Novosphingobium

Antimicrobial

3.32

1.79

0.02

Rhizobiales

Methylobacteriaceae

Microvirga

N-cycle

3.23

1.13

0.03

Planctomycetales

Planctomycetaceae

Zavarzinella

unknown

3.11

1.11

0.02

Actinobacteridae

Actinomycetales

Micrococcineae

unknown

3.01

1.10

0.03

Rubrobacteridae

Solirubrobacterales

Solirubrobacteriaceae

Organotroph

2.83

-0.69

0.02

Acidobacterial suborer

Gp VI

Gp VI

unknown

2.63

-1.18

0.01

Nitrososphaeraceae

Nitrososphaera

unknown

N-cycle

2.62

-1.28

0.01

Caulobacterales

Caulobacteraceae

Caulobacter

unknown

2.44

2.56

0.04

Alphaproteobacteria

Geminicoccus

unknown

unknown

2.19

2.30

0.04

Deinococcales

Trueperaceae

Truepera

unknown

0.95

1.10

0.01
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From left, clockwise: A transect along a study plot used to measure ground cover

vegetation structure; a litter bag collected after 12 months with substantial soil
infiltrated into it; and a half-buried litterbag under excavated soil from a foraging
pit (on the right of the orange mesh) dug by a native mammal. Photos: OD
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3.1.

Abstract

1) Species loss is often associated with a decline in ecosystem functions. Globally, digging
mammals (or ecosystem engineers) are functionally important, altering soil processes
at local scales. However, their effects on the process of decomposition are poorly
understood, particularly at larger scales, where the environment may moderate the
magnitude of effects.
2) We tested the landscape-scale effects of reintroducing ecologically extinct digging
mammals on two aspects of nutrient cycling over a large environmental gradient in
Australia, where many digging mammals became extinct or ecologically extinct
following the arrival of Europeans.
3) We measured the impacts of digging mammals on soil organic matter content and plant
litter decomposition over a 3000 km transect, where mean annual rainfall varied
between 166 and 877 mm. We set up paired study plots (n = 8-10) inside and outside
five reintroduction reserves. We took soil samples to assess soil organic matter content
and set up litter bags to measure plant litter decomposition over 4 and 12 months. We
used macro-invertebrate exclusion and control treatments to determine the relative
importance of macroinvertebrates in decomposition with and without digging
mammals.
4) Soil organic matter was greater in re-introduction areas, but the magnitude of the effect
was driven by productivity (m rainfall as a proxy), with little effect of digging activity
at the wettest sites. Short-term plant matter decomposition was greater in the presence
of digging mammals, and their effect was dependant on the rainfall amount received
during the study period. Long-term litter decomposition increased with annual rainfall,
independent of digging mammals. Unexpectedly, macroinvertebrate exclusion
increased decomposition rates over 12 months.
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5) Reintroduction of digging mammals substantially alters soil processes and organic
matter decomposition, but impacts are rainfall-dependent. Restoring native digging
mammals to their historical distribution is likely to reverse degradation of ecosystem
processes, but the magnitude of this effect depends on the environment.
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3.2.

Introduction

Globally, species diversity has declined rapidly due to human activities, leading to a loss of
ecosystem functions (Estes et al. 2011, Colwell et al. 2012). The best-known examples of
species extinctions followed by declines in ecosystem functions involve top predators (e.g.
Schmitz 2008) and ecosystem engineers (e.g. Davidson et al. 2012). While the loss of top
predators affects ecosystem functions through trophic cascades, the decline of ecosystem
engineer species substantially alters the physical state of the habitat, thus affecting ecosystem
functions through indirect effects on other species (Byers et al. 2006, Silvey et al. 2015).
Digging ecosystem engineers can affect a plethora of ecosystem services (Davidson et al. 2012)
through physical disturbance of the habitat (Jones et al. 1996). Consequently, re-establishing
ecosystem engineering might be the first vital step towards complex ecosystem restoration
through reinstating the abiotic conditions of a degraded habitat (Byers et al. 2006).
The effects of ecosystem engineers vary, depending on a range of biotic and abiotic factors
(Cardinale et al. 2000), but these relationships are rarely studied. Ecosystem engineering are
thought to be more beneficial when abiotic stressors increase (Crain and Bertness, 2006).
Abiotic stressors, such as water limitation in arid systems dictate productivity; therefore,
disturbances which affect water availability (such as digging activity) will play a substantial
role in the system. Whereas in mesic systems, abiotic factors are not constraining productivity,
but biotic interactions, such as species interactions and competition plays substantial roles in
the ecosystem (Schemske et al., 2009). In resource-limited habitats, an ecosystem engineer will
have a substantial impact when it modifies the constraining variable, such as water availability
or microclimate. Therefore, ecosystem engineers are expected to have their largest effects on
other species in resource-limited systems. For example, ecosystem engineers may create
hospitable conditions for co-existing species by modifying the structure of a habitat, but this
may only be of benefit in habitats with low structural complexity (Crain and Bertness 2006).
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Because we do not understand how species loss interacts with the environment to affect
ecosystem functioning, we lack a holistic understanding of the role of ecosystem engineers.
Ecosystem engineers include digging and burrowing animals, which may affect organic matter
decomposition directly or indirectly, and because decomposition is a crucial step in nutrient
cycling (Swift et al. 1979, Couˆteaux et al. 1995), it is important to understand and conserve
the function of these species. Previous studies have shown that decomposition processes can
alter following the loss of ecosystem engineers (Steinberger 1983, Coggan et al. 2016),
however, since organic matter breakdown is a complex and relatively slow process, changes
might not be apparent for long periods in natural systems (Beare et al. 1995). The first steps of
nutrient cycling are driven by solar exposure (Austin et al. 2009) and soil dynamics (Six et al.
2004, Hättenschwiler et al. 2005). Exposure of plant litter to solar radiation accelerates
microbial decomposition (Austin et al. 2016), therefore UV radiation is particularly important
in arid ecosystems, although surface litter may be buried by wind (Steinberger 1983) or fauna
(Wolters et al. 2000, Coulis et al. 2013). Burial of litter efficiently returns nutrients to soil
nutrient pools because it increases access to soil decomposer organisms, such as invertebrates,
bacteria and fungi by increasing contact between decomposers and litter (Moorhead and
Reynolds 1991, Throop and Archer 2007).
Vertebrates, including digging mammals play an important role in nutrient cycling globally
(Canals et al. 2003, Davidson and Lightfoot 2008), particularly in arid environments (Whitford
2002). Although, their role in organic matter decomposition has seldom been measured (but
see Coggan et al. 2016, Travers and Eldridge 2016), digging mammals contribute to important
ecosystem services by altering soil conditions while foraging (Whitford and Kay 1999). Pits
and foraging pits created by mammals accumulate organic matter, seeds and water, creating
resource-rich pools for soil invertebrates (e.g. Boeken et al. 1995). Over time, foraging pits
degrade and fill in, capturing the accumulated organic material below ground, available for
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decomposers, and transform into important soil nutrient-enriched hotspots. The network of
newly dug and filling in foraging pits accumulating litter can create a mosaic of organic
material sinks (new pits) and nutrient sources (old, filled in pits) over the whole landscape. The
increased soil turnover might be beneficial to microbial communities and activity and the
activity of soil invertebrates in foraging pits (Grossman et al. 2019 in press) could extend to
the adjacent soil matrix, which may enhance decomposition rates (Whitford 2002) and return
carbon and nitrogen to soil nutrient cycles (James and Eldridge 2007) on a landscape scale.
However, some digging mammals also affect invertebrate communities through predation
(Gibb 2012, Silvey et al. 2015) and may therefore also decrease macroinvertebrate-driven
decomposition (Coggan et al. 2016). This might have cascading effects for, microinvertebrate
detritivores, which are often prey of macroinvertebrates. Other fauna guild, such as herbivorous
mammals and herbivorous digging mammals might also drive the plant litter input and nutrient
allocation by selectively grazing plants (Pastor et al., 1988, Ford and Grace, 1998). As a result,
decomposition processes might be affected by herbivores via limiting plant litter to decomposer
organisms, however assessing herbivore impacts on decomposition was not in the scope of our
study. As a consequence of habitat degradation and predator invasions following European
colonisation, Australia has lost six digging mammal species and most of those that remain are
ecologically extinct from large swathes of mainland Australia (Johnson and Isaac 2009).
Previous studies suggest that Australia’s digging mammals played significant roles in seed
dispersal (Murphy et al. 2005), resource distribution (Eldridge and James 2009), altering soil
properties (Eldridge and Mensinga 2007, James and Eldridge 2007) and structuring food webs
(Silvey et al. 2015). The unusual morphology of foraging pits of native digging mammals,
means that their digging role is not filled by any introduced mammals (Read et al. 2008, James
et al. 2011). Populations of digging mammals are now largely restricted to invasive predatorfree areas, many of which are fenced and broadly scattered across the continent, from deserts
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to temperate woodlands (Janzen 2001, Saterberg et al. 2013) mainly in southern-Australia
(Dickman 2012). Mammal populations in fenced reserves are mostly established by staged
reintroduction of threatened or ecologically extinct species (Short et al. 1992).
We used fenced reintroduction reserves along a rainfall gradient of 166 to 877 mm per year to
compare soil organic matter content between reintroduction and paired control areas. We
sampled from undisturbed micro-sites (i.e. avoiding mammal foraging pits) to assess the broad
scale impact of digging mammals, rather than the direct effect of their foraging pits. Further,
to investigate how decomposition progresses with and without native digging mammal activity,
we measured plant litter decomposition rates in reintroduction and control areas. We predicted
that soil organic matter and litter decomposition rates would be higher in the presence of
digging mammals (within reintroduction areas) than in paired control areas (Fig. 3.1). We
hypothesized that digging mammals would affect invertebrate-driven decomposition through
predation. We set up a control and a macro-invertebrate exclusion litter bag treatment to test if
macro-invertebrates contribute more to decomposition in the absence of insectivorous
mammals. Finally, we predicted that the importance of ecosystem engineers would increase as
mean annual rainfall declined.
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Figure 3.1. Diagram showing our predictions of how digging mammal activity might affect soil
organic matter content and decomposition rates. Dark blue arrows indicate trophic effects
followed by indirect effects on decomposition and soil organic matter. Yellow arrows indicate
indirect impacts on soil processes via the foraging activity of the digging mammals and their
cascading impacts on decomposition and soil organic matter. Rectangles represent the litter bag
experiment where we expected higher decomposition rates in the macro-invertebrate exclusion
litter bag treatments and lower decomposition rates in the control litter bag treatments inside
reserves due to insectivorous mammal predation. ‘Plus’ symbols show positive effects and
‘minus’ symbols show negative effects while the green triangles indicate the hypothesized
rainfall effect on soil organic matter content and decomposition rates: effects might become
more pronounced with low rainfall. Measured variables are in circles and the grey arrows show
unmeasured variables, which may affect nutrient cycles
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3.3.

Methods

3.3.1. Study sites
We studied soil processes in five reintroduction reserves and adjacent control areas in southern
Australia (Fig. 3.2a): Arid Recovery, Scotia, Yookamurra, Mt Rothwell and Karakamia. Mean
annual rainfall varies from 166 mm at Arid Recovery to 877 mm at Karakamia. Along this
gradient, the vegetation varies from Acacia shrub lands to eucalypt forest (see Chapter IV,
Table 4.1). Reserves differ in soil type, area, identity and density of reintroduced mammal
species and have different land use histories. Invasive predators, cats (Felis catus) and foxes
(Vulpes vulpes), were eliminated from the reserves prior to native mammal reintroductions and
predator control in the buffer zones around the reserves is ongoing. Rabbits (Oryctolagus
cuniculus) were eliminated from reserves prior to the reintroduction, but some reserves have
been reinvaded, so rabbit control is ongoing.
Previously extinct or threatened native digging mammal species were reintroduced to the
studied reserves between 1992 and 2005 (Chapter IV, Table 4.1). We use the term ‘digging
mammals’, because it reflects the studied activity accurately, however the average digging
depth was 7.5 cm across sites, with the deepest pits being 35 cm (Decker, unpublished data).
The digging is a form of soil-disturbing activity, however, we would like to distinguish between
surface disturbance (e.g. footprints and small rabbit-like scrapings) and active foraging and
digging through soil layers.
Ten paired plots of 20 m by 20 m were set up inside (‘reintroduction’) and outside (‘control’)
the fence line of each reserve at our five study sites (Fig. 3.2b). Plots were at least 50 m from
any road, 60m from one another and at least 60 m from the predator-proof fence on both sides.
However, three plots at Yookamurra were only 10 m from the predator proof fence, 5 m from
roads and 20 m from each other. Plot pairs represented the dominant vegetation types in each
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reserve and had the same fire and grazing histories (Chapter IV, Table 4.1). We selected 10
paired plots at the 3 larger sites and 8 paired plots at the 2 smaller sites. Woody vegetation
structure of paired plots was similar between reintroduction and control areas when tested with
analysis of variance tests (Chapter IV. Appendix 4.7.1, Table 4.7.1).
3.3.2. Soil organic matter content
Fine soil organic matter was measured as an indicator of long-term decomposition and soil
quality (Franzluebbers 2002). This measurement was taken only once as soil organic matter
tends to change slowly and without large seasonal variation (Undersander and Reiger 1985,
Powlson et al. 1987). In each plot, six topsoil subsamples (~ 0-5 cm) were collected from the
inter-canopy, non-vegetated, bare ground without substantial leaf litter cover. Subsamples were
collected along east-west transects, 6 m from the northern and southern fence line at four metre
intervals (Fig. 3.2c). Subsamples were air-dried immediately after collection in a dry room for
at least 5 days, sieved through a 2-mm sieve and then subsamples from the same plots were
mixed. We collected 92 soil samples in total, 46 from each side of the predator-proof fence.
Samples were combusted at 550 °C for four hours in a muffle furnace and the mass loss via
burning was estimated as fine soil organic matter (hereafter ‘SOM’).
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Figure 3.2. a) Study sites over the rainfall gradient and (b) paired plots inside and outside the
reserves. Plot pairs include a plot inside the reintroduction area and a plot outside the predator-

proof fence. Litter bags were placed in the study plots (c) with macro-invertebrate access
(control treatment) and macro-invertebrate exclusion treatment (exclusion treatment) in a
random order and six soil samples were taken from each study plot
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3.3.3.

Litter bag study

The effects of digging mammals and invertebrates on decomposition rates across the rainfall
gradient were tested using litter bags containing 4 g senescent Austrostipa scabra. We selected
A. scabra because it is widespread in Australia, allowing us to test the decomposition of the
same native plant at each site over the rainfall gradient. A. scabra was collected from a bushland
adjacent to Merri Creek, Melbourne in August 2015. The collected leaves were senescent, but
were attached to the living plants; i.e., leaves were not in contact with the soil and showed no
signs of decomposition or herbivory. Litter bags (20 cm by 10 cm) were made of stainless-steel
mesh (SEFAR, Australia), with a 0.53 mm x 0.53 mm aperture (39% open area of the mesh
sheets). Litter bags were divided into the following treatments: 1) “macroinvertebrate
exclusion treatment” was only accessible to micro-invertebrates and microbes smaller than the
aperture (0.53 mm). Two naphthalene balls (27 g each) were placed in each macroinvertebrate
exclusion bag to repel insects, but these evaporated from the litter bags within the first 3 weeks
of field exposure. The macroinvertebrate exclusion treatment therefore was accessible for all
soil invertebrates smaller than 0.53 mm; and 2) “control treatment” with twelve openings (six
on each side) of 5 mm diameter on both sides of the bags, making it possible for invertebrates
of up to 5 mm to access the plant litter material.
We placed the litter bags in the reintroduction and control areas, at least 4 m from each other.
Four replicates of each litter bag treatment were placed in our 20 m by 20 m study plots in a
random order and attached to the ground with a metal peg (Fig. 3.2c). We placed all litter bags
on bare soil (i.e., not under vegetation or on dense leaf litter cover) to keep effects of
microhabitat consistent. To ensure that animals did not remove the litter bags, we loosely
covered all the bags in both areas with plastic fencing mesh (~10 cm by 5 cm openings). Two
litter bags of each treatment were collected after 4 months of field exposure and two litter bags
were collected after 12 months from each plot. In total, we collected 736 litterbags from the
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study sites. Litter bags were installed and collected at different reserves at different times of
the year (Appendix, Table 3.6.1); therefore, we incorporated precipitation patterns (‘actual
rainfall’) into our analyses (described below).
For litter bags collected after four months, a standard Tullgren dry-heat apparatus was used to
extract any arthropods present, within two weeks of collection. Afterwards, litter bags were
also searched for arthropods that may have died during transportation. Because no arthropods
were extracted from these litter bags, the extraction was not repeated with litter bags collected
after 12 months. All litter bags were dried in a drying oven at 70 °C for 5 days to avoid further
decomposition. We pooled the two replicates per treatment from each study plot, resulting in
one sample per plot of each litter bag treatment and each collection. This resulted in 8-10
replicates from the reintroduction and control areas per site for each treatment and each
collection.
The pooled samples were homogenised with a grinder, weighed, then burned at 550 °C for four
hours in a muffle furnace, and weighed again. The difference between the original sample
weight and the ignited sample weight was regarded as the remaining organic mass in the litter
bags after collection (see Appendix 3.6.3). For all analyses, we calculated a yearly decay rate
(k) based on the remaining litter mass after 4 months (k4) and after 12 months (k12) to
distinguish between the early and late stages of decomposition. Decay rate was calculated
following Olson (1963):
𝑥𝑡 = 𝑥0 × 𝑒 𝑘𝑡 ,
where 𝑥𝑡 is the remaining mass (g) at time t (4 or 12 months); 𝑥0 is mass at t = 0; and k = mass
loss rate per year.
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3.3.4. Environmental variables related to decomposition
Mean annual and actual rainfall were provided by the Bureau of Meteorology (bom.gov.au)
using the measurements from the weather station closest to each site (<25 km). Mean annual
rainfall was calculated over the 10-years prior to the sampling period and actual rainfall was
calculated by summing daily precipitation in the period between litter bag set-up and collection
dates at each site.
We measured bare ground, leaf litter, non-woody plant (moss, grass or forb species), shrub and
canopy cover at each plot to characterise the study plots and to assess if these variables
(hereafter ‘vegetation structure’) affect soil organic matter content. Foraging pit numbers and
volumes were also measured inside each reserve to investigate if the possible differences in pit
variables along the rainfall gradient have an impact on soil organic material. Vegetation
structure and foraging pit surveys were conducted at each plot using two transects running eastwest 6 m from the northern and southern plot edge. For each plot, vegetation structure scores
were determined by using point intercept transects. We vertically placed a 2-metre pole at 1metre intervals along each 20 metres transect, recording the vegetation structure type(s)
intersected by the pole at each interval. Vegetation structure types were analysed as
proportional values (number of pole intersections/40). Tree canopy cover was estimated by the
same observer every 4 m along each transect by looking vertically through a 10 cm long, 4 cm
diameter cylinder and estimating the area covered by tree foliage (%). Foraging pits were
counted in a two-meter band along each transect. Length, width and breadth of the first ten
foraging pits were measured and an average volume (𝑉 = 𝜋 ∗ 𝑟𝑎𝑑𝑖𝑢𝑠 3 ∗ ℎ𝑒𝑖𝑔ℎ𝑡 3 ) of foraging
pits was calculated for each study plot.
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3.3.5. Statistical analysis
All statistical analyses were conducted using the R Statistical Computing Environment (R Core
Team 2008). We used linear mixed models (lme4 package, Bates 2015) to test if soil organic
matter and decomposition rates differed inside and outside reintroduction areas along the
rainfall gradient.
Soil organic matter content: We tested the effect of rainfall, digging mammals and vegetation
structure (fixed factors) on soil organic matter. We tested mean annual rainfall and vegetation
structure in separate models (both including digging mammals), because mean annual rainfall
was significantly correlated with vegetation structure types. For the vegetation model, multiple
vegetation structure types were also correlated with each other, so we included only variables
where pairwise Spearman’s correlation coefficients were less than 0.6 (Table S4). The final
vegetation model thus included bare ground, non-woody plant and shrub cover. We used the
best univariate predictor of SOM in subsequent analyses determined by the Akaike’s
Information Criterion with a correction factor for small sample size (AICc, Hurvich 1989). To
find the best model, we included all suitable vegetation types and their interactions with digging
mammals and selected the best model based on AICc values. Soil organic matter was included
in our models as a concentration (g SOM per kg of soil), so we used a gamma error distribution
with a logit link function to meet model assumptions when testing SOM with mean annual
rainfall, digging mammals and ground cover types. SOM values varied considerably between
the study sites, so to compare the relative effects of digging mammals and assess the nature of
the interaction, we calculated a response ratio of SOM to use in our analyses:
SOM (reintroduction area) – SOM (control)
SOM (reintroduction area) + SOM (control)

.

This way, we achieved a standardized value to assess the magnitude of the digging mammal
impact across sites on the same scale. A positive response ratio indicated that the reintroduction
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area contained more soil organic matter than the control area, while a negative response ratio
indicated that the control area had greater soil organic matter than the reintroduction. The
response ratio was then included as a response variable in our mixed model with mean annual
rainfall as a fixed term.
Decomposition rates: We included decomposition rates over 4 months (k4) and over 12 months
(k12) as response variables. Our global model included the fixed factors: rainfall, digging
mammal presence/absence, litter bag treatment and all two-way interactions among these
factors. Mean annual rainfall data was included in models with a logarithmical transformation
to linearize the spread of the gradient. Plot pairs were specified as random effects
(reintroduction and control pairs) within sites to account for the nested design of the study.
Model selection was based on AICc values. Model selection was used because actual and mean
annual rainfall values were highly correlated (Spearman’s correlation coefficient = 0.8).
Models with the lowest AICc values were selected to predict data. Model predictions were
plotted using AICmodavg (Mazerolle 2017) and effects (Fox 2003) packages to further
investigate the nature of interactions. Models were validated using diagnostic tools: checking
the structure of residuals for model fit and normal quantile-quantile tests for data distribution.
All graphs were made using the ggplot2 package (Wickham 2009).

3.4.

Results

3.4.1. Soil organic matter content with and without digging mammal activity along the
rainfall gradient
SOM was related to the interaction of digging mammals and mean annual rainfall (Table 3.2).
SOM increased with mean annual rainfall and was higher in reintroduction areas. The response
ratio confirmed that the impact of digging mammals on SOM was greatest in the driest
environments (below 300 mm, Figure 3.3a). Model selection revealed that SOM was best
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predicted by the interaction between bare ground cover and digging mammals (Table 3.1).
SOM was negatively related to bare ground cover in control areas, but no relationship was
present in reintroduction areas (Table 3.2, Fig. 3.3b). Non-woody plant and shrub cover type
did not affect SOM. However foraging pits decreased in volume from the arid towards the
mesic sites, SOM was not affected by foraging pit volume or number (Appendix Table 3.6.5).
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Table 3.1. Best models and models within 4 AICc of the best model predicting soil organic material content, short and long term
decomposition, showing degrees of freedom (df), log-likelihood, Akaike’s Information Criterion for small sample sizes (AICc), difference
2
in AIC (delta) and model weight. Marginal (fixed effects; 𝑅𝑚
) and conditional (fixed + random effects; 𝑅𝑐2 ) R2 values are also shown.

Average rainfall = Long –term mean annual rainfall; actual rainfall = rainfall during the period of the experiment
df

logLik

AICc

delta

weight

R2m

R2c

~ Digging mammals +Bare ground + Plant + Shrub cover

1

-722.3

1458

12.7

1

0.03

0.82

~ Digging mammals * Bare ground + Plant + Shrub cover

8

-714.9

1446

0.0

1

0.03

0.83

~ Digging mammals * Plant + Bare ground + Shrub cover

8

-719.6

1456

9.4

0

0.03

0.82

~ Digging mammals * Shrub + Bare ground + Plant cover

8

-721.3

1459

12.9

0

0.03

0.82

~ Actual rainfall * Digging mammals * Litter bag treatment

11

5.8

12.0

0.0

1

0.71

0.80

~ Average rainfall * Digging mammals * Litter bag treatment

11

-10.6

44.9

32.9

0

0.01

0.80

~ Actual rainfall * Digging mammals * Litter bag treatment

11

104.4

-185.2

32.5

0

0.3

0.60

~ Average rainfall * Digging mammals * Litter bag treatment

11

120.7

-217.7

0.0

1

0.1

0.60

Model
Soil organic material

Early stages of decomposition (4 months)

Long-term decomposition (12 months)
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Table 3.2. Effects of mean annual rainfall, digging mammals (and their interactions) on soil organic material
and in a separate model, mammals with bare ground cover effects on soil organic material analysed using a
generalized linear mixed model. The response ratio of soil organic material to digging mammals is tested
against mean annual rainfall using a linear mixed model
Model

Rainfall
dependent
impacts

df

Estimate

SE

t-value

P

Mean annual rainfall (mm)

1

2.07

0.13

16.12

< 0.01

Digging mammals

1

1.70

0.49

3.50

< 0.01

1

-0.28

0.84

-3.47

< 0.01

Digging mammals

1

-0.11

0.06

-1.81

< 0.01

Bare ground cover

1

-0.84

0.21

-4.04

< 0.01

Plant cover

1

-0.83

2.06

-0.41

0.68

Shrub cover

1

-0.17

0.37

-0.45

0.65

Bare ground * Digging mammals

1

0.69

0.18

3.95

< 0.01

Mean annual rainfall * Digging
mammals

Vegetation
structure
dependent
impacts

Soil organic material (g kg-1 soil)

Factor

Response ratio (unitless)
Response ratio
to digging
mammals

Mean annual rainfall (mm)

df

Estimate

1

-0.13

SE
0.05

2

P

7.21

< 0.01
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3.4.2. Early stages of litter decomposition
The best model for the early stages of decomposition included actual rainfall over the study period, rather
than mean annual precipitation (Table 3.1). Actual rainfall and digging mammals interacted to determine
the rate of decomposition in the first 4 months of field exposure (Table 3.3). Litter decomposition rates
increased with actual rainfall and rates were further elevated in reintroduction areas (Fig. 3.3c). Litterbag
treatment did not affect the decay rate of the plant litter over the first 4 months.
3.4.3.

Litter decomposition rate over one year

Models including mean annual rainfall predicted long-term decomposition rate better than those
including actual rainfall over the study period (Table 3.1). Over a year, decomposition increased with
mean annual rainfall. We found no interactions and no digging mammal effects over this time-period
(Table 3.3, Fig. 3.3d). Litter bag treatment had a marginally non-significant effect (Table 3.3):
surprisingly, there was a trend towards higher decomposition rates in litter bags excluding
macroinvertebrates (Figure 3.3e).

74

Table 3.3. Effects of rainfall, digging mammals and litter bag treatment and their two- and threeway interactions on early stages and long-term decomposition rates. Average rainfall = Long –
term mean annual rainfall; actual rainfall = rainfall during the period of the experiment
Variable

Decomposition phase
Early (4 months)
df

2

Estimate

SE

P

Actual rainfall (mm)

1

168.10

< 0.01

< 0.01

< 0.01

Digging mammals

1

4.60

-0.06

0.06

0.03

Litter bag treatment

1

< 0.01

0.03

0.06

0.98

1

8.49

< 0.01

< 0.01

< 0.01

1

0.88

< 0.01

< 0.01

0.35

1

0.34

-0.01

0.09

0.56

1

0.28

< 0.01

< 0.01

0.60

Actual rainfall * Digging
mammals
Actual rainfall * Litterbag
treatment
Digging mammals * Litterbag
treatment
Actual rainfall* Digging
mammals * Litterbag treatment

Long-term (12 months)
Average rainfall (mm)

1

11.91

0.07

0.03

< 0.01

Digging mammals

1

1.11

0.18

0.23

0.29

Litter bag treatment

1

3.32

0.05

0.18

0.06

1

< 0.01

-0.03

0.04

0.99

1

1.54

< 0.01

0.03

0.21

1

1.68

-0.37

0.25

0.19

1

1.78

0.06

0.04

0.18

Average rainfall * Digging
mammals
Average rainfall * Litter bag
treatment
Digging mammals * Litter bag
treatment
Average rainfall * Digging
mammals * Litter bag treatment
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Figure 3.3. a) Predicted relative response ratios of soil organic material to digging mammal
activity (solid line) ± 95% CIs (grey area). Values above zero suggest a positive mammal
impact on soil organic material, and values below zero suggest a negative mammal impact; and
(b) soil organic material driven by bare ground cover and digging mammal presence or absence.
Predicted short-term decomposition rates (c) and their 95% CIs by short-term rainfall and (d)
long-term decomposition rate over mean annual rainfall at each site. Plotted values on the graphs
indicate the average values of the variable at each study site from most arid to most mesic: Arid
Recovery (AR), SS (Scotia), Yookamurra (YS), Mt Rothwell (MR) and Karakamia (KS); and
(e) decay rate (mean ± SE) over 12 months in litter bags accessible for macro-invertebrates
(control) and in litter bags which excluded macro-invertebrates (macro-invertebrate exclusion)
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3.5.

Discussion

Declining biodiversity leads to decreased ecosystem functions (Petchey and Gaston 2002, Larsen et al.
2005), however, the magnitude of the ecosystem’s response to species extinctions may vary depending
on the environment. Only a few previous studies (e.g. Badano and Marquet 2008, Coggan et al. 2016)
have examined the indirect effects of ecosystem engineers on ecosystem functions at a scale that allows
testing of Jones’ (1997) hypothesis that ecosystem engineering effects are more pronounced in resourcelimited environments. We tested the context-dependency of landscape-scale impacts of threatened
digging mammals on soil organic matter and litter decomposition across a continent. Native digging
mammals had a significant impact on SOM and on the early stages of litter decomposition and this
impact was moderated by environmental conditions. However, macro-invertebrate access to litter only
marginally affected long-term litter decomposition.
3.5.1. Soil organic matter content is driven by digging mammal activity, but effects depend on rainfall
Digging mammals had a significant impact on total SOM and this impact varied along the rainfall
gradient. In arid areas, digging mammals increased SOM substantially, but they had little impact in
mesic systems. Our findings therefore support suggestions from previous studies that the impact of
ecosystem engineers on ecosystem functions depends on resource limitations (Crain and Bertness 2005,
Coggan et al. 2016), with the greatest benefits in the most resource-limited environments (Brooker and
Callaghan 1998b, Bruno et al. 2003). Pit volumes decreased in the two mesic sites, possibly implying
that digging mammals excavate more soil in nutrient-poor environments in order to gain resources.
However, foraging pit variables did not have an impact on SOM, therefore, the high response ratio of
SOM in arid and semi-arid systems suggests that nutrient loss by wind erosion (Larney 1998, Li et al.
2008) might be avoided in the presence of digging mammals. In contrast, in mesic systems, engineering
activity might not create substantially different patches to the otherwise nutrient-rich matrix (Post et al.
1982).
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Vegetation structure drives SOM in some ecosystems (Virginia et al. 1992, Stock et al. 1999), but our
results showed a stronger impact of bare ground cover, although the measure might represent the inverse
of vegetation cover (currently represented by several separate variables) in this study. While SOM had
a negative relationship with bare ground cover in the control areas, it had no correlation with the same
variable in the reintroduction areas. This suggests that mammals increase SOM over the landscape
beyond foraging pits, creating an organic material-rich matrix and may prevent extreme patch formation.
Without soil disturbance by native mammals, organic matter may accumulate under vegetation leaving
the non-vegetated patches low in nutrients (Hobbie 1992, Virginia et al. 1992). Although increased SOM
is likely to be a result of digging activity, animals might also increase SOM through faeces input (Clark
et al. 2016), which was not measured in this study.
3.5.2. Digging mammals have an important impact on plant litter decomposition
Actual rainfall was a better predictor of short-term decay rates than mean annual rainfall, perhaps
because precipitation is a key driver of carbon turnover but is highly variable year to year in arid systems
(Ehleringer 1999, Austin et al. 2004). An interaction between actual rainfall and digging mammals was
detected: short-term litter decomposition was faster in reintroduction than control areas, but only where
the actual rainfall exceeded ~ 200 mm. The pattern might be a result of two indirect processes driven by
digging mammals: digging mammals increase soil moisture by creating foraging pits, where
precipitation is accumulated in the soil (Valentine et al. 2017); and digging activity probably increased
soil infiltration into the litter bags, which positively correlates with mass loss (Throop and Archer 2007,
2009), however this was not measured in the current study. Soil-borne decomposer abundance may have
increased in litter bags in the reintroduction areas if soil infiltration increased. Decomposer activity in
the litter bags is likely to have been enhanced by increased soil moisture after rainfall events (Murphy
et al. 1998, Aerts 2006) in reintroduction areas. These two indirect effects of digging mammals are likely
to drive the greater decay rates in reintroduction areas.
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In contrast, digging mammals did not affect long-term decomposition. This suggests that the mammal
effects were relatively short-lived and did not extend to the later stages of decomposition. The reason
for this might be that soil infiltration into the litter bags in the control and reintroduction areas reached
equal rates by abiotic processes (such as wind) and the digging impacts diminished as decomposition
rates slowed over time (Parton et al. 2007). Decay rates increased with rainfall, most likely because
productive systems support a larger community of decomposer organisms than nutrient-poor systems
(Wall et al. 2008, García‐Palacios et al. 2013). However, we expected higher decay rates in
reintroduction areas. The patterns of our decomposition study suggests that organic matter breakdown
was elevated by digging mammals during the first phase of decomposition when important minerals are
returned to the soil (e.g. Ribeiro et al. 2002, Bayala et al. 2005). After the initial decomposition, which
was triggered by digging mammals and re-wetting events (Van Gestel et al. 1993, Collins et al. 2008),
solar radiation might compensate for the lack of soil disturbance in the control areas by degrading the
remaining decay-resistant matter. UV radiation can degrade recalcitrant macromolecules and creates
accessible nutrients for decomposers (Foereid et al. 2010, Austin et al. 2016). Further studies are needed
to investigate how litter burial by digging mammals might alter the impacts of solar radiation on nutrient
cycling.
Although SOM was higher in the reintroduction areas, long-term litter decomposition was not affected
by digging mammals. SOM represents underground decomposition, when organic matter is mixed with
soil by fauna or other abiotic processes. In contrast, the litter decomposition measured in this study
represents aboveground decomposition processes. Our litter bags were anchored to the ground, such that
litter burial was constrained. While we detected some impacts of digging mammals on litter
decomposition, most likely due to soil infiltration, the impacts were limited to the early-stages of
decomposition. Aboveground decomposition processes therefore might be driven more strongly by
abiotic factors, such as solar radiation (Austin and Vivanco 2006), especially in arid environments,
without significant impacts of invertebrates (Araujo et al. 2012) or digging mammals over a long time
period.
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Herbivory was not in the scope of this study, although herbivore density differences in reserves might
have affected decomposition rates. However, herbivorous impacts are unlikely to explain the results
because litter bags were unavailable for herbivorous vertebrates and decomposition rates and SOM was
measured in areas without substantial native herbivore presence.
3.5.3.

Soil fauna did not enhance decomposition

In contrast to our expectations, soil fauna did not enhance decomposition. This contrasts with global
findings, which suggests that macro-invertebrate exclusion slows decomposition in forests and
grasslands in mesic systems (García‐Palacios et al. 2013). However, studies from arid environments
report more limited effects of soil fauna on decomposition (Araujo et al. 2012) and a greater role of
microbial organisms (Yuste et al. 2011). Therefore, the slightly lower decomposition rate in our control
litter bags might be a result of trophic interactions among invertebrates (Dunham 2008). For example,
spiders and spider webs were often observed at the openings of the control litter bags, so it is possible
that arthropod predation on micro-invertebrates lowered decomposition in the control litter bags.
3.5.4. Conclusions
Ecosystem engineer reintroductions may provide tools for restoring degraded landscapes because they
re-establish complex biotic and abiotic interactions (Jones et al. 1996, Palmer et al. 1997). However, the
desired outcome will depend on local stable states. Rainfall patterns are changing and are predicted to
change more in coming decades (Thornes 2002, IPCC 2014), so nutrient and geochemical cycles might
be altered drastically (Wardle et al. 2002). Ecosystem engineers might buffer effects of extreme climate
events on soil processes (such as droughts), but their survival depends on conservation efforts. Our study
suggests that digging mammals have a great potential in restoring degraded lands and improving soils
in arid environments. This function is likely to be extremely valuable in maintaining or restoring
ecological and potentially production values as global climate change unfolds.
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3.6. Appendix
Appendix 3.6.1.
Table 3.6.1. Litter bag establishment dates and month of collections at each site

Litter bags

Sites

Arid
Scotia

Yookamurra

Mt Rothwell

Karakamia

Recovery
Placement date

March, 2016

October, 2015

March, 2016

May, 2016

September, 2016

First collection

July, 2016

February, 2016

August, 2016

September, 2016

January, 2016

Final collection

March, 2017

October, 2016

March, 2017

May, 2017

September, 2017
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Appendix 3.6.2.
Table 3.6.2. F-ratio (p-value) from analysis of variance testing for differences in woody biomass between paired plots in
the reintroduction and control plots at each site. Significant differences are presented in bold type

Arid Recovery
Scotia
Yookamurra
Mt Rothwell
Karakamia

Dead wood density

Tree density

Canopy cover

Tree no.

0.37 (0.55)
0.04 (0.84)
0.20 (0.66)
0.00 (1.00)
0.11 (0.74)

1.90 (0.17)
1.18 (0.28)
0.00 (1.00)
0.00 (1.00)
0.22 (0.64)

0.00 (1.00)
0.58 (0.45)
NA
0.36 (0.54)
2.21 (0.14)

0.00 (1.00)
1.08 (0.30)
0.08 (0.78)
0.05 (0.82)
4.45 (0.04)

Tree
circumference
0.00 (1.00)
1.89 (0.18)
0.03 (0.87)
1.16 (0.29)
0.02 (0.89)
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Appendix 3.6.3. Calculation used to assess the remaining organic mass in the litter bags after
collection:
1.

sample weight after collection from the field: A;

2.

sample weight after burning the original sample (soil remaining): B;

3.

organic mass in litter bags after collection (combusted material): C = A – B.

This procedure was required because soil particles infiltrated the litter bags and got stuck to the plant
material. By burning the samples, we achieved an exact weight of the organic material remained in
litter bags without accidentally measuring soil with plant litter. After obtaining the litter weight
following burning (C),
4.

we corrected this value by deducting the soil organic material measured at the same plot:
measured soil organic material content in %: D;

5.

soil mass infiltrated into the bags (B) times organic material % (D) gives us the mass of soil
organic material infiltrated into the bags together with the soil: E = B * D.

6.

Deducting E from the remaining plant litter after collection (C) gives us the ‘true‘ remaining
plant litter material which remained in the litter bags and should be the remaining of the 4 grams
of original litter sample: F = C – E.
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Appendix 3.6.4.
Table 3.6.4. Table showing the correlation coefficients between ground cover types. Bold numbers
indicating significant correlations (p < 0.05)

%

Bare ground

Litter cover

Bare ground

Plant cover

-0.72

Litter cover

Shrub cover

Canopy cover

-0.08

0.05

-0.73

-0.46

-0.19

0.62

-0.14

-0.3

Plant cover
Shrub cover

-0.12

Appendix 3.6.5.
Table 3.6.5. P-values (chi square) from linear mixed models (lmer) with site as a random factor testing
foraging pit number and volume against mean annual rainfall and soil organic matter content in the first
two columns; and average pit number and pit volume (m3) values inside each reserve along the rainfall
gradient in the last five columns.

Annual Organic
rainfall material

Arid
Recovery

Scotia

Yookamurra

Mt Rothwell

Karakamia

Pit
number

0.191
(1.71)

0.63
(0.23)

41.421±2.783 86.122±5.183 47.789±1.910 51.618±7.312 14.346±0.901

Pit
volume

0.002
(9.22)

0.68
(0.17)

0.008±0.001

0.009±0.001

0.007±0.001

0.002±0.0001 0.003±0.0003
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Chapter IV.
Restoration potential of threatened ecosystem engineers increases
with aridity: broad scale effects on soil nutrients and function
Orsi Decker, David Eldridge, Heloise Gibb
Keywords: context-dependency, soil-disturbing mammals, ecosystem engineer, extinctions, rainfall
gradient, soil functioning
The manuscript was accepted in Ecography. The revision of the manuscript is currently in review.

Top row: Numerous bettong diggings in the reintroduction area (left) and the undisturbed
landscape in the control area (right) in Scotia. Photos: Simon Verdon.
Bottom row from left: A bilby foraging for insects (photos: arkive.org/G. Harold) and its foraging

pit left behind in arid systems; and a quenda foraging in the grass and its remaining digging in a
temperate system (photos: OD).
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4.1.

Abstract

Species extinctions alter ecosystem services, and the magnitude of this impact is likely to change across
environmental gradients. In Australia, soil-disturbing mammals* that are now considered ecologically
extinct are thought to be important ecosystem engineers. Previous studies have demonstrated micrositelevel impacts of reintroduced soil-disturbing mammals on soil functions, but effects are yet to be tested
across larger scales. Further, it is unclear how impacts vary across environmental gradients and if the
restoration potential of reintroductions changes with climate. We examined the effects of soil-disturbing
mammal reintroductions across a large rainfall gradient in Australia to test the hypothesis that ecosystem
engineering effects on soil function depend on climate. We compared soil labile carbon, available
nitrogen and the activity of four enzymes associated with nutrient cycling in three microsite types with
and without soil-disturbing mammals in five sites along a large rainfall gradient (166-870 mm). Soil
enzyme activity was greatest in the presence of soil-disturbing mammals and increased with rainfall, but
soil available carbon and nitrogen varied across the gradient and among microsites. Microsite effects
were often stronger than any effects of soil-disturbing mammals, with soil beneath vegetated patches
(shrubs and trees) having greater enzyme activity, carbon and nitrogen than bare soils. However, soildisturbing mammals homogenised nutrient distributions across microsites. The impacts of soildisturbing mammals on soil function previously detected at micro-scales was detected at a landscapescale. However, the overall effects of soil-disturbing mammals on soil functions varied with productivity
(rainfall). The context of soil-disturbing mammal reintroductions is thus likely to be critical in
determining their effectiveness in restoring soil function.

* The term “soil-disturbing mammal” is used throughout this chapter instead of the term “digging
mammal”, which is used in the rest of the thesis. This change was required due to a feedback of a
reviewer upon submitting the manuscript to the journal.
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4.2.

Introduction

Biodiversity loss often leads to a decline in ecosystem functions (Purvis and Hector 2000, Barnosky et
al. 2011a, Boyer and Jetz 2014), particularly where species play key roles as predators (Schmitz 2008,
Estes et al. 2011) or ecosystem engineers (Coleman and Williams 2002). However, species loss has a
complex and context-dependent relationship with ecosystem functioning (Cadotte et al. 2011), whereby
the magnitude of change depends on characteristics of the species and the ecosystem (Dobson 2006,
Coggan et al. 2016). Returning locally extinct fauna has recently been recognised as a key component
of ecosystem restoration because such species may play trophic or engineering roles important for
ecosystem structure (Wilmers and Schmitz 2016, Sobral-Souza et al. 2017, Schweiger et al. 2018).
However, the value of reinstating species for ecosystem function is also likely to be context-dependent
(Coggan et al. 2016, 2018).
Ecosystem engineers physically modify their surroundings and therefore affect coexisting species via
direct or indirect interactions and regulate community dynamics (Jones et al. 1996, Jones et al. 1997).
These habitat-modifying animals therefore increase landscape heterogeneity by creating unique habitat
patches differing from the surrounding landscape (Wright et al. 2006, Davidson and Lightfoot 2008,
McKey et al. 2010). Due to their digging and foraging activities, semi-fossorial or digging mammals are
considered ecosystem engineers, which modify not only soil physical properties, but also soil nutrient
dynamics and invertebrate communities (Whitford and Kay 1999, Davidson and Lightfoot 2007, Silvey
et al. 2015, Coggan et al. 2016, Orwin et al. 2016). The degree of modification might change along
environmental gradients, but only a few studies have attempted to disentangle the context-dependency
of engineering effects (Wright et al. 2006, Coggan et al. 2016). Differences in soil nutrient patterns
contribute to landscape heterogeneity and therefore drive species distributions. In deserts, soil-disturbing
animals often contribute substantially to the development of landscape heterogeneity by altering soil
nutrients (Whitford and Kay 1999). In these systems, soil disturbance by small animals might be the
only mechanism that brings up soluble nutrients from the deeper layers of the soil to the surface
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(Abaturov 1972) or increases soil moisture (Eldridge and Mensinga 2007). In arid and semi-arid systems,
these changes drive soil microbial processes (Eldridge et al. 2016), influence invertebrate activity (Riutta
et al. 2012) and create resource-rich patches that enhance the productivity and stability of these systems
(Brooker and Callaghan 1998a, Bruno et al. 2003). However, only few studies have investigated the
context-dependency of ecosystem engineering (e.g. Coggan et al. 2016).
Given that ecosystem engineering impacts are context-dependent, the consequence of losing digging
mammals might also be context-dependent. Despite their functional importance, many soil-disturbing
mammal species are threatened globally by human activities, including land clearing for agriculture,
introduced exotic species and diseases (Davidson et al. 2012). In the 230 years since European
colonisation, Australia has had the highest mammal extinction rate in the world, losing 27 mammal
species (Burbidge and McKenzie 1989, Woinarski et al. 2015). Of the extinct mammals 22% are digging
and are considered ecosystem engineers, playing key roles in soil processes (Fleming et al. 2014). A
substantial decline in the abundance of persisting species has resulted in the ecological extinction of soildisturbing mammals from much of mainland Australia (Johnson and Isaac 2009). Australian soildisturbing mammals such as echidnas (Tachyglossus aculeatus), bettongs (Bettongia spp.) and greater
bilbies (Macrotis lagotis) increase soil moisture, soil carbon and nitrogen and alter bacterial
communities at the scale of individual pits measured within single landscapes (Garkaklis et al. 2000,
Eldridge and Mensinga 2007, Eldridge and James 2009, James et al. 2009, Travers et al. 2012b), but the
question of whether their impacts change with environmental variables or are important at larger spatial
scales remains unanswered.
Australian soils are deeply weathered and have low fertility due to the lack of recent geological activit y
(White 1994, Eldridge et al. 2018), therefore soil disturbance by mammals may be an important driver
of microflora and plant establishment (Whitford and Kay 1999). While landscape heterogeneity dictates
local nutrient cycling, precipitation is thought to be the driver of productivity at larger scales (Austin
and Vitousek 1998, Austin et al. 2002). Ecosystems at different points along an environmental gradient,
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such as a precipitation gradient, might respond differently to the same disturbance (Shachak et al. 1991,
Coggan et al. 2016). Similarly, it is likely that the productivity of the ecosystem will impact the
engineering effects of mammals on soils, but only a few studies have explicitly tested interactions
between landscape productivity and habitat engineering (McAfee et al. 2016, Coggan et al. 2018).
Habitat engineering increases plant-available soil chemicals by enhancing soil microbe activity
(Eldridge et al. 2015, 2016), which breaks down and transforms organic material (Hendrix et al. 1986).
Consequently, engineered soils are expected to have a more diverse and dynamic microbial community,
with higher activity of extracellular enzymes that sequester carbon into the soil (Tardy et al. 2015) and
mineralise essential mineral nutrients such as nitrogen, phosphorus or other micro-elements for use by
plants (Bardgett and Chan 1999). However, no studies have tested whether this effect is moderated by
the environment.
We tested the impacts of reintroductions of ecologically-extinct ecosystem engineers along a rainfall
gradient on soil nutrients (labile carbon and available nitrogen) and microbial enzyme activities related
to organic material breakdown. We targeted the following microbial enzymes: β-glucosidase, N-acetylβ-glucosaminidase, phosphatase and cellobiosidase, because these enzymes are proxies of the capacity
of soils to effectively carry out processes of decomposition that make essential nutrients available to
plants. β-glucosidase and cellobiosidase are released by bacteria and fungi to convert complex sugars
and cellulose-rich plant wall structures, respectively, into lower molecular weight products that are
available for plant uptake (Burns 1982). Phosphatase and N-acetyl-β-glucosaminidase are released by
microbes to transform phosphorus and organic nitrogen substrates into plant-available inorganic forms.
We hypothesised that: 1) soil disturbing mammals would increase soil nutrient availability and microbe
activity; 2) effects of mammals are greater in drier environments; 3) variation among nutrients in
microhabitats is lower in the presence of mammals (due to mixing). To test our hypotheses, we
conducted replicated surveys inside and outside five mammal reintroduction reserves over a 3337 km
rainfall gradient (mean annual precipitation: 166 to 870 mm) in southern Australia. Further, to
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experimentally test our first and third hypotheses, we conducted a mammal exclusion experiment inside
a reintroduction reserve.

4.3.

Methods

4.3.1.

Study sites

We studied soil attributes in five predator–proof reintroduction areas in southern Australia (Fig. 4.1a):
Arid Recovery in South Australia (independent incorporated charity), Scotia in New South Wales
(Australian Wildlife Conservancy - AWC), Yookamurra in South Australia (AWC), Mt Rothwell
Conservation and Research Centre in Victoria (privately owned) and Karakamia in Western Australia
(AWC). The reserves differed in annual precipitation, vegetation, soil type, area, reintroduced mammal
species and densities and had different land use histories (Table 4.1). Foxes were removed prior to the
reserve establishment, and control of rabbit and fox populations at all reserves is ongoing. Most of the
soil-disturbing mammal populations have suffered substantial declines in their natural distribution area.
Soil disturbing mammals were locally extinct from our study sites, where they had been reintroduced.
Only quenda (Isoodon obesulus fusciventer), woylie (Bettongia penicillata ogilbyi) and numbat
(Myrmecobius fasciatus) populations still occurred in Western Australian remnant woodlands, but
woylies were re-introduced to Karakamia. Eastern barred bandicoot (Perameles gunnii) populations still
existed in Victoria in low densities prior to their release in fenced reserves, but now are listed as extinct
in the wild.
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Table 4.1. Biotic and abiotic attributes of the study sites: climatic and vegetation details, reintroduced species and reserve description.
Sources: climate: Bureau of Meteorology, Australia; vegetation: Personal observation / study data; soil type: Soil and Landscape Grid of Australia, CSIRO
(http://www.clw.csiro.au/aclep/soilandlandscapegrid); EVI: TERN AusCover (data.auscover.org.au); Reserve attributes: pers. comm. with Katherine
Moseby (Arid Recovery), Helen Crisp (Yookamurra), Felicity L’Hotellier (Scotia), Jacqui Young (Mt Rothwell) and Bryony Palmer (Karakamia).
Abbreviations: MAP = Mean Annual Precipitation, MAT = Mean Annual Temperature R = reintroduction area, C = control area
Location

Climate

Biotic
attributes

Re-introduced
soil disturbing
mammals

Attribute
Latitude
Longitude
MAP (mm)
Aridity index
MAT (°C)
Climate
Vegetation
Main overstorey

Arid Recovery
-30.5653,
136.9177

Scotia
-33.1358,
145.1925

Yookamurra
-34.5220,
139.4755

Mt Rothwell
-37.8894,
144.4402

Karakamia
-31.8230,
116.2430

166
0.077
26.35
Arid
Acacia shrub land
Acacia ligulata,
Dodonea viscosa

233
0.132
24.4
Semi - arid
Mallee woodland
Mallee eucalyptus

285
0.158
22.6
Semi-arid
Mallee woodland
Mallee eucalyptus

468
0.367
20.3
Temperate
Open woodland
Eucalyptus
melliodora

Main understorey

Crotalaria eremea,
Polycalymma sturtii,
Chenopodiaceae

Triodia scariosa.,
Chenopodiaceae

Acacia paradoxa

Soil type

Calcarosols

EVI
Potoroidae spp.
(ind. / ha)

0.1173
Bettongia lesueur
1.09
0.16
0.00

0.2216
Bettongia lesueur
0.22
Bettongia penicillata
0.10
0.03
0.03

0.2828
Aepyprymnus
rufescens
0.71

Macrotis lagotis (ind. / ha)
Myrmecobius fasciatus (ind. /
ha)
Peramelidae spp. (ind. / ha)

Calcarosols/
Rudosols
0.1719
Bettongia lesueur
0.23
Bettongia penicillata
0.10
0.17
0.03

Westringia rigida, Olearia
muelleri, Cratystylis
conocephala,
Chenopodiaceae
Calcarosols

877
0.803
22.6
Mediterranean
Jarrah forest
Eucalyptus
marginata Corymbia
calophylla
Banksia sessilis,
Banksia grandis,
Xanthorrhea preissii

0.00

0.00

8000
2005
1994
May, 2015
(autumn)

1092
1992
1950s
March, 2016
(autumn)

Isoodon obesulus
obesulus
0.71
Perameles gunnii
2.38
420
2002
2000
May, 2016
(autumn)

Perameles bougainville
0.20
Reserve
attributes
Soil
sampling

Predator-proof area (ha)
First reintroductions (date)
Livestock grazing ended
Date

6000
1999
1998
September, 2015
(spring)

Sodosols/Tenosols

0.00
0.00

Tenosols/
Chromosols
0.3314
Bettongia penicillata
1.10
0.00
0.00
Isoodon obesulus
fusciventer
1.00
275
1994
1991
August, 2016
(winter)
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4.3.2. Landscape-scale study of the impact of soil disturbing mammals
Ten paired 20 m by 20 m plots were established inside (‘reintroduction’) and outside (‘control’) the fence
line of each reserve (Fig. 4.1b), hereafter ‘landscape-scale study’. We use the term ‘reintroduction’
throughout because it indicates the treatment imposed at the sites, i.e. the reintroduction of locally-extinct,
native, soil-disturbing mammals. We do acknowledge, however, that one site, Karakamia in Western
Australia, still supported quendas (Isoodon obesulus fusciventer) prior to its formal establishment
(Valentine et al. 2013), but the densities were substantially lower than currently supported by the reserve
and much lower than pre-European densities (Driessen and Rose 2015). Plots were selected to represent
the dominant vegetation types in each reserve (Table 4.1) with similar fire and grazing histories. Paired
plots (reintroduction and control) were assessed at each site to make sure that the ground cover and the
structure of the woody vegetation were similar and the paired plots belong to the same habitat type without
major differences which might have occurred before or after the establishment of the reserves (see
Appendix 4.7.1, Table 4.7.1.). All plots were located at least 50 m from any road and at least 60 m from
any predator-proof fence and were separated by a minimum of 60 m. Soil sampling was conducted between
September 2015 and September 2016 (Table 4.1). However Yookamurra was an exception: 3 paired plots
were only 10 m from the predator proof fence and 5 m from roads and 20 m from one another. Sites were
visited in different seasons, but sampling from each reserve took place during the same visit (i.e., within
the same week), so seasonal variation was not expected to affect any reintroduction - control comparisons.
Most sampling was conducted in autumn and winter to avoid sampling in the growing season when plants
are actively using available nutrients (Chapin 1980), except in Arid Recovery where we went in early
September. Although September is in spring, the temperatures were still low early in the month. Three
different microsites were sampled within each plot: bare soil from the upper 5 cm (hereafter ‘topsoil’);
subsurface samples from the deeper layers of the soil and equivalent to the depth of the pits (10-15 cm deep
following studies of Eldridge et al. 2009, James et al. 2009, hereafter 'subsurface soil') and soil from under
the tallest dominant over storey (hereafter ‘vegetation’). Within each plot we collected six subsamples each
of bare, subsurface and vegetated soil using two transects, situated 6 m from the edges of the plot.
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Subsampling points were situated 4 m from each other and the three microsite types were separated by at
least 1 m. These six subsamples were then pooled for each plot, resulting in 10 samples for the
reintroduction and 10 for the control areas. In total, we sampled five reintroduction sites and five control
sites. Within each site, we sampled between eight and 10 plots, depending on the size of the areas (only
eight suitable paired plots could be located at Karakamia and Mt Rothwell reserves). In total, we collected
276 soil samples. After collection, the samples were immediately air–dried for 5 days and stored until
further analysis.
4.3.3. Experimental exclusion study of the reintroduced soil-disturbing mammals
To experimentally test the effect of soil-disturbing mammal activity, we performed a plot scale study inside
the reintroduction area at Scotia, hereafter ‘experimental exclusion study’ (Fig. 4.1c). We used 10 areas in
Eucalypt woodland with spinifex (Triodia scariosa) understorey on dune tops as these habitats are
associated with high activity of soil-disturbing mammals (James and Eldridge 2007, Finlayson et al. 2008).
In each area, a set of three plots, each 20 m by 20 m and separated by greater than 60 m, was set up in
October 2009. The following treatments were applied in July 2010: 1) Exclusion treatment: medium-sized
mammals were prevented from entering these plots using a complete 1 m tall ‘chicken wire’ (hexagonal
mesh with 52 mm x 40 mm holes) fence with a ‘rabbit-proof’ skirt dug-in 60 cm deep at the base of the
fence; 2) Procedural control treatment: these plots had a similar 1 m high fence, but the bottom 50 cm of
wire was removed and the disturbance of digging-in the rabbit-proof skirt was simulated; and 3) unmanipulated treatment: an unfenced plot, marked only with metal star pickets. Exclusion plots were
successful in excluding reintroduced mammals and contained only a few goanna foraging pits from one
year after exclusion, while procedural control and control plots supported similarly large numbers of
foraging pits (Gibb et al. 2018). Six soil subsamples from each of the targeted microsites were taken from
each plot in May 2015 using the methods described for the landscape scale study. Subsamples were pooled
at the plot level, resulting in 10 replicates of each microsite type from each experimental exclusion treatment
plot. This resulted in a total of 90 soil samples.
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Figure 4.1. a) The study sites; in order of increasing mean annual rainfall: 1. Arid Recovery (166
mm), 2. Scotia (233 mm), 3. Yookamurra (285 mm), 4. Mt Rothwell (468 mm), 5. Karakamia (877
mm), with photographs demonstrating the dominant vegetation type at each site. Sampling design (b)
showing paired plots with native soil disturbing mammals present (dark grey) and absent (light grey)
from study plots. Soil samples were taken from 3 microsites: topsoil samples (T); subsoil samples (S)
and under vegetation (V). The setup of the experimental plot scale study (c), where native mammals
are excluded from the exclusion plot (E), but allowed inside the procedural control (PC) and unmanipulated (U) plots
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4.3.4. Laboratory analysis of soils
We tested the activity of four enzymes: β-glucosidase (BG), which plays an important role in carbon
cycling; N-acetyl-β-glucosaminidase (NAG), which is important in nitrogen cycling; phosphatase (PHOS),
which plays a role in phosphate cycling; and cellobiosidase (CB), which is important in breaking down
cellulose. One gram of air-dried soil was mixed with 33 ml of sodium acetate buffer (pH > 7.5) using an
orbital shaker for 30 mins at 200 rpm. Then 800 µl of the soil slurry was pipetted into a well on a deep
welled plate and 200 µl of the substrate of each enzyme was added to the slurry. Substrates used for the
BG, NAG, PH, CB enzymes, respectively, were: 4-methylumbelliferyl β-D-glucopyranoside, 4methylumbelliferyl-N-β-D-glucosaminide, 4-methylumbelliferyl-phosphatase, 4-methylumbelliferyl-β-Dcellobioside. The soil–substrate solution was incubated at 25 °C for 3 hours and the activity (nmol activity
g-1 dry soil-1 h-1) was measured at 365 nm excitation wavelength and 450 nm of emission wavelength in a
microplate reader (CLARIOstar, BMG Labtech, Germany).
Labile carbon (C) content was measured by the change of absorbance of KMnO 4: the alkaline KMnO4
reacts with the most readily oxidisable forms of carbon to convert Mn(VII) to Mn(II) (Weil et al. 2003).
Available nitrogen (N) was assessed from soil samples following an extraction with 0.5 M K2SO4 in a 1:5
ratio. Extractions were placed on an orbital shaker at 200 rpm for an hour at 20 °C then filtered using 0.45
µm Millipore filter (Delgado-Baquerizo et al. 2010). Nitrate and nitrite content was measured using flow
injection analysis (QuickChem 8500; Lachat Instruments, Milwaukee, WI, USA). Given that the soil
samples were from a wide range of habitat types, it was only possible to determine soil total nitrate (NO3)
and nitrite (NO2-) content without changing the extraction methods for each soil type (hereafter available
nitrogen). Soil nitrate is an important compound for plants and bacteria (Forde 2000), so was used to assess
soil available nitrogen content.
4.3.5. Statistical analysis
We tested for correlations among annual rainfall, site and sampling characteristics using Pearson’s
correlation test. We did this to ensure that effects attributed to precipitation patterns were not due to co-
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varying factors. We tested only those site characteristics that were not directly limited by rainfall: sampling
season, reserve ‘age’, reserve size, years since mammal reintroduction, years since grazing by domestic
livestock, soil clay percentage as an indicator for soil type, foraging pit density and average pit volume.
‘Season’ was the number of days between the hottest day of the year at each site and the actual sampling
day at each site. None of the characteristics, except reserve size, were correlated with rainfall (correlations
>0.6). It is unlikely that reserve size affected soil function because our plots were situated on the edges of
the reintroduction areas, so none represented a core area of habitat occupied by reintroduced mammals.
Thus, no other site characteristics are likely to have confounded our interpretation of the impacts of annual
precipitation on soil nutrients and function.
All statistical analyses were conducted using the R Statistical Computing Environment (R Core Team
2008). For both studies we used linear mixed models on the lme4 package (Bates 2015) to test if soil
nutrients and microbial enzymes differed between control and reintroduction along the rainfall gradient in
the landscape-scale study or to test the differences between treatments in the experimental exclusion study.
For all modelling analyses, soil nutrients (labile carbon, available nitrogen) and the microbial enzymes were
used as response variables. Data were transformed, where necessary, to meet the assumptions of our
models. We used a natural log transformation for soil carbon and nitrogen data. Our global model included
the fixed factors annual mean precipitation (only the landscape-scale study), soil disturbing mammal
presence/absence and microsite type and all two-way and three-way interactions among these factors.
Precipitation was included in the models of the landscape-scale study with a coupled transformation:
logarithmical transformation to linearize the spread of the rainfall gradient and a polynomial term to
optimize the fit to the data points. Random effects were specified as paired plots (reintroduction and control)
within sites for the landscape-scale study. For the experimental exclusion study, the model included the
fixed factors soil-disturbing mammal presence/absence, microsite and their two-way interaction, as well as
the random factor ‘block’ (treatments were blocked in triplets). Significant interactions were disentangled
using Tukey’s tests with adjusted P values for multiple comparisons using the lsmeans package (Lenth
2016). Model predictions were plotted using AICmodavg (Mazerolle 2017) and effects (Fox 2003) packages
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to further investigate the nature of interactions and extract model predictions. Our models were validated
using diagnostic tools: checking the structure of residuals for model fit and normal quantile-quantile tests
for data distribution. All graphs shown were made using the ggplot2 package (Wickham 2009).

4.4.

Results

4.4.1. Landscape-scale replicated study of the impact of soil disturbing mammals
Microbial enzyme activity differed between reintroduction and control sites for three of the four enzymes,
and there were significant interactions between rainfall and microsite type. An interaction between
precipitation and microsite showed that microbial enzyme activity was higher in vegetation microsites, but
that this effect varied with precipitation. Phosphatase increased monotonically with precipitation, but
relationships among β-glucosidase, cellobiosidase and N-acetyl-β-glucosaminidase were not linear (Table
4.2, Fig. 4.2). Both cellobiosidase and phosphatase activity were higher in reintroduction areas, independent
of precipitation and microsite (Fig. 4.2c, 4.2f) while β-glucosidase activity was greater in reintroduction
areas, but only in vegetated microsites (Fig. 4.2a). An interaction between precipitation and microsite was
detected to determine the activity of all microbial enzymes: activity was higher in vegetation microsites,
but only in some levels of precipitation. Phosphatase increased monotonically with precipitation, but
relationships among β-glucosidase, cellobiosidase and N-acetyl-β-glucosaminidase were not linear (Table
4.2, Fig. 4.2).
Labile carbon concentration was highest in the presence of soil-disturbing mammals in the subsurface and
topsoil microsites. Where mammals were present, differences in labile carbon among microsites were
obliterated (Table 4.2, Fig. 4.3a). Positive effects of soil-disturbing mammals on labile carbon were greatest
at low precipitation, although this interaction was marginally non-significant (2 = 5.08, P = 0.07, Table
4.2).
Available nitrogen content differed only between reintroduction and control areas between ~160 and 400
mm per year, peaking at intermediate levels of precipitation (~ 350 mm, Table 4.2, Fig. 4.3c). Available
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nitrogen was greater under vegetated microsites than bare microsites, but this impact declined with
increasing rainfall, irrespective of the presence of soil-disturbing mammals. Soil nitrogen content was
greatest in vegetated microsites in areas between ~160 and 600 mm annual rainfall, after which values
declined to levels much lower than in the topsoil (Table 4.2, Fig. 4.3d).
4.4.2.

Experimental exclusion study of reintroduced soil-disturbing mammals

Our exclusion experiment at Scotia showed that excluding soil-disturbing mammals alone did not have a
significant impact on microbial enzymes or soil nutrients (Table 4.2) within 6 years at the scale of the 20
m x 20 m plots. Microsite effects were greater than mammal effects. Although interactions between these
factors were significant predictors of soil available carbon and nitrogen, post-hoc tests showed similar
trends across microhabitats among treatments (Fig. 4.4).
The activity of all four enzymes differed among the three microsites (Table 4.2). Activities of β-glucosidase,
cellobiosidase and N-acetyl-β-glucosaminidase were lowest in sub-surface soils and greatest in vegetated
microsites (Fig. 4.4a - c). Phosphatase activity, however, was greatest in the surface soils followed by soil
under vegetation (Fig. 4.4d).
Soil labile carbon and available nitrogen levels were significantly greater under vegetation, irrespective of
treatment (Fig. 4.4e - f). Soil labile carbon content was significantly higher in soils beneath vegetation in
both the procedural control and exclusion treatments, but any microsite differences vanished in the unmanipulated treatment (Table 4.2, Fig. 4.4e). Available nitrogen content was significantly greater in soils
beneath vegetation in all treatments, but was higher in the subsoil than the surface soil in the un-manipulated
treatment, where mammals had access (Table 4.2, Fig. 4.4f).
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Table 4.2. Effects of native mammals, rainfall and microhabitat types and their two- and three- way interactions on soil enzyme activities,
labile carbon and available nitrogen for the two studies. Soil disturbing mammals: P = present, A = absent, Microhabitat: V = vegetated,
T = topsoil, S = subsurface soil. Rainfall: I = increasing, D = declining; Experimental treatments: E = Mammal exclusion, PC = procedural
control, U = un-manipulated plot with native mammal present. Significant differences are highlighted in bold, ns = not significant
β-glucosidase

Cellobiosidase

N-acetyl-β-

Phosphatase

Labile carbon

Available nitrogen

(BG)

(CB)

glucosaminidase (NAG)

(PHOS)

(C)

(N)

2 (P)

2 (P)

2 (P)

2 (P)

2 (P)

2 (P)

Landscape scale
Mammals

1.662 (0.2)

5.83 (0.01)

1.44 (0.23)

4.81 (0.03)

12.5 (<0.001)

3.9 (0.04)

ns

P>A

ns

P>A

P>A

P>A

35.8 (<0.001)

11.9 (0.003)

33.9 (<0.001)

11.1 (0.003)

28.7 (<0.001)

192.0 (<0.001)

V > (T = S)

V > (T = S)

V > (T = S)

V > (T = S)

V > (T = S)

V > (T = S)

10.2 (0 .01)

4.6 (0.09)

9.2 (0.01)

72.5 (<0.001)

115.2 (<0.001)

44.3 (<0.001)

I

ns

I

I

I

I

Mammals * Microsite

7.91 (0.02)

0.99 (0.60)

3.24 (0.19)

2.21 (0.33)

9.83 (0.007)

1.32 (0.51)

Mammals * Rainfall

0.74 (0.69)

2.09 (0.35)

0.62 (0.73)

2.56 (0.28)

5.08 (0.07)

7.59 (0.02)

Rainfall * Microsite

13.40 (0.01)

10.46 (0.03)

25.64 (<0.001)

11.00 (0.03)

6.15 (0.18)

74.91 (<0.001)

Mammals * Rainfall *

3.19 (0.52)

1.79 (0.77)

4.53 (0.34)

2.15 (0.71)

3.22 (0.52)

3.55 (0.47)

Microsite

Rainfall

Microsite
Experimental scale
Treatment

Microsite

Treatment * Microsite

7.5 (0.02)

1.05 (0.59)

0.03 (0.98)

0.65 (0.72)

0.99 (0.61)

0.18 (0.91)

PC > (E=U)

ns

ns

ns

ns

ns

57.8 (<0.001)

45.3 (<0.001)

119.6 (<0.001)

42.6 (<0.001)

69.8 (<0.001)

63.8 (<0.001)

V>T>S

V>T>S

V>T>S

T>V>S

V > (T= S)

V > (T= S)

0.32 (0.99)

2.04 (0.73)

1.09 (0.89)

2.52 (0.64)

12.99 (0.01)

10.33 (0.03)
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Figure 4.2. Microbial enzymes in the landscape-scale study: (a) β-glucosidase (BG) enzyme
activity in the three microsites with and without soil disturbing mammals and (b) in relation to
annual precipitation (± 95% CI); (c) cellobiosidase (CB) activity with and without soil disturbing
mammals and (d) in relation to annual precipitation (± 95% CI); (e) N-acetyl-β-glucosaminidase
(NAG) activity in relation to annual precipitation (± 95% CI); and (f) phosphatase (PHOS) activity
in relation to soil disturbing mammals and (g) annual precipitation (± 95% CI). Mean values are
plotted of microsite types at each study site
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Figure 4.3. Soil nutrients in the landscape-scale study: (a) Mean (± SE) soil labile carbon content
with and without soil disturbing mammals for three microsites; and (b) Modelled concentrations of
soil labile carbon and (c) available nitrogen in relation to rainfall. Lines indicate mean (± 95% CI);
(d) Soil available nitrogen in three microsites across the precipitation gradient. Mean values of
study sites are plotted in relation to soil disturbing mammal presence or absence and microsite types
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Figure 4.4. Microbial enzymes and soil nutrients in the experimental exclusion study: (a) Mean
(+ SE) β-glucosidase enzyme activity in relation to microsites; (b) mean (+ SE) cellobiosidase

(CB) activity in relation to microsites; (c) mean (+ SE) N-acetyl-β-glucosaminidase (NAG) and
(d) mean (+ SE) phosphatase (PHOS) enzyme activities in different microsite types. Mean (+ SE)
(e) available soil carbon and (f) nitrogen in relation to microsites

102

4.5.

Discussion

Species extinctions may lead to a loss of ecosystem function. Although soil-disturbing
mammals are known to alter soil functions at small scales (e.g. James et al. 2009, Valentine et
al. 2017), no studies have previously tested landscape-scale effects or how they are influenced
by environmental gradients. Our study of the effects of reintroduced animals on soil processes
showed that soil enzyme activity was greatest in the presence of soil-disturbing mammals, but
that this effect was sometimes regulated by microsite. Soil available carbon and nitrogen were
both greater in the presence of soil-disturbing mammals, but the magnitude of the mammal
effect varied across the rainfall gradient and among microsites. Microsite effects were often
stronger than mammal effects, with soil beneath vegetated patches (shrubs and trees) having
greater enzyme activity, carbon and nitrogen, than bare soils. Finally, soil disturbance altered
the pattern of nutrients across some microsites, but again this effect varied across the rainfall
gradient. Together, our results suggest that soil-disturbing mammals increase soil enzyme
activity and nutrients, but the impact is strongly context-dependent, and varies with both the
physical structure of particular reintroduction sites (make-up of the dominant microsites) and
relative site productivity (using precipitation, our proxy for productivity).
4.5.1. Soil disturbance by mammals is associated with increasing enzyme activity,
independent of precipitation
In our landscape-scale study, we detected significantly greater enzyme (β-glucosidase,
cellobiosidase, phosphatase) activity in reintroduction compared to control areas, irrespective
of rainfall. β-glucosidase activity was only greater in the presence of soil-disturbing mammals
within the vegetated microsites, but N-acetyl-β-glucosaminidase only responded to
precipitation. The extent to which microbes produce extracellular enzymes for decomposition
depends on surface disturbance (Caldwell 2005) and environmental factors such as soil
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moisture and pH (Knelman et al. 2017), but there is some evidence that soil-disturbing animals
also influence enzyme activities. For example, Eldridge et al. (2016) showed that cellobiosidase
activity was highly correlated with the size of foraging pits constructed by short-beaked
echidnas (Tachyglossus aculeatus), suggesting that greater per-capita activity of soildisturbing animals is associated with greater processing of cellulose (Bell et al. 2013). This
effect could be due to a greater capture of organic matter in the foraging pits, or more likely,
admixing of litter and surface soils through animal activity, bringing microbes and organic
matter into contact with moisture (Eldridge and Mensinga 2007, James et al. 2009). Foraging
pits occupied only ~2% of the soil surface (Decker unpublished data), but we showed that the
effect of digging carried over to undisturbed soils, indicating a previous legacy effect of
animals that extends far beyond the contemporary distribution of their disturbances.
Phosphatase activity was greater in the reintroduction than in control areas, consistent with
studies of short-beaked echidnas on dryland soils (Eldridge et al. 2016). Australian soils are
extremely low in phosphorus (Lambers et al. 2011), which is derived from the weathering of
parent material and the deposition of atmospheric dust (Walker and Coventry 1976). Once
inorganic phosphorus is exposed to the soil, it can only be assimilated by organisms in a
dissolved form, therefore microbial enzymes play a fundamental role in phosphorus cycling.
Phosphorus is unlike carbon and nitrogen, and is under abiotic control derived mainly from
subsoils and P-rich parent material (Vitousek et al. 2010). Thus our results suggest that soildisturbing mammals expose subsoils and distribute them across the landscape.
Finally, the experimental exclusion study showed that enzyme activity did not decline in plots
where animals were excluded. The most parsimonious explanation is that positive legacy
effects of mammals persist for many years after their local extinction (Noble et al. 2007).
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Alternatively, leaching from the surrounding area into the exclusion plots might have
homogenised soil properties if plot size was too small.
We also detected a general increase in enzyme activity in our landscape-scale study with
increasing precipitation: β-glucosidase, cellobiosidase and N-acetyl-β-glucosaminidase
activities peaked at intermediate levels of productivity (~300 to 800 mm rainfall) and
depending on microsite. These microbial enzyme activities under vegetated microsites
increased rapidly along the rainfall gradient, becoming clearly different from other microsites
at high rainfall. This trend was not unexpected as rainfall drives soil microbial biomass through
increasing plant productivity (Zak et al. 1994, Waldrop et al. 2017). Shrubs were present at the
driest site, but there were no trees, so lowered organic material input from vegetation might
explain the similarity among microsites (Whitford 2002).
4.5.2.

Context-dependent effects of soil-disturbing mammals on soil available nitrogen and

carbon
Surface disturbance resulted in a significant increase in labile carbon, and there was a trend for
the effect of mammals to be regulated by rainfall, as indicated by the results of our landscapescale study. Labile carbon represents the fraction of the total carbon pool most available to soil
biota and vegetation: it has the most rapid turnover and comprises amino acids, simple
carbohydrates, and the most readily mineralizable fraction of microbial biomass (Zou et al.
2005). Plant cover and biological production are low in drylands, where increases in soil
disturbance lead to increased soil heterogeneity (Davidson and Lightfoot 2008, Eldridge et al.
2009). In more mesic (~ 900 mm rainfall) systems, however, the matrix is dominated by
vegetation, and biological activity is high. In these systems, rainfall drives the decomposer
community (García‐Palacios et al. 2013), whose effects may swamp those of soil-disturbing
animals at higher rainfall. Soil carbon, therefore, increases in wetter environments irrespective
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of soil-disturbing mammals, as decomposition processes are more rapid (Hättenschwiler and
Gasser 2005, Aerts 2006). This might not be the case for soil nitrogen: at higher rainfall, the
positive effect of mammals might be overwhelmed by the impacts of rainfall-driven leaching
of nitrogen from the soils (Radulovich and Sollins 1991, Domínguez et al. 2004).
4.5.3.

Microsite effects predominate, but vary under soil-disturbing mammal reintroduction

Soil nutrient pools and enzyme activities were more strongly related to microsite than the
presence of soil-disturbing mammals, and this trend was consistent for both the landscape-scale
and experimental exclusion studies. For example, β-glucosidase and nitrogen were greater
under vegetated, perennial microsites than in the open, consistent with the extensive body of
literature on patterns of nutrient and moisture accumulation, and microbial and invertebrate
communities beneath the canopies of woody plants (Schlesinger and Pilmanis 1998, OchoaHueso et al. 2018). Without soil disturbance and resource distribution by mammals, nutrients
can be limited to the canopies of perennial vegetation with increased biological activity (Stock
et al. 1999, Whitford 2002).
We found that the process of nutrient accumulation in the soil beneath vegetation patches, or
differences within a given site, were mediated by the activity of soil-disturbing mammals. For
example, soil labile carbon differed among microsites in the control, but in the reintroduction
area, total values increased, and microsite-level differences vanished in both landscape-scale
and experimental exclusion studies. This finding shows that, in addition to driving broad-scale
increases in soil nutrients, soil-disturbing mammals homogenise nutrient distribution among
microsites. The most parsimonious explanation is the translocation of subsoil to the surface
horizons by animals during their digging activities, a process that has been observed in other
digging animals such as pocket gophers (Geomys spp., Kerley et al. 2004). Soil nutrients in
foraging pits below-ground increase largely through the accumulation of litter (James et al.
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2009). Soils from older disturbances will have more labile carbon, and, with the continuous
bioturbation of the soil over many years, some subsurface samples may begin to resemble
surface soils in their carbon and nitrogen signature. This may then be detected in soils across
the entire area occupied by soil-disturbing mammals and not only in their foraging pits.
4.6.

Conclusions

Accurate prediction of the benefits of animal reintroductions for restoring ecosystem functions
may depend on knowledge of species interactions and environmental factors at large and
microsite-scales (Nogués-Bravo et al. 2016). However, it is clear that reintroductions of
ecologically extinct soil-disturbing mammals provide an opportunity to ameliorate declines in
soil function, particularly in the drier parts of Australia. Although mammal reintroductions are
conducted primarily for species conservation and, in Australia, are largely confined to predatorfree areas, their value in ecosystem restoration provides an additional incentive for
conservation.
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4.7.

Appendix

Appendix 4.7.1. Woody biomass and vegetation ground cover in paired reintroduction and
control plots
4.7.1.1. Introduction
Woody biomass surveys were conducted in order to compare habitat types in the reserves and
control plots in order to assess that the study plots are true representations of the same habitat
on both side of the predator-proof fence. Woody plant structure indicates long-term (decadelong) plant responses to the environment (e.g. Clarke et al. 2010), so should provide a good
indication of site similarity prior to reintroductions. The surveys did not aim to be
representative of the whole landscape, but to test the validity of the paired control and
reintroduction study plots as replicates. It was assumed that if the measured woody biomass
(alive and dead) is not different, that the long living annual species had undergone similar
ecological processes on both sides of the predator proof-fence A similar woody biomass
measure provides evidence that plots belong to the same habitat type and had undergone similar
ecological processes prior to the installation of predator-proof fences and reintroduction of soil
disturbing mammals. If the plots were different in their woody structure, it is highly likely that
the paired plots did not belong to the same habitat type within a site and the soil processes at
the study plots would have been driven by the local habitat type rather than soil disturbing
mammal presence/absence.
4.7.1.2. Methods
Woody biomass surveys were conducted in each 20 m by 20 m study plot for the landscapescale study, using two transects running east-west 6 m from the northern and southern edge of
the plot to estimate differences between reintroduction and control plots. We conducted woody
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cover surveys along two 20 m transects at each study plot. Every metre along the transects, at
each study plot, a pole was dropped, and the woody ground cover type that the pole hit first
was recorded. This resulted in a 20 point-record documenting the woody ground cover. Woody
cover types included: dead wood, tree and shrub. The total number of hits of each woody cover
type was analysed as a proportion of hits per plot. In addition to the point-transects, percentage
tree canopy cover was estimated every 4 m along each transect (resulted in a 10 point - survey)
by the same observer at every study plot. A mean percentage over the whole study plot was
used in analyses. Woody biomass was also assessed by counting individual trees and measuring
the chest-height circumference (of ten randomly selected individuals) of the site’s dominant
tree species to estimate tree age and assess any major changes.
Non-woody ground cover was surveyed using the same methods as described above for the
woody cover survey. We used this data to test if non-woody ground cover differed between
reintroduction and control plots and if altered ground cover might drive changes in the
measured soil variables. Vegetation cover types included bare ground, cryptogamic crust cover,
litter or dead wood cover, plant ground cover (grass and forb species), shrub and tree cover.
Woody biomass of the paired plots was compared using one-way analysis of variance testing
each site separately to detect differences between paired reintroduction and control plots for
the landscape-scale study. Spearman’s correlation tests were used to test correlations among
soil variables (available C and N, microbial enzymes) and vegetation ground cover proportions
for the landscape-scale study to assess if the vegetation cover in sanctuaries were altered by
soil disturbing mammal activity, which could drive the changes in measured soil variables.
4.7.1.3. Results and Discussion
We found no significant differences in long term habitat structure between the paired plots in
the reintroduction and control plots for all but one variable: tree numbers in Karakamia differed
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between reintroduction and control plots (Table S1.1). This significant difference was
represented by only an average difference of one tree between reserve (average tree
number=8.6) and control plots (ave. tree number = 9.6, however the variance was greater inside
the reserve (standard error = 0.4) than in the control plots (standard error = 0.2). This difference
(of one) at Karakamia therefore was not identified as a major change between the reserve and
control plots. Given that the woody biomass and structure did not differ within each site, we
could confirm that plots were of the same habitat type and same habitat age at each site.
In general, there were no consistent trends in the response of either carbon or nitrogen, or soil
enzymes to environmental variables (Fig. S2.1). Although we found no consistent relationships
among enzyme activities and environmental variables across the gradient, activities of the four
enzymes were correlated positively with litter cover, but negatively with plant cover, at the site
with the greatest precipitation (877 mm; Karakamia, Figure S2.1). This trend might be caused
by nutrient-poor leaves of the Jarrah eucalypt (Eucalyptus marginata), which dominated our
wettest site (Hingston et al. 1980, Banning et al. 2008). Finally, biocrusts occurred at only two
of our sites (Yookamurra and Scotia), where they were positively correlated with most
enzymes, consistent with the large body of literature on biocrusts, soil enzymes and nutrients
(e.g. Delgado-Baquerizo et al. 2013).
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Table 4.7.1. F-ratio (p-value) from analysis of variance testing for differences in woody biomass between paired plots in the
reintroduction and control plots at each site. Significant differences are presented in bold type

Arid Recovery
Scotia
Yookamurra
Mt Rothwell
Karakamia

Dead wood density

Tree density

Canopy cover

Tree no.

0.37 (0.55)
0.04 (0.84)
0.20 (0.66)
0.00 (1.00)
0.11 (0.74)

1.90 (0.17)
1.18 (0.28)
0.00 (1.00)
0.00 (1.00)
0.22 (0.64)

0.00 (1.00)
0.58 (0.45)
NA
0.36 (0.54)
2.21 (0.14)

0.00 (1.00)
1.08 (0.30)
0.08 (0.78)
0.05 (0.82)
4.45 (0.04)

Tree
circumference
0.00 (1.00)
1.89 (0.18)
0.03 (0.87)
1.16 (0.29)
0.02 (0.89)
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Appendix 4.7.2.

Figure 4.7.2. Spearman rank correlation matrix of cover and soil variables at a) Arid Recovery, b)
Scotia, c) Yookamurra, d) Mount Rothwell and e) Karakamia. Sites are separated into
reintroduction (left) and control plots (right). Only significant correlations are shown in the table
(p > 0.05), whereas values coded with ns are not significant correlations
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Chapter V.
5.1. Thesis Conclusion
This thesis tested the role of native ecosystem engineers in important soil processes over a large
environmental gradient. The findings help to understand the functions of native digging species and
their landscape scale effects on ecosystem services. The results therefore inform land managers and
conservation restoration projects on possible outcomes of reintroducing native ecosystem engineers
in a range of environments. Overall, soil disturbance by native mammals had beneficial impacts on
soil functioning and health, possibly restoring species interactions and biological processes on a
broad scale. However, most engineering impacts were dependant on the environmental context:
effects were most pronounced in resource-limited arid and semi-arid systems, with smaller effects
sizes in mesic systems.

5.1.2. Key findings
In Chapter II, we tested bacterial community responses to the reintroduction of native digging
mammals. We demonstrated that bacterial communities are affected by native digging mammals, but
the impact was moderated by habitat productivity (mean annual rainfall as a proxy). Bacterial
richness was higher in the presence of native ecosystem engineers, and this impact was greatest in
arid and semi-arid environments. Community composition shifted in the reintroduction areas at the
semi-arid sites only. Our analysis revealed that a diverse group of bacterial taxa were associated both
with the reintroduction and the control areas. However, bacterial taxa which were associated with the
reintroduction areas, were antibiotic producers, nitrogen fixing symbionts and microbial predators.
Control areas were mainly linked with organic material decomposer taxa, including bacteria which
preferred saline environments.
Chapter III. and IV addressed the question of how nutrient cycling changes when native digging
mammals are reintroduced. The study is a clear example of altered nutrient cycling resulting from
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the lack of native ecosystem engineers. It also shows strong dependence on climate. Soil organic
matter was higher in the reintroduction reserves, with the greatest difference appearing in arid
environments. Similarly, soil available carbon and nitrogen were elevated in the presence of native
digging mammals and the highest effect size occurred in water-limited systems. In contrast, activity
of most microbial enzymes was higher in the reintroduction areas, regardless of the rainfall gradient.
Surprisingly, short-term exclusion of native ecosystem engineers did not affect soil nutrients,
indicating possible legacy effects, i.e., effects that remain for a long time after the termination of
digging activity by native mammals. The effects can be as persistent as several decades: Noble et al.
(2007) considered bettong warrens ‘ecological time capsules’, as a result of the extreme longevity of
their influence on the environment following the local extinction of bettongs. Similar legacy effects
persisted for multiple decades after the abandonment of beaver dams (Wright et al. 2003). The results
illustrate broad-scale beneficial impacts of native ecosystem engineer activities, creating healthy and
dynamic soil processes which might persist over a historic time-period.

5.1.3.

Context-dependency of reintroduced ecosystem engineers’ restoration potential

My findings provide support for Jones’ hypothesis that ecosystem engineering varies over
environmental gradients and has its greatest effects in resource-poor environments (Jones et al. 1997).
However, to date, little attention has been given to ecologically similar engineers which exist in
different environments (but see Anderson et al. 2009). Here, we examined ecologically similar
assemblages of native digging species across a gradient of climatic conditions. This work presents a
significant advance in our understanding of context-dependent effects of ecosystem engineers.
When resources are constrained, even the smallest change in availability might create substantial
differences for other species (Whitford 2002). On the other hand, systems that are highly productive
might not be ‘improved’ by natural disturbances at the level provided by ecosystem engineers (Crain
and Bertness 2005). This thesis highlights the need for multi-landscape studies that assess the
consequences of species loss across systems. Species interactions can change over environmental
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gradients (Miller et al. 2009, Chamberlain et al. 2014), so the same species can be functionally
redundant or crucial, depending on the environment (Rosenfeld 2002). For example, a herbivore with
little ecological impact can become a major controller of specific plants if introduced to a novel
habitat (Creed 2000). Similarly, when reintroduced to their historic ranges, native digging mammals
became major drivers of soil functioning, but not in all habitat types. Soil functioning is a complex
process dictated by abiotic and biotic interactions (Whitford 1989, Maestre et al. 2005, Singh et al.
2009, Wagg et al. 2014). Productive systems showed minimal response to the soil disturbance of
native mammals, suggesting a degree of redundancy in these systems, at least in terms of soil
processes. In contrast, a recent study from Tasmania confirmed significant impacts on soil
characteristics of native ecosystem engineers in a dry temperate forest. Results however were similar
in their nature of effect sizes: the greatest engineering impact on soil properties was associated with
the driest soil types (Davies et al. 2019). Although native ecosystem engineers had lesser impacts on
soil variables in mesic systems in our study, previous studies suggest that they alter other important
biotic processes in productive habitats, such as plant development and soil mycorrhizal fungi
distribution (e.g. Tay et al. 2018).

5.2. Broader implications
As stated earlier, biodiversity decline is often followed by the deterioration of ecosystem functions
(Tilman et al. 1997, Valiente‐Banuet et al. 2015); therefore, understanding the mechanisms behind
function is an urgent task for scientists. Ecosystem functioning can be defined by the system’s energy
flows and the recycling of organic matter (Ghilarov 2000). Ecosystem services might therefore be
restored by introducing energy to the system. The novel source of energy could move the degraded
state through several successional states, eventually leading to a healthy ecosystem, and this is where
ecosystem engineers could trigger the transformation (Byers et al. 2006). Digging mammals
significantly change local microhabitat types (e.g. Valentine et al. 2018) and this study showed that
the series of small-scale disturbances can manifest as a landscape scale effect, beyond the scale of
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individual foraging pits. This finding sheds light on the great restoration potential of native ecosystem
engineers, which might be able to aid in the recovery of vast areas of degraded lands over time.
While the natural disturbances addressed in this thesis are measured in natural systems, the positive
impacts of digging mammals indicate that they might also be used in production systems to improve
degraded soils. For example, land degradation by grazing changes soil properties and is an invasive
process for many soil organisms. Therefore, it is difficult to restore the optimal soil quality for plant
growth (Fleischner 1994, Lunt et al. 2007, Bardgett and van der Putten 2014). However, soil-foraging
animals, such as echidnas (Tachyglossus aculeatus), can offset the damage caused by cattle (Eldridge
et al. 2016). This thesis indicates that reintroducing threatened ecosystem engineers to their former
habitat might achieve two goals: conserving species and restoring degraded land which would be able
to create a hospitable environment for a range of other species. However, if the primary goal is to
restore soil functions, native ecosystem engineers might be the most crucial in arid and semi-arid
habitats.

5.3. Future directions
The results presented in this thesis clearly show that native digging mammals have the potential to
enhance nutrient cycling in agricultural systems, just as they do in natural systems. The role of the
once widespread native ecosystem engineers is clearly demonstrated in this thesis and their
disappearance is likely to have contributed to the degradation of soil health (Fleming et al. 2014),
especially in resource-limited systems. In addition to enhancing soil fertility, native mammals might
also assist in sequestering carbon, as demonstrated by Chapters III and IV. The finding that they
enhance soil organic matter and labile carbon storage suggests that native ecosystem engineers have
a potential in carbon farming, reducing wildfires (Hayward et al. 2016, Johnson, 2016) and eventually
play a role in the mitigation of climate change by increasing underground carbon sinks. Soil carbon
sinks carry the benefit of being less likely to be released to the atmosphere during future fires than
above-ground plant biomass. Therefore, the restoration of both natural and agricultural soils could be
aided by native digging mammals. However, the survival of Australia’s digging mammals depends
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on the ongoing conservation efforts from both government departments and non-government
organisations.
To confirm beneficial effects of digging mammals on the functioning of soil microbial organisms, it
is not enough to describe bacterial species community composition. As described in Chapter II,
bacterial communities might have shifted in their functions, but further investigation is needed to
confirm this. Microbial profiling of the soil is necessary to understand more precisely how natural
soil disturbance impacts soil functions (Tringe et al. 2005). This can shed light on the processes of
enhanced development of plants that are grown in soils from mammal foraging pits (Travers et al.
2012a). Such findings could then describe specific impacts of digging mammals on soil microbial
functioning and eventually introduce native ecosystem engineers as novel tools for improving soils
(Bender et al. 2016).
Given the range of effects detected in this thesis and by other researchers, the loss of digging
mammals in Australia has probably led to substantial changes in soil functions, vegetation, microbial
and invertebrate assemblages (e.g. Munro et al. 2009, Clarke et al. 2015, Silvey et al. 2015). Any
changes detected in reintroduction reserves may be reverting the ecosystem to its pre-European state,
as a result of restoring soil processes. Alternatively, such changes may shift the ecosystem towards
an alternative stable state, which is not more similar to the pre-European ecosystem. Because we have
little data on the pre-European state of vegetation and ecosystem, a goal of resilient ecosystems may
be more achievable and practical for reintroduction reserves than a goal of pre-European ecosystems.
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