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Abstract
In the Australian Alps, the predicted rise in temperatures, decrease in precipitation and shifts in
plant communities could have important consequences on carbon and nutrient dynamics. In order
to determine the future impacts of a warmer climate on the nutrient dynamics in alpine soils, this
thesis aims to (1) investigate the effects of warming on the decomposition and nutrient dynamics
of litters of a range of common alpine species, (2) determine how the warming-associated changes
in nutrient dynamics from litter decomposition affect the nutrient dynamics in the soil, and (3)
investigate the effects of long-term warming on the soil microbial potential to mineralize C and N
with litter addition and also under dry-rewet conditions.
In the first field experiment, warming effects on the decomposition and nutrient releases from
litters of eight alpine species were investigated over 633 days. Warming, using open-top
chambers, induced soil drying which reduced decomposition and nutrient releases.
The second field experiment then aimed to determine how these nutrient releases affect soil
nutrients under different climatic conditions. To that effect, litters of two dominant alpine species
were submitted to three elevations over 321 days. Total mass and carbon losses and nutrient
releases of both litters were lowest at the warmest elevation. Soil nutrients were unaffected by
elevation and were immobilized under decomposing litters. Thus, short-term (0-2 years) warming
and drying decreased litter decomposition and nutrient releases, with little direct impact on soil
nutrients.
The next experiment investigated the effects of 10-years warming on soil microbial activity and
biomass, and its ability to decompose and mineralize carbon and nitrogen from two contrasting
litter types. Previously warmed soils had reduced N mineralization, microbial biomass and
activity, but greater relative increases in C and N mineralization when amended with litters.
Lastly, the effects of long-term warming and dry-rewet frequency, on the decomposition of soil
organic matter and nitrogen mineralization were investigated. Dry-rewet and increasing the
number of dry days reduced microbial biomass and activity, while increasing inorganic nitrogen.
However, after 16 days at optimum moisture, dry-rewetted soils had similar total carbon losses
through respiration to constantly moist soils.
In conclusion, warming-induced drying limited decomposition in the short-term. A consistent
reduction in available substrate from litter decomposition under warming could explain the
decline in microbial biomass and activity in the long-term and could potentially lead to decreased
carbon and nutrient cycling in this ecosystem.
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Chapter 1: Literature review

1.1. Introduction
Anthropogenic influences, through the use of fossil fuels, agriculture and land-use change have
enhanced the greenhouse effect. As a consequence, global mean surface temperatures are
expected to rise by 1.8–4.0 ºC over the next 100 years (Solomon et al. 2007). Across multiple
ecosystems, predictions and evidence show that climate change is proceeding towards the
restructuring of soil processes (Solomon et al. 2007). Alpine systems are projected to experience
greater degrees of warming due to their higher altitudes and cooler environments (Nadelhoffer et
al. 1992), and consequences of climate change have been observed prematurely in alpine
ecosystems compared with other terrestrial ecosystems. For example, alpine plants have
responded to warming through shifts in species community composition and structure (Bjork et
al. 2007) and increased plant productivity (Rustad et al. 2001), while soils have been reported to
undergo increased carbon dioxide (CO2) loss through microbial respiration (Howard and Howard
1993) and enhanced net nutrient mineralization (Schmidt et al. 1999).
The Victorian Alps bioregion, South-East of Australia, covers over 3000 km2, with the true alpine
ecosystem covering only 700 km2 (Good and Wales 1992). The Australian alpine and subalpine
regions are restricted to above 1400 m in elevation and support a rich biodiversity (Green and
Osborne 1994). The vegetation is characterized by low-growing shrubs and herbs which form
distinct alpine plant communities, including heath, grassland, herbfield, bog and fen and feldmark
(Costin et al. 2000). This ecosystem is particularly vulnerable to climate change with predicted
rises in ambient temperatures ranging between 0.6 and 2.9 °C and changes in precipitation
between +2.3 and −24% by 2050 (Hennessy et al. 2003). Moreover, the occurrence of extreme
weather events, such as bushfires and drought during the snow-free season (Good and Wales
1992; Costin et al. 2000) are predicted to increase (Wahren et al. 2001; Williams et al. 2009),
while the duration and depth of snow cover are predicted to decrease (Hennessy et al. 2003).
These predicted climatic changes have the potential to alter important ecosystem processes. For
instance, field studies in the Australian Alps have shown that warming, applied artificially using
open-top chambers (OTC), increased the vegetative growth rates of common native alpine plant
species, including forb, graminoid and shrub species (Jarrad et al. 2009) and also led to the earlier
occurrence of key phenological events (such as flowering, seed set and budding) in certain species
(Jarrad et al. 2008; Hoffmann et al. 2010). Moreover, changes in plant community dynamics,
especially shrub expansion and reduction in grass cover, have been associated with warming
(Wahren et al. 2013) as well as increased drought occurrence (Williams 1990). The latter has been
associated to the increase in the mortality of dominant alpine grasses due to decreased water
availability in the Australian Alps (Griffin and Hoffmann 2011). It is likely that increasing
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temperatures, warming-induced drought and warming-induced shifts in plant community
dynamics will affect soil nutrient cycling, as observed in alpine systems of the Northern
hemisphere (Rustad et al. 2001). However, while many climate manipulation studies in this
region, as the ones described above, have focused on the vegetative responses, few have
investigated their effects on soil nutrients. The first study to investigate the effects of warming
(using OTC) in the Australian Alps on the soil nutrient dynamics demonstrated that warming,
inevitably accompanied by soil drying, increased soil nitrogen (N) and phosphorus (P) (WhiteMonsant et al. 2015). Currently, the link between changes in vegetation and nutrient cycling in
the soil in a warmer climate is lacking in the Australian Alps. To this end, investigation of the
impacts of warming on the litter decomposition process of common alpine species, and soil
microbial activity is required.
This chapter will review the current knowledge on the effects of warming on litter decomposition
and soil nutrient dynamics in alpine ecosystems. It will consider; firstly, the effects of warming on
the nutrient cycling in alpine ecosystems, in particular through its impacts on the litter
decomposition process; secondly, the indirect impacts of warming on plant community dynamics
and microbial activity, biomass and community and their resulting impact on nutrient cycling;
thirdly, the temporal and seasonal effects on the rates of nutrient cycling; and finally, the
justifications for further research into litter decomposition under a warmer climate will be
highlighted.
1.2. Soil organic matter in alpine ecosystems
Soils in alpine and sub-alpine ecosystems typically have relatively high soil organic matter (SOM)
content in comparison to soils at lower elevations and thus are important components of the global
soil carbon budget (Mack et al. 2004). This soil organic carbon can be fractionated into four
biologically significant parts: plant litter, defined by shoot and root residues less than 2 mm in the
soil and found on the soil surface; particulate organic carbon, consisting of plant debris that are
between 0.053 mm and 2 mm; humus, which consists of decomposed materials less than
0.053 mm and recalcitrant organic carbon which is biologically stable (Baldock 2007). Alpine soil
levels of carbon (C) and nitrogen (N) are high (Niklinska and Klimek 2007; Huber et al. 2011)
and are due to the slow SOM decomposition rates arising from the low nutrient concentrations of
plant litter (Mack et al. 2004) and the cold soil temperatures. Furthermore, these soils accumulate
recalcitrant compounds due to initial utilization by decomposers of the more labile compounds
and the production of recalcitrant compounds by microbial humification, or during fire, when
organic matter is transformed into charcoal (Hobbie et al. 2000). Hence, in alpine ecosystems,
SOM is the main store of C (> 92%), with only 3–5% found in live biomass and 2–3% found in
standing dead plant mass and litter (Körner 2003).
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Warming can increase SOM decomposition rates, by reducing the temperature limitation, causing
alpine soils to become a source of CO2 to the atmosphere and leading to a rapid loss of soil C
(Billings et al. 1982). However, the increase in nutrient mineralization following increased SOM
decomposition could enhance vegetative growth, increasing the C sink (Shaver et al. 1992).
Therefore, the overall response of soil C to global warming will be dependent on the balance
between the predicted increased C inputs from increased plant productivity and litter input, and
the C outputs from the increasing rates of microbial decomposition (Falge et al. 2002; Davidson
and Janssens 2006). However, a lack of change or a decrease in SOM decomposition could result
from moisture limitations caused by the warming-induced drying of the soil (Wang et al. 2006).
1.3. The role of litter decomposition in nutrient cycling
The decomposition of litters, which involves leaching, fragmentation and chemical reduction of
the dead plant material (Chapin III et al. 2002), is mainly driven by climate, litter quality and soil
organisms (Swift et al. 1979; Aerts 2006). Litter decomposition plays an important role in nutrient
cycling, particularly in nutrient-poor systems through its contribution to the SOM pool and the
mineralization of essential elements which are important for plants and microbes (Swift et al.
1979; Bryant et al. 1998). Litter decomposition rates are influenced by, and can usually be
predicted from their initial concentrations of N and P, and C chemistry such as lignin, C:N,
lignin:N (Bryant et al. 1998) and C:P (Calanca 2007). In general, litters with high N content or
low C:N decompose faster (Aerts 2006; Calanca 2007; Montane et al. 2010) because of reduced
microbial N limitation, thereby improving N availability to microbes and plants (Bryant et al.
1998). A predicted increase in plant litter quality could occur under long-term warming in alpine
regions as a result of increases in nutrient availability, such as N, from increased SOM
decomposition, nutrient mineralization and remobilization (Nadelhoffer et al. 1992; Bjork et al.
2007; Aerts et al. 2012). However, such warming-induced alterations in leaf litter stoichiometry
(C and N) have proven difficult to predict (Shaw and Harte 2001; Dormann and Woodin 2002)
and, have only had minimal impacts on the litter decomposition rates (Aerts et al. 2012).
During the litter decomposition process, changes in the litter chemical composition occur, which
affect the subsequent rates of decomposition (Berg 2000) and the rates at which different nutrients
are immobilized by microbes or released to the soil (Berg and Staaf 1981). During the earlier
stages of decomposition, leaching of the most soluble and mobile elements, such as potassium (K)
which exist as free ions in plant materials, predominates (Staaf and Berg 1982). These readily
leached nutrients usually occur in amounts exceeding decomposer requirements (Gosz et al.
1973). After this initial leaching period, K concentrations in the litters have been found to be
controlled by seasonal changes (Osono and Takeda 2004), although K losses from the litters
through leaching can continue throughout the decomposition until negligible K remains in the
litters (Schlesinger 1985). As the litters decompose and become integrated into the SOM, they
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then tend to become enriched in secondary recalcitrant chemical compounds such as lignin and
phenolics (Bryant et al. 1998; Berg 2000; Shaw and Harte 2001). The decomposition rates can
then become limited by the degradation rate of lignin, an integral and highly recalcitrant
component of the secondary cell wall of plants (Berg 2000). At this stage, high levels of N in the
litters can actually reduce litter decomposition rates through its association with lignin, by
producing more recalcitrant compounds as well as reducing the production of lignin-degrading
enzymes (Berg 2000).
Net immobilization of external nutrients into litters commonly occurs in various species (Gosz et
al. 1973), leading to a temporary increase in litter nutrient content. Nitrogen and P are the most
commonly immobilized nutrients, and are only released into the soil when the decomposers’
requirements have been met (Berg and Staaf 1981; Staaf and Berg 1982). The duration of N and P
immobilization by microbes into decomposing litters depends on the initial C:N and C:P ratio of
the litter; where a higher initial N or P level can lead to earlier mineralization and release
(Upadhyay et al. 1989; Parton et al. 2007). The release of P is usually faster than that of N (Berg
and Staaf 1981; Upadhyay et al. 1989). However, N and P release can sometimes occur before
immobilization (Schlesinger 1985). Other nutrients can also be immobilized by microbes due to
litter addition, but to a lesser extent. For example, calcium (Ca) can be immobilized for a short
period (Upadhyay et al. 1989). Calcium is associated in the cell wall and thus requires microbial
decomposition of the litters’ structural components before its release (Schlesinger 1985; Osono
and Takeda 2004). Manganese (Mn) originating from litters is important for the degradation of
lignin (Hofrichter et al. 2001) through the production of the enzyme Mn peroxidase (Perez and
Jeffries 1992) which can assist in the break-down of lignin during the decomposition process
(Berg et al. 2013). Magnesium (Mg) exists mainly in the solution of plant cells and is relatively
mobile in litters (Kraus et al. 2003). Since Mg has been found to be both leached and
immobilized, its dynamics is likely to be controlled by both microbial decomposition and
moisture availability (Osono and Takeda 2004).
Climate change could affect litter decomposition in the following ways: 1) directly, through
changes in soil temperature and moisture, 2) indirectly, through changes in soil and plant nutrient
content and/or plant community composition which affects litter composition and litter quality,
and 3) through changes in microbial community composition and/or activity (Aerts 2006;
Cornelissen et al. 2007). However, despite the increasing awareness of the impacts of global
warming, and the likelihood that the decomposition process is temperature-limited in cold
ecosystems (Hobbie et al. 2002), knowledge on the impact of warming on litter decomposition is
scarce (Bryant et al. 1998; Aerts 2006; Cornelissen et al. 2007; Luo et al. 2010), especially in the
Southern Hemisphere where few alpine regions exist (Wood 1970; Raison et al. 1986).
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1.4. Temperature, moisture and seasonal effects on litter decomposition
Climate is the most important abiotic factor affecting litter decomposition (Aerts 2006).
Temperature is usually identified as the limiting factor in decomposition rates in cold systems
(Clein and Schimel 1995; Hobbie et al. 2000; Zhang et al. 2008), while mean annual temperature
and evapotranspiration have been identified as good predictors of decomposition rates (Johansson
et al. 1995). For example, in a meta-analysis of litter decomposition in cold biomes, warming
caused a slight increase in leaf litter decomposition rates (Aerts 2006), and also increased the
decomposition rates of surface litters in a range of alpine systems (Vitousek et al. 1994; Shaw and
Harte 2001; Zhang et al. 2008). However, warming can also reduce litter decomposition in some
alpine systems (Sjögersten and Wookey 2004; Edmonds and Tuttle 2010; Luo et al. 2010),
through the reduction of moisture, which will inhibit microbial activity. Moreover, increased
moisture at higher and cooler elevations led to greater decomposition rates, thus surpassing
temperature effects (Murphy et al. 1998; Seastedt et al. 2001). Therefore, it appears that warming
can only increase the litter decomposition when moisture conditions are adequate (Robinson et al.
1995; Hobbie 1996).
Season-specific litter decomposition may undergo significant changes in the Australian Alps. In
addition to longer growing seasons, increases in maximum spring temperatures and minimum
autumn temperatures have been observed over the last 30 years (Wahren et al. 2013). Certain
alpine microbial communities have adapted to take advantage of high litter inputs in autumn and
winter, which can reduce the litters’ concentrations of simple compounds (Schmidt and Lipson
2004). In winter, specific decomposer communities can proliferate and have high activities at
temperatures below 0 °C under snow cover (Bokhorst et al. 2013), although many microbial
processes have a lower temperature limit of -5 °C (Clein and Schimel 1995; Brooks et al. 1996).
The predicted decrease in precipitation, with an increased tendency to fall as rain, decreased
snow cover and snow duration in the Australian Alps (Hennessy et al. 2003) is also likely to alter
decomposition processes by decreasing the insulation of soil from below-freezing air temperatures
(Groffman et al. 2001; Schimel et al. 2004). For instance, Saccone et al. (2013) observed greater
decomposition rates in litters that were under a thicker and longer-standing snow pack. In
contrast, (Bokhorst et al. 2010) observed little difference in litter decomposition rates, although
decomposer abundance and activity were negatively affected by a reduction in snow depth.
Moreover, in spring, or at the start of the growing season following snowmelt, the moisture and
temperature conditions lead to the release of dissolved organic C and nitrate, stimulating
microbial activity (Monson et al. 2006) and microbial biomass production (Brooks et al. 1998).
Moreover, warming will have implications for SOM and litter decomposition by altering the
intensity and frequency of freeze-thaw and dry-rewet events in the Australian Alps. The latter are
important in the structural breakdown of litter (Clein and Schimel 1994; Schimel and Clein 1996)
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and the reduction of the physical protection of SOM (Adu and Oades 1978) and can also reduce
microbial biomass and activity (Kieft et al. 1987).
1.5. Plant community dynamics
Warming-associated changes in plant community dynamics have been suggested to have greater
effects than temperature in cold systems by altering litter quality and quantity (Hobbie et al. 2000;
Cornelissen et al. 2007). Indeed, different plant growth forms have contrasting litter
decomposition rates; for example, the full structural decomposition of forb leaf litters can take
approximately two years, while that of sedge leaves can take five years and that of evergreen
dwarf shrubs require ten years or more (Seastedt et al. 2001). Therefore, in predicting the changes
in nutrient dynamics (rates and magnitudes of release or immobilization) associated with litter
decomposition under a warmer climate, it is important to consider the changes in plant species
community composition (Hagedorn et al. 2010; Xu et al. 2012). As an example, warming by OTC
decreased the decomposition of aspen litter without altering the decomposition of spruce and
sphagnum litters in a Canadian boreal forest (Dabros et al. 2010).
Changes in the composition of plant growth form vary according to the duration of the climatic
change, such as warming and drought, and the original species composition of the plant
community (Hollister et al. 2005) and will shift in favour of the plant species that are more
adaptable to the specific changes (Cornelissen et al. 2007). For instance, warming-induced
increases in nutrient availability will intensify competition between plant species and be most
advantageous to plants with more efficient nutrient uptake, higher nutrient uptake rates, faster
growth rates and high tissue nutrient concentrations, such as forbs (Chapin and Shaver 1985;
Aerts and Berendse 1988). Moreover, warming, increases in drought and fire occurrence under a
changing climate, can lead to the expansion in shrub cover into lower-statured plant communities
as observed in alpine and other cold systems (Williams 1990; Cornelissen et al. 2007; Montane et
al. 2010), including the Australian Alps (Wahren et al. 2013). An increase in the abundance of
shrub litters, which are usually lower in litter quality (higher C:N) compared with graminoid and
forb litters, could lead to increased soil C stocks (Xu et al. 2010) by providing nutrient-poor
substrates for the decomposing community (Djukic et al. 2010). This could slow down decay
rates and therefore slow the release of nutrients and C to the soil and atmosphere (Xu et al. 2010).
Moreover, shrubs can significantly alter litter decomposition rates through changes in soil
temperature and moisture by providing greater shading, thereby influencing heat conductivity and
water holding capacity in the topsoil (Strakova et al. 2010; Myers-Smith and Hik 2013). In the
open-heathlands of the Australian Alps, experimental warming over seven years using OTCs led
to a 20% increase in shrub cover, a 9% increase in forb cover, and a 25% decrease in graminoid
cover (Wahren et al. 2013). Moreover, in the same region over 31 years, during which
temperatures increased by approximately 1 °C, similar trends in vegetation dynamics were
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associated with decreases in annual rainfall and increases in minimum spring temperatures and
maximum autumn temperatures (Wahren et al. 2013). These warming-induced changes in plant
community dynamics, as discussed above, are likely to have stronger effects on litter quality and
thus decomposition and nutrient cycling in cold ecosystems than changes due to warming directly
(Rinnan et al. 2008; Xu et al. 2012).
1.6. The role of soil microbes and warming in the mineralization of soil organic matter
Soil microbial community structure, biomass and activity are temperature sensitive, and have
been used as indicators of changes to C cycling in soils following warming (Xu et al. 2010).
Microbial activity plays an important role in litter and SOM decomposition, thereby driving C and
nutrient mineralization and immobilization (Schmidt et al. 1999; Biasi et al. 2008), and
determining nutrient availability for plants (Verburg et al. 1999). Warming has a relatively strong
effect on microbial respiration, especially between 15 ºC and 20 ºC (Biasi et al. 2008), through
changes in community structure or energy requirement, and/or increased decomposition due to
stimulated nutrient release and availability (Mack et al. 2004). For example, the respiration rates
in alpine soils of the Qinghai-Tibetan plateau in China responded exponentially to increases in
temperature, with higher CO2 released in the upper soil layers (Suh et al. 2009) where most
microbial activity occurs (Fritze et al. 2000).
The duration of warming has considerable influences on soil respiration. In the initial stages of
warming, microbial activity can increase significantly, due to the more easily decomposable and
labile soil C compounds being utilized, and therefore inducing a more significant effect on the
SOC decomposition. For example, a 4 ºC warming of undisturbed soils at the Swiss alpine
treeline increased CO2 losses from the soil by an average of 45% during the initial five months of
the warming treatment (Hagedorn et al. 2010). Moreover, warming by 3.6 ºC over 2 years
significantly increased net ecosystem CO2 losses, accompanied by a decrease in the C content of
soils by 4.7% in organic horizons (Biasi et al. 2008). In a further example, in a meta-analysis,
Rustad et al. (2001) showed that a 2–9 year period of experimental warming increased soil
respiration rates by 20%. However, the short-term stimulating effects of warming on microbial
activity are not always indicators of long-term effects (Davidson and Janssens 2006).
Indeed, the initial stimulation of microbial activity is usually not sustained after prolonged
warming, and the response can attenuate after 3-6 years or can even be reduced (Luo et al. 2001;
Davidson and Janssens 2006; Hartley et al. 2007). For example, after 10 years of warming, the
soil microbial activity (measured as nitrification and denitrification enzyme activity) in dry
Swedish tundra was not altered (Bjork et al. 2007). A number of reasons can be suggested for a
reduction in or lack of response of the soil microbial activity to longer-term warming. It could be
the result of a shift towards a microbial community that can use recalcitrant C more efficiently
(Frey et al. 2013), and/or soil drying induced by warming which inhibits microbial activity, and/or
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changes in the plant community which have lower quality inputs of litters and therefore reduce
nutrient inputs to soil (Saleska et al. 2002), and/or changes in soil substrate quality and
availability (Luo et al. 2001; Melillo et al. 2002) where a decline in the most readily available C
occurred following long-term warming (Frey et al. 2013).
Microbial biomass C and N in alpine soils are typically large (Lipson et al. 1999; Zeller et al.
2001) because these microbial communities have access to very high inputs of labile C from plant
root exudates, such as amino acids and organic acids, which aid in the growth of their biomass
(Helal and Sauerbeck 1986). Indeed, alpine plants have large and shallow root systems because of
the low temperatures reducing the availability of N. Therefore, the plants have adapted by
extending their root systems to access the limiting N (Atkinson 2000).
Although microbial activity has been found to increase under warming, this can sometimes occur
at the cost of the community’s growth (van Meeteren et al. 2007; Biasi et al. 2008), where
microbial biomass can remain unchanged; for example, after 2 years of warming using OTC in a
Siberian dwarf shrub tundra (Biasi et al. 2008). However, changes in microbial biomass can occur
following long-term warming. For example, 11 years after soil translocation from a higher to a
lower elevation in sub-alpine grassland, equivalent to 3 ºC warming, the microbial biomass was
slightly reduced in the 0-10 cm soil depth, and significantly increased in the 10-20 cm soil depth,
with only moderate changes in activity and diversity (Budge et al. 2011). In another study,
warming did not alter the microbial biomass after 10 years, but significantly decreased it after 15
years at the same Swedish tundra heath. This was likely due to the slow but cumulatively
increasing effects of warming on plant litter production and quality, which in turn affected the
substrate quality and quantity for the microbes (Rinnan et al. 2007).
Increases or decreases in microbial biomass by warming are usually accompanied by strong
alterations in microbial community and are only evident under extensive (e.g. >10 years) or large
increases in temperature (e.g. 10 ºC) (Panikov 1999; Rinnan et al. 2007). For example, warming
using open-top plastic greenhouses reduced the relative fungal abundance compared to bacteria
after 15 years in arctic heath soils (Rinnan et al. 2007) while warming by 3.3 °C favoured
arbuscular mycorrhiza fungi in the Swiss sub-alpine grasslands after 11 years (Budge et al. 2011).
Such changes in the abundance of bacterial and fungal communities can alter the litter
decomposition process since fungal-based food webs are associated with slower turnover rates of
recalcitrant C and N whereas bacteria favour the more labile nutrient sources (Schröter et al.
2003). Therefore, microbial communities in cold biomes show a certain resilience to warming
(Panikov 1999) and its indirect effects, such as altered C substrate, soil moisture, plant
morphology and subsequent microbial changes (Hartley et al. 2007; Budge et al. 2011).
Moreover, microbial communities in the alpine systems are expected to be adaptable to climatic
changes since they are normally subjected to large fluctuations in temperature and moisture as

8

well as extreme weather events at a seasonal time scale (Schmidt and Lipson 2004). For instance,
microbial communities in alpine tundra were highly resistant to freeze-thaw and dry-rewet
(Lipson and Monson 1998).
The effects warming on the composition of soil microbial communities require investigation over
the long-term (e.g. >15-20 years) (Rinnan et al. 2007; Frey et al. 2008) as other biotic and abiotic
factors, such as pH, vegetation, soil depth, variation across field sites and soil moisture tend to
have larger effects on the presence and/or abundance of soil microbial communities than warming
itself (Schmidt et al. 1999; Rinnan et al. 2007). Warming-associated changes in plant community
dynamics and soil microbial communities will likely alter the response of microbial
decomposition of SOM to warming and therefore alter nutrient cycling (Luo et al. 2001).
1.7. Changes in soil nitrogen and phosphorus under climate change
Nitrogen is considered to be one of the most limiting nutrients in alpine soils, due to the high
microbial N sink and the slow, temperature-limited N mineralization rates (Vitousek and Howarth
1991; Jonasson et al. 1999; Huber et al. 2007). In the acidic soils of the Australian Alps, mineral
N exists mainly in the form of ammonium (NH4+-N) (Huber et al. 2011). Warming increased soil
N availability in many cold systems of the Northern Hemisphere (Emmer and Tietema 1990;
Hartley et al. 1999; Verburg et al. 1999) as well as in the Australian Alps (White-Monsant et al.
2015), by stimulating microbial activity (Nadelhoffer et al. 1991; Rustad et al. 2001). For
example, in a meta-analysis of the effects of warming on different biomes, including high altitude
and cold systems, warming by 0.3 to 6 ºC over a period of 2–9 years increased net N
mineralization rates by 30–64% (Rustad et al. 2001). Such warming-induced increases in
inorganic N production could stimulate plant growth and net ecosystem productivity in the alpine
N-limited soils as well as alter litter quality and quantity (Nadelhoffer et al. 1992; Rustad et al.
2001).
Phosphorus (P) is another growth-limiting nutrient in natural ecosystems. Many native species
have developed various strategies of enhancing P acquisition from the soil. The effects of
warming on soil P availability are not very clear (Aerts et al. 2005). The explanation could be the
detrital N, which is mostly C-bonded and hence is broken down by microorganisms whereas the
detriptal P is bonded to esters and hence broken down by biochemical processes instead. Warming
tends to increase P soil mineralization and plant photosynthetic efficiency (Llorens et al. 2004)
and decrease total P in soil. Net P mineralization rate depends more strongly on temperature than
moisture level but is directly proportional to both. If temperature increases with 1 ºC and moisture
does not decrease by more than 40.4% during the early stages of litter decomposition, net P
mineralization rate is enhanced (van Meeteren et al. 2007).
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1.8. Methods relevant for alpine research
Ion exchange membranes (IEM) have been investigated ever since their development in the
1930’s in an attempt to offer a novel approach to soil testing (Qian and Schoenau, 2002). Since
then, IEM’s have been extensively researched and successfully used for the simultaneous multielement extraction from soil in agricultural and environmental soil research, both in laboratory
incubation experiments and in situ (Qian and Schoenau, 2000). Since no destructive soil sampling
is required and soil structure is minimally disturbed during IEM sampling, this method provides
practical and sustainable nutrient monitoring over the long term in the pristine and protected
alpine ecosystems.
The coupled effects of warming and soil drying have often been achieved at high altitudes, such
as alpine ecosystems, using common artificial and natural warming techniques (Aerts 2006);
notably, open-top chambers (Marion et al. 1997; Jarrad et al. 2009), and elevation gradients
(Withington and Sanford 2007; Rinnan et al. 2009; Xu et al. 2010; Bokhorst et al. 2013;
Sundqvist et al. 2013). It is important to consider the contribution of both temperature and
moisture when applying these methods to test climatic effects on the litter decomposition process.
Elevation gradients have been used extensively to mimic the combined effects of temperature and
moisture, since temperature tends to decrease, while precipitation tends to increase with increase
in elevation. However, these tend to be less predictable and controlled than artifical methods, such
as open-top chambers. The latter were developed for the purpose of the International Tundra
Experiment (ITEX) (Marion, 1997) to raise ambient mean temperatures within predicted ranges of
temperature changes within the century (IPCC, 2007). However, as with most artificial methods,
artefacts such as soil drying need to be carefully considered in the interpretation of results.
1.9. Conclusions and aims of the project
The impacts of warming on the carbon and nutrient cycling in the Australian Alps are, at present,
poorly understood. Following the review of the literature, we conclude that the predicted climatic
changes are likely to alter soil nutrient cycles in the Australian alpine ecosystem through possible
changes in the rates of litter and soil organic matter decomposition, changes in the litter quality
through changing plant community dynamics and changes in the activity, biomass and structure of
the microbial communities. Moreover, increases in temperature will invariably be accompanied
by alterations in moisture (through dry-rewet cycles and increases in drought), which can inhibit
microbial activity.
In order to understand the future impacts of a warmer climate on the nutrient dynamics in alpine
soils, this thesis aims to (1) investigate the effects of warming on the decomposition and nutrient
dynamics of litters of a range of common alpine species (Chapter 2), (2) determine how the
warming-associated changes in nutrient dynamics from litter decomposition affect the nutrient
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dynamics in the soil (Chapter 3), and (3) investigate the effects of long-term warming on the soil
microbial potential to mineralize C and N with litter addition (Chapter 4) and also under dry-rewet
conditions (Chapter 5).
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Chapter 2: Experimental warming decreases litter decomposition and
nutrient release in the Australian Alps

2.1. Introduction
In South-Eastern Australia, surface air temperatures are expected to increase between 0.6 and 2.9
°C by 2050, with precipitation changes between +2.3 and -24% (Hennessy et al. 2003). More
specifically, in the Australian Alps, a decrease in annual precipitation and an increase in spring
temperatures have been observed in the last 30 years (Wahren et al. 2013). Moreover, the
occurrence of extreme weather events, such as bushfires and drought during the snow-free season
(Good and Wales 1992; Costin et al. 2000) are predicted to increase (Wahren et al. 2001;
Williams et al. 2009). Consequences of warming are likely to be greatest in alpine ecosystems
compared to other terrestrial ecosystems because alpine ecosystems are projected to experience
the greatest degree of warming and many ecological processes are thought to be temperaturelimited (Nadelhoffer et al. 1991; Hobbie 1996). Studies in alpine systems have shown that
warming directly and indirectly affects nutrient cycling through enhanced soil nutrient
mineralization (Nadelhoffer et al. 1991; Chapin III et al. 1995; Schaeffer et al. 2013), changes in
litter quality and decomposition rates (Kirschbaum 2000; Niklinska and Klimek 2007), increased
plant productivity (Rustad et al. 2001) and changes in plant community dynamics (Sundqvist et
al. 2011). The decomposition of litters, which involves leaching, fragmentation and chemical
reduction of the dead plant material (Chapin et al. 2002), is mainly driven by climate, litter quality
(C:N) and soil organisms (Aerts 2006). Litter decomposition plays an important role in nutrient
cycling, particularly in nutrient-poor systems through its contribution to the soil organic matter
(SOM) pool and the mineralization of essential elements, which are important for plants and
microbes (Swift et al. 1979; Bryant et al. 1998). During the litter decomposition process, changes
in the litter chemical composition affect the subsequent rates of decomposition (Berg 2000) and
the rates at which different nutrients are immobilized by microbes or released to the soil (Berg
and Staaf 1981).
Low temperature is usually identified as the limiting factor in decomposition rates in cold systems
(Clein and Schimel 1995; Hobbie et al. 2000; Zhang et al. 2008), while mean annual temperature
and evapotranspiration have been identified as good predictors of decomposition rates (Johansson
et al. 1995). For example, in a meta-analysis of litter decomposition in cold biomes, warming
caused a slight increase in leaf litter decomposition rates (Aerts 2006), and also increased the
decomposition rates of surface litters in a range of alpine systems (Shaw and Harte 2001; Zhang
et al. 2008). However, warming can also reduce litter decomposition in some alpine systems
(Sjögersten and Wookey 2004; Edmonds and Tuttle 2010; Luo et al. 2010), through the reduction
of moisture which inhibits microbial activity. Therefore, it appears that warming can only increase
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the litter decomposition when moisture conditions are adequate (Robinson et al. 1995; Hobbie
1996).
To date, only one litter decomposition study has been performed in the Australian alpine zone
(Wood 1970). In comparison, extensive studies in alpine systems of the Northern hemisphere
suggest an increase in litter decomposition rates under warming in sufficiently moist conditions
(Shaw and Harte 2001; Hobbie et al. 2002), with a stronger effect during the initial stages (Knorr
et al. 2005; Davidson and Janssens 2006). Yet, to extrapolate these findings to Australian alpine
ecosystems would lead to inaccurate predictions since the relative controls of climate and litter
quality in litter decomposition are likely to be different (Shaw and Harte 2001). Indeed, the
Australian Alps are distinctively different to Northern Hemisphere alpine systems in terms of
elevation, climate, pedology and vegetation (Costin 1957). Hence, biotic and abiotic processes
involved in litter decomposition in the Australian Alps, such as microbial breakdown and leaching
may have different responses to warming and moisture limitation.
In this study, we investigated the effects of experimental warming on the mass loss and nutrient
dynamics of the decomposing litters of common alpine species in an open heathland. In order to
capture the nutrient releases from litter decomposition, ion exchange membranes (IEM) were
placed under the litters. Open-top chambers (OTC), which have been extensively used in climate
change studies, were used to apply the warming treatment. We hypothesised that 1) warming
would increase the litter decomposition of Australian alpine plant species; 2) the effects of
warming on mass loss and nutrient release would depend on the litter quality (C:N); and 3) the
increase in litter mass loss by OTC would lead to increased nutrient release from the litters.
2.2. Materials and methods
2.2.1. Experimental site
The study was conducted in the Bogong High Plains, Victoria, Australia (E524570 N5915774) on
an open heathland, at elevation 1690 m. Increased fire events are predicted for the Australian Alps
(Bradstock et al. 2014), which contain, at present, the only burnt ITEX sites in the world (Jarrad
et al. 2008). The site was experimentally burnt in March 2010 as part of an earlier experiment (see
Camac et al. 2015) and vegetation was recovering at the time of experimental set-up in February
2011. Mean annual precipitation at this site was 2355 mm (Australian Bureau of Meteorology
2012).
2.2.2. Open-top chambers
Open-top chambers (OTC) were established in 2010, following the International Tundra
Experiment (ITEX) design of Marion et al. (1997), with the warming treatments randomly
allocated to the site. These semi-permanent structures made of plexiglass allowed air temperature
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inside to be warmed by 1–3 °C. Six OTC and control-replicated pairs were used in this
experiment. As OTCs have been shown to accelerate snowmelt within the plots (Dabros and Fyles
2010), they were removed from the 26th of May 2011 to the 17th of September 2011 in the first
year, and from the 1st of June 2012 to the 25th of October 2012 in the second year, for the duration
of the snow seasons (Figure 2.1). Ambient air temperature at 5 cm above ground and soil moisture
and temperature at 3 cm depth were recorded hourly using automatically recording Onset Micro
Stations, randomly installed in OTC and control plots.
2.2.3. Plant material
Litters of eight species, common at the experimental site, were used in this experiment. They were
the graminoids Poa hiemata and Carex breviculmis, shrubs Grevillea australis and Asterolasia
trymalioides,

and forbs

Ranunculus

victoriensis,

Leptorhynchos

squamatus,

Celmisia

pugioniformis and Craspedia jamesii. Plant material of each species was collected in the Pretty
Valley area of the Bogong High Plains in January 2011. Leaves of G. australis, A. trymalioides,
L. squamatus and R. victoriensis were separated from their stalks or branches once air-dried.
Leaves of P. hiemata, C. pugioniformis and C. breviculmis were cut into 5–6-cm length to allow
uniform mixing and easy insertion into the litterbags. Water content was measured after the
materials were oven dried at 40 ºC for 48 hours. The plant materials were initially dried in an
oven at 40 °C for 11 hours to remove excess moisture from rain. Thereafter, the plant materials
were air-dried until they reached constant mass and stored in paper bags until their placement in
litterbags.
2.2.4. Litterbag preparation and placement
The material used for the litterbags was a 355 µm nylon mesh (Nytal 48% open area, Sefar Pty
Ltd). This mesh size prevented major losses of the narrow P. hiemata leaves and did not allow
mesofauna, such as Collembola, to contribute to the decomposition process (Cornelissen 1996).
The internal dimensions of litterbags were 10 cm × 10 cm. Alpine ecosystems produce around 1.0
Mg/ha of litters (Bray and Gorham 1964) with 90% as leaf litter. Three times rate of litter was
used in the study in order to obtain a measurable amount of nutrient release and mass loss over the
period of 633 days. The C:N ratio of leaf litter has been defined as one of the best proxies for litter
quality, and hence mass loss during decomposition. In this study, we compared the decomposition
rates and nutrient releases from the leaf litter of alpine plant species with a wide range of C:N
(from 21 to 55), by using a normalized mass of litter of 3 g. The leaves were spread out as evenly
as possible in the bag as surface access to microbial decomposers is a determinant of the
decomposition rate (McGrath et al. 2000). The litterbags were sewn shut and placed in the field in
February 2011. One litterbag for each of the eight species plus one control litterbag, which
contained no litter, was placed in each OTC and control plot, randomly around the perimeter of a
one meter square quadrant. The ground was cleared of living plants before positioning the
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litterbags to minimise variation caused by differential microclimate and biological activity under
different plant species (Prescott 2005). The litterbags were secured to the ground with stainless
steel hooks 14.5-cm long at each corner. The litterbags were harvested after 21 months in
November 2012. Each litterbag was placed in a paper bag and air-dried. The mesh bag was cut
open and the remaining litter was carefully cleared of soil and plant parts that might have grown
into the bags and other non-plant litter material, using a small brush. The litters were then
weighed and stored at room temperature before chemical analysis.
For chemical analysis of the litters, the initial and decomposed litters were oven dried at 70 °C to
constant weight. The litters were cut into approximately 2-cm lengths and milled using a stainless
steel ring mill to pass a 0.2 mm sieve. Milled plant material was digested in HNO3/HClO4 mixture
(4:1) (Johnson and Ulrich 1959), by heating stepwise using Tecator DS40 digestion systems
(Parkinson and Allen 1975). The digests were analysed by inductively coupled plasma-optical
emission spectrometer (ICP-OES) (Perkin Elmer Optima 8000) for Ca, K, Mn and Mg. The
concentrations of P were measured using the malachite green method (Motomizu et al. 1983).
Total C and N contents were measured using a CNHS analyser (Perkin Elmer 2400 Series II
CNHS/O System, USA), and the C:N ratio calculated. The total percentage mass loss was
calculated for each bag using the oven-dry weights.
2.2.5. Ion-exchange membrane (IEM) preparation and field placement
Most in situ litter decomposition studies have quantified nutrient release by measuring nutrients
remaining in the litters (Osono and Takeda 2004; Dabros and Fyles 2010) or using litters labelled
with isotopes (Berg 1988). The former is time-consuming and requires multiple destructive
sampling and processing of litters while the latter requires costly labelling and chemical analysis.
Here, we used ion-exchange membranes (IEM) as a non-disruptive, simple and time- and costeffective method to capture nutrients released from litters over a pre-determined period without
the removal of litters from the site. Ion-exchange membranes have previously been used as
nutrient sinks to measure nutrient dynamics in soils (Gibson 1986) and litter layers (Zhao et al.
2009), rather than providing a static measurement.
The membranes (Membranes International, Inc) were cut into 2.5 cm × 2 cm strips and rinsed in
reverse osmosis (RO) water three times to remove impurities. The counter-ion used in the cationexchange membranes (CEM) was H+ and was generated by shaking in 2 M HCl overnight. The
counter-ion used in the anion-exchange membranes (AEM) was HCO3- and was generated by
shaking in 1 M NaHCO3 overnight. The IEM were then rinsed to remove excess solution with RO
water followed by a further 12-h equilibration in RO water. The RO water was changed twice
during that period to ensure the removal of all excess solutions. The IEM were kept in RO water
until placement in the field.
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A pair of IEM (one CEM and one AEM) was placed horizontally on a 5 cm × 10 cm 355 micron
nylon mesh strip placed directly on the soil surface under each litterbag to capture the nutrients
leached from the litter. The membranes were sampled at 2 time periods: after autumn, to measure
the rapid flush of nutrients from initial fragmentation and leaching, and after the subsequent
winter and spring, to measure the nutrient release from more advanced fragmentation of the
litters. The IEM under the litterbags were replaced after 50 days on the 8th of April 2011 and resampled after 210 days, on the 3rd of November 2011. The IEM under the “no litter” control were
used to detect any background nutrient levels that arise from external sources such as soil
particles, precipitation, insect frass, excreta and fungal immobilization (Gosz et al. 1973).
The IEM collected from the field site were rinsed with RO water to remove soil particles. Each
IEM pair was then placed in a centrifuge tube containing 30 ml of 0.5 M HCl and shaken for 2 h
in an end-over-end shaker. The strips were discarded and extracts stored at 4 °C until analysis.
The extracts were analysed for K by flame photometry, NO3--N and NH4+-N by a flow injection
autoanalyser (Series 2 Quikchem 8500, Lachat Instruments, USA), inorganic P by the malachite
green method, Ca, Mg and Mn by ICP-OES. The values of extracted nutrient were expressed in
µg cm-2 d-1.
2.2.6. Statistical analysis
Statistical significances of the effects of OTC treatment, species and their interactions on the
percentage litter mass loss, IEM-extractable nutrients and final nutrient concentrations and C:N
ratios were determined by analysis of variance (ANOVA) using GenStat 13 th edition. Significant
differences were set with p values < 0.05. In the case of significant effects of main factors or
significant interactions, least significant differences (LSD) were used to determine the levels and
direction of difference. Pearson’s correlations between the initial litter nutrient concentrations,
mass loss and IEM-extractable nutrients for each element were determined.
2.3. Results
2.3.1. Effects of OTC treatment on moisture and temperature
Over the first 50 days of the study (February to April 2011) when the first set of IEM were in
place, the OTC significantly increased the average daily air and soil temperatures by 1.47 °C and
1.28 °C, respectively, with a decrease in the mean soil moisture at 3 cm depth by 7.5% (Figs. 2.1
and 2.2). Over the next 210 days (April to November 2011), during which the second set of IEM
were in the field, and the plots were under snow cover and the OTC were removed for 114 days,
there were no significant differences in air temperatures, but the soil moisture in the plots
previously covered by OTC was lower by 4.1%. From day 260 until harvest of the litterbags (day
633), the OTC-treatment increased the mean air and soil temperatures from 5.4 to 6.0 °C and from
7.1 to 7.6 °C, respectively, while the mean soil moisture was decreased by 3.2% (Figs. 2.1 and
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2.2). Over the duration of the study, OTC caused soil water levels to decrease significantly by
3.9%. Moreover, soil moisture under OTC fell below the plant wilting point of 0.12 more often
than in the control plots (169 days vs. 20 days) and reached field capacity of 0.30 less often (4 vs.
13 days) over the duration of the experiment.
2.3.2. Effects of OTC on litter mass loss
The OTC treatment resulted in less mass loss from the litters, when compared to the control.
Species that showed less mass loss in the OTC were C. jamesii (85% vs. 77%), C. breviculmis
(62% vs. 54%), P. hiemata (41% vs. 34%), A. trymalioides (46% vs. 42%) and G. australis (42%
vs. 36%) litters (Fig. 2.3). In contrast, there was no significant effect of the OTC-treatment on the
mass loss for the forbs L. squamatus, R. victoriensis and C. pugioniformis (Fig 2.3).
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Figure 2.1. Mean daily air and soil (3-cm depth) temperatures, and the daily mean differences in
temperature between the OTC-treatment and the control during the experimental period from
January 2011 to December 2012. Maximum and minimum monthly means of air temperatures for
2011 and 2012, and long-term averages from 1990 to 2013 are shown.
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Figure 2.2. Mean daily soil moisture of the control and OTC plots at 3 cm soil depth, and the
daily mean differences between the OTC-treatment and the control during the experimental period
from January 2011 to December 2012.
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Figure 2.3. Mass losses of litters after 633 days of decomposition in situ from February 2011 to
November 2012. Error bars represent ± standard error (n=6). Significant differences between the
OTC-treatment and the control are shown (*, p < 0.05; **, p < 0.01; *** p < 0.001).
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2.3.3. IEM-extractable nutrients under litterbags
The IEM under the “no litter” control contained detectable amounts of background nutrient levels.
Most litters released nutrients at levels higher than the background levels, with the exception of
NO3--N which was the highest in the control, indicating immobilization of NO3--N (Fig. 2.4). The
amounts of other nutrients adsorbed by IEM in the litter treatment were similar to or higher than
the amounts in the control, except for Ca and Mn under C. breviculmis litter which were lower
than those in the control (Figs. 2.4 and 2.5).
Release rates of NH4+-N, P, K and Mn from litters during the initial 50 days exceeded those
during the following 210 days, while those of Ca and Mg were greatest in the later period (Figs.
2.4 and 2.5). These were strongly dependent on litter species for both time intervals (p < 0.001)
(Table 2.1). In general, forb C. jamesii released the highest amounts of NH4+-N, P, K, Ca and Mg,
followed by R. victoriensis. Shrub G. australis released the highest amounts of Mn and relatively
high amounts of Mg and Ca. Graminoids P. hiemata and C. breviculmis released the least K, Mg
and Ca out of the eight species (Figs. 2.4 and 2.5).
The initial concentrations of nutrients in the individual litter species were a driving factor in the
amounts of nutrient released: positive and significant relationships were observed between IEMadsorbed and initial nutrient levels for NH4+-N, K, Ca and Mn in both control and OTC plots
during the first 50 days, and for NH4+-N, P, Ca, Mg and Mn in the control plots and P, K, Ca, Mg
and Mn in the OTC plots during 50-260 days of decomposition (Table 2.2).
Litter mass losses were positively and significantly correlated with the releases of NH4+-N (from
days 0-260), K (in the first 50 days), and Ca and Mg (days 50-260) (Table 2.2), implying that
species with higher releases of these nutrients also lost more mass. The strongest relationship was
between IEM-adsorbed NH4+-N and mass loss (p < 0.01 in both control and OTC plots, Table
2.2). A significant correlation between IEM-Ca and Mg was observed (r = 0.8, p < 0.001-0.05),
which indicates their similar release pattern.
2.3.4. Effect of OTC-treatment on IEM-nutrient levels
During the first 50 days, the OTC-treatment significantly lowered the releases of P, K, Ca, Mg
and Mn (Table 2.1, Figs. 2.4 and 2.5). The extent of decrease in P, K, Mg and Mn releases due to
warming was dependent on the species, leading to significant species × warming interactions; for
instance, C.pugioniformis and C.jamesii had the greatest reductions in P release, while G.australis
had the greatest decline in Mg and Mn release, and C. jamesii and L. squamatus had the greatest
reductions in K release. From days 50 to 260, releases of K and P were higher in the OTC-plots
than the control (Table 2.1, Figs. 2.4 and 2.5). The increase of K in OTC-plots was greatest for C.
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jamesii and L. squamatus; that of P was greatest for C. jamesii and L. squamatus and that of Mn
for G. australis and R. victoriensis, leading to significant species × warming interactions.
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Figure 2.4. The amounts of NH4+-N, NO3--N, P and K adsorbed by ion-exchange membranes
under various litters in the warmed (OTC) and control (CTL) treatments at two different periods:
the first 50 days from February 2011 to April 2011 and days 50 to 260 of decomposition from
April 2011 to November 2011. Error bars represent the standard error (n=6).
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Figure 2.5. The amounts of Ca, Mg and Mn adsorbed by ion-exchange membranes under various
litters in the warmed (OTC) and control (CTL) treatments at two different periods: the first 50
days from February 2011 to April 2011 and days 50 to 260 of decomposition from April 2011 to
November 2011. Error bars represent the standard error (n=6).
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Table 2.1. Significance levels of the effects of warming and litter type (species) and their
interactions on the rate (µg cm-2 IEM d-1) of nutrient release from litters (n = 6). The first 50 days
of decomposition were from February 2011 to April 2011 and days 50 to 260 of decomposition
were from April 2011 to November 2011. †, p < 0.1; *, p < 0.05; ***, p < 0.001, n.s., p > 0.1.
Days 0 to 50
Species (S) Warming (W)

Days 50 to 260
S×W

Species (S)

Warming
(W)

S×W

+

***

n.s.

n.s.

***

n.s.

†

NO3 -N

-

***

n.s.

*

***

*

*

P

*

*

†

***

**

***

K

***

***

***

***

***

***

Ca

***

*

n.s.

***

n.s.

n.s.

Mg

***

*

**

***

n.s.

n.s.

Mn

***

***

***

***

n.s.

**

NH4 -N

‘IEM’ Ion-exchange membrane

2.3.5. Concentrations of nutrients in initial and decomposed litters
The initial concentrations of P ranged from 0.89 mg g-1 in G. australis to 3.41 mg g-1 in C.
jamesii. Initial concentrations of N ranged from 0.79% in P. hiemata to 1.87% in C. jamesii, those
of S ranged from 1.01 mg kg-1 in the graminoids to 2.31 mg kg-1 in C. jamesii, while the range of
initial C concentrations was relatively narrow with forbs being lowest and shrubs the highest
(Table 2.3). Significant relationships between initial litter concentrations of N and S (r = 0.83, p <
0.001), and N and P (r = 0.90, p < 0.001) were observed. Initial C:N of the litters ranged from
19.7 to 39.4 for forbs, 37.5 to 53.8 for graminoids and 32.9 to 46.3 for shrubs.
After the 633-day decomposition, concentrations of C, N and S generally increased while the C:N
ratio decreased. Warming decreased the concentrations of C, N and S in C. jamesii and R.
victoriensis but did not affect them in other species, resulting in significant species × warming
interactions (Table 2.3). Following decomposition, the relationships between litter concentrations
of N and S (r = 0.98, p < 0.001), and N and P (r = 0.96, p < 0.001) increased in both warmed and
unwarmed plots. Overall, warming increased the final C:N ratio significantly. Final
concentrations of P in all litters decreased, except in G. australis, where it increased. Warming did
not affect concentrations of P in the litters (Table 2.3).

23

Differences in the concentrations of K, Ca, Mn and Mg in litters before and after decomposition
and between the eight species were more dramatic compared to P, S and NH4+-N. In general, after
decomposition, concentrations of K and Mg decreased, while those of Ca and Mn increased.
Warming did not alter the final concentrations of K and Ca but increased those of Mg and Mn
compared to the control (Table 2.4).
Over 633 days, litters lost, on average, 96% K, 68% Mg, 65% P, 55% C, 39% Ca, 35% S, 34%
Mn and 25% N. Immobilization of N occurred in G. australis (-2.3%) (Table 2.5). Forbs generally
had greater losses of C, N, P, S, K, Ca and Mg (Table 2.5), corresponding to their higher initial
content and mass loss, while Mn losses were greatest in shrub G. australis. Warming marginally
decreased percentage losses of N and S but significantly decreased total losses of C, P, Ca, Mg
and Mn because of overall lower mass loss (Table 2.5). The lack of interaction between species
and warming for all nutrients indicates that warming decreased nutrient loss similarly across the
range of species.
Table 2.2. Pearson correlations between the nutrients adsorbed by ion-exchange membranes
(IEM) under decomposing litters and initial concentration of nutrients in litters and mass loss in
the field at two different periods; days 0 to 50 of decomposition from February 2011 to April
2011 and days 50 to 260 of decomposition from April 2011 to November 2011. Correlations were
based on eight data points, where each point represented the mean adsorbed nutrient for a plant
species. The mean of six replicates was used for IEM-extracted nutrients, 3 for mass loss and 3 for
initial nutrient concentration. Values of r and their significance are shown: †, p < 0.1; *, p < 0.05;
**, p < 0.01; ***, p < 0.001.
Correlations between IEM-adsorbed nutrient
and initial nutrient concentrations in litters
Day 0 to 50

Correlations between IEM-adsorbed nutrient
and mass loss of litters

Day 50 to 260

Control

Warming

Control

Warming

+

0.96 ***

0.71 *

0.93 ***

0.48

NO3 -N

-

-0.42

-0.27

0.19

P

0.58

0.03

K

0.93 ***

Ca

Day 0 to 50
Warming

Control

Warming

0.79 *

0.90 ***

0.77 *

0.82 **

0.06

-0.10

-0.10

0.58

0.17

0.92 ***

0.88 **

0.37

0.34

0.79 *

0.60

0.83 **

0.61†

0.82 **

0.72 *

0.91 ***

0.49

0.61†

0.77 *

0.75 *

0.95 ***

0.88 **

0.63†

0.80 *

0.85 **

0.84 **

Mg

0.23

0.44

0.95 ***

0.89 **

0.18

0.67†

0.69 *

0.77 *

Mn

0.76 *

0.88 **

0.86 **

0.83 **

-0.59

0.035

-0.49

-0.23

NH4 -N

Control

Day 50 to 260
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Table 2.3. Concentrations of C, N, P and S, and C:N in the initial and final leaf litters of alpine species in response to the warming treatment. The litters were harvested after
633 days of decomposition. Least significant difference (LSD) is for any two means. Significance levels: †, p < 0.1; *, p < 0.05; **, p < 0.01; ***, p < 0.001; n.s., p > 0.1.
Growth

C (%)

N (%)

P (mg g-1)

C:N

S (mg g-1)

Species

form

Initial

Control

Warming

Initial

Control

Warming

Initial

Control

Warming

Initial

Control

Warming

Initial

Control

Warming

C. jamesii

Forb

39.3

43.6

39.6

1.87

4.10

3.60

21.0

10.3

11.0

3.41

2.01

1.89

2.31

3.68

3.32

R. victoriensis

Forb

41.4

44.3

40.4

1.82

4.54

4.12

22.7

9.1

9.8

2.40

2.25

2.03

1.56

4.50

3.57

L. squamatus

Forb

44.9

47.1

48.3

1.82

3.05

3.07

24.7

15.4

15.8

1.91

1.38

1.28

1.83

2.60

2.64

C.pugioniformis

Forb

44.5

46.4

47.2

1.10

2.25

2.13

40.6

20.7

22.2

1.29

1.20

1.16

1.17

2.00

1.94

C. breviculmis

Graminoid

43.1

41.5

42.4

1.08

1.91

1.79

39.9

21.7

23.8

1.27

1.10

1.05

1.01

1.67

1.57

P. hiemata

Graminoid

43.6

42.9

43.9

0.79

1.09

0.99

55.4

39.4

44.2

1.01

0.64

0.60

1.01

1.25

1.12

A. trymalioides

Shrub

49.1

51.4

52.4

1.40

2.37

2.29

35.0

21.7

23.0

1.37

1.06

1.11

1.77

2.09

2.14

G. australis

Shrub

49.1

51.2

51.7

1.09

1.89

1.78

45.1

27.3

29.1

0.89

0.91

0.97

1.09

1.71

1.65

LSD (p = 0.05)

2.19

0.18

2.12

0.21

0.31

Species (S)

***

***

***

***

***

Warming (W)

n.s.

***

***

n.s.

***

S×W

**

**

†

n.s.

***
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Table 2.4. Concentrations of K, Ca, Mg and Mn in the initial and final leaf litters of alpine species in response to the warming treatment. The litters were harvested
after 633 days of decomposition in the field. Least significant difference (LSD) is for any two means. Significance levels are indicated: †, p < 0.1; *, p < 0.05;**, p <
0.01; ***, p < 0.001; n.s., p > 0.1.
K (mg g-1)

Ca ( mg g-1)

Mg ( mg g-1)

Mn ( µg g-1)

Species

Initial

Control

Warming

Initial

Control

Warming

Initial

Control

Warming

Initial

Control

Warming

C. jamesii

46.19

0.51

1.66

17.54

26.96

27.40

5.33

3.39

3.93

209

985

831

R. victoriensis

27.66

1.56

2.59

13.50

17.06

16.25

3.90

2.29

2.97

664

1330

1550

L. squamatus

25.40

1.16

0.82

5.86

10.27

10.58

3.90

2.92

2.80

454

752

903

C. pugioniformis

15.78

1.14

0.89

7.72

11.69

13.09

3.41

2.08

2.47

1110

1260

1490

C. breviculmis

16.21

1.36

1.30

3.81

5.85

6.16

1.85

1.96

1.60

210

489

522

P. hiemata

7.27

0.05

0.07

1.25

1.44

1.66

0.77

0.77

0.60

206

131

154

A. trymalioides

7.82

0.00

0.00

9.02

11.40

12.86

2.99

1.67

2.20

999

899

1080

G. australis

3.35

0.80

0.96

4.35

4.06

4.79

2.04

0.80

1.33

1606

654

1100

LSD (p = 0.05)

1.14

3.85

0.62

239

Species (S)

***

***

***

***

Warming (W)

n.s.

n.s.

*

**

S×W

n.s.

n.s.

n.s.

†
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Table 2.5. Percentage losses of C, N, P, S, K, Ca, Mg and Mn (%) from the leaf litters of alpine species in response to the warming treatment. The litters were
harvested after 633 days of decomposition in the field. LSD is for any two means. Significance levels are indicated: †, p < 0.1; *, p < 0.05;**, p < 0.01; ***, p <
0.001; n.s., p > 0.01. Percentage loss = [(Total initial nutrient per bag – Total final nutrient per bag)/Total initial nutrient per bag] × 100
Species

C

N

P

S

K

Ca

Mg

Mn

Control

Warming

Control

Warming

Control

Warming

Control

Warming

Control

Warming

Control

Warming

Control

Warming

Control

Warming

C. jamesii

82.3

79.0

65.1

60.1

90.6

88.2

74.6

70.0

99.8

99.3

76.0

66.4

90.0

84.4

24.4

20.4

R. victoriensis

80.3

77.8

54.1

48.7

82.7

80.7

46.9

47.9

98.9

97.9

76.7

72.5

89.1

82.8

63.1

46.9

L. squamatus

53.3

51.1

25.0

23.3

67.8

69.7

36.7

34.4

97.9

98.5

22.0

17.7

66.7

67.3

26.2

9.8

C. pugioniformis

55.0

52.0

11.7

12.2

59.7

59.4

26.5

25.3

96.9

97.4

34.4

23.5

73.4

67.3

50.9

39.4

C. breviculmis

62.3

57.3

30.7

28.2

66.1

63.9

35.1

32.6

96.7

96.5

39.6

29.0

57.9

62.0

-13.5

0.5

P. hiemata

41.7

31.4

17.9

14.1

62.2

59.4

26.9

24.7

99.4

97.8

31.5

8.9

41.3

46.7

62.4

49.0

A. trymalioides

44.0

39.2

9.4

7.2

58.6

54.2

36.7

31.1

98.7

99.8

32.3

18.8

70.0

57.9

51.8

38.5

G. australis

40.9

33.9

2.2

-2.3

42.6

32.4

11.2

5.0

86.7

82.4

47.1

31.2

77.7

59.6

76.8

57.3

LSD (p = 0.05)

5.0

8.7

7.8

8.8

6.1

16.5

13.2

14.7

Species (S)

***

***

***

***

***

***

***

***

Warming (W)

***

†

*

†

n.s.

***

*

***

S×W

n.s.

n.s.

n.s.

n.s.

n.s.

n.s.

n.s.

n.s.
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2.4. Discussion
This study demonstrated the potential fate of a range of alpine litters representative of a heathland
community when exposed to a 1.2 °C temperature rise using open-top chambers (OTC). The
following key findings will be discussed: First, warming decreased overall litter mass loss, with a
greater effect on the graminoids and shrubs than the forbs, rejecting the first hypothesis.
Furthermore, the percentage mass loss and nutrient release from the litter depended on the initial
litter quality and nutrient content, and were in the order of forbs > graminoids > shrubs,
supporting the second hypothesis. Moreover, warming decreased nutrient releases from the litters
in the initial 260 days of decomposition as well as total losses of nutrients, rejecting the third
hypothesis. Finally, most IEM-adsorbed nutrients correlated significantly with both initial
concentrations of nutrients in the litter and mass loss of litters from decomposition.
2.4.1. Open-top chamber effects on microclimate
Mean annual air and soil temperatures were significantly increased in OTC plots compared to the
control, during the snow-free season, and within the predicted climate change scenarios for the
Victorian Alps (Hennessy et al. 2003). The range of warming was concordant with those obtained
at other OTC-treated heaths in the Bogong High Plains (Jarrad et al. 2009; Wahren et al. 2013) as
well as in other regions in the Northern Hemisphere (Bokhorst et al. 2013). Warming was
accompanied by the drying of the upper soil layer, where soil moisture fell below plant wilting
point more frequently. Rustad et al. (2001) also observed decreased soil moisture in nine out of 14
sites heated using OTC. Commonly used methods of soil warming, namely OTC, infrared heaters
and heating cables, reportedly induce soil-drying (Aerts 2006). Nevertheless, it could also be
argued that soil drying is, in fact, an indirect effect of warmer climate due to increased
evaporation and transpiration.
2.4.2. Effect of warming on litter decomposition
Overall, litter mass losses decreased under the warmer regime, suggesting an indirect effect of
warming on decomposition through moisture limitation. Similar results were also reached by
Bryant et al. (1998) and Withington and Sanford (2007) in alpine sites and Sjögersten and
Wookey (2004) in the forest-tundra eco-tone. Indeed, open-top chambers have been reported to
decrease decomposition rates (Aerts 2006) in comparison with other climatic manipulation
methods which increased litter mass losses, such as infrared heaters (Luo et al. 2010) and
elevation gradients (Xu et al. 2010). We suggest that any increase in decomposition caused by the
direct warming effects by OTC were likely overridden by the greater and persistent moisture
limitation. We speculate that this effect was exacerbated by the fast-drying nature of these alpine
soils (Good and Wales 1992) as well as the litters becoming drier themselves (Sjögersten and
Wookey 2004). Many studies have highlighted the impact of lower soil moisture on the inhibition
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of microbial activity, which, in turn, limited decomposition (Bryant et al. 1998; Shaw and Harte
2001); whereas under optimal moisture conditions, warming increases litter decomposition
(Robinson et al. 1995; Hobbie 1996).
Climatic effects on litter mass loss only came second to the species effects. Mass losses were
controlled by initial nutrient content, especially that of N (r = 0.8, p < 0.01). Thus, forbs had the
greatest litter decomposition, followed by graminoids and shrubs the least, irrespective of the
warming treatment.

These are concordant with the extensive literature on mass loss rates

differing between plant functional types and the N control over decomposition rates (Chapin III et
al. 1995; Cornelissen et al. 1999; Shaw and Harte 2001). Decomposition rates of graminoid and
shrub litters were markedly reduced by warming, whereas those of forbs did not respond to the
climatic changes. Indeed, for such herbaceous litters with soft leaves and high N content,
biological (mainly microbial in this study, due to the litterbag mesh size) and physical breakdown
may not be limited by moisture and temperature to the same degree as the other plant functional
types. Moreover, the forb litters may become concentrated in highly recalcitrant chemical
fractions following their relatively rapid decomposition at an early stage, leading to very low rates
of further decomposition (Berg et al. 1996). However, in order to understand the behaviour of
recalcitrant and labile components in litter at different stages in their decomposition, NMR or

FTIR techniques should be applied.
2.4.3. Effect of warming on nutrient releases
The effects of the OTC on the nutrient releases differed according to the duration of the
decomposition. During the first 50 days, warming decreased nutrient releases of P, K, Ca, Mg and
Mn to the greatest extent. This coincided with the larger microclimatic differences between OTC
and control treatments as well as the larger availability of nutrients and labile C in the litters in the
initial stages (Couteaux et al. 1995). These nutrient releases were likely to result from leaching as
well decomposition, a process driven by moisture and temperature. From days 50-260, the
majority of nutrient release probably occurred from advanced fragmentation and chemical
reduction (Chapin III et al. 2002). Although OTC were removed during this period, P and K
releases were increased in the previously warmed plots. This suggests that their diffusion from the
plant litter to the IEM required an adequate level of moisture, which became available in winter.
Initial nutrient contents were a greater driver in nutrient releases from litters compared to
warming. Indeed, forbs C. jamesii and R.victoriensis which had the highest initial nutrient
contents, released more NH4+-N, P, K, Ca and Mg, and had greater mass losses compared to the
other species.
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Effect of warming on nitrogen, sulfur and phosphorus releases
-

Interestingly, NO3 -N levels under the empty litterbag were greater than those under litters.
Assuming that the background NO3--N from exposure to the atmosphere and contact with soil is
similar under litters and empty litterbags, we may imply that the increase in C substrates and
nutrients from litters favoured microbial immobilization of and competition for the background
-

NO3 -N with the IEM adsorption. Out of the eight species investigated, three species had C:N <
25. Only C. jamesii (C:N 21) and R. victoriensis (C:N 23) had net N mineralisation during the
initial 260 days as indicated by increased IEM-adsorbed NH4+-N compared to the no-litter
control. Given that all the litters except G. australis lost substantial amounts of N during
decomposition (Table 2.5), we assume that microbes immobilized all the N released from the
other five litters. Vitousek et al. (1994) described net N release when the litters lost at least 20%
of their initial content, with this value accounting for initial leaching losses (Berg and Staaf 1981).
Clearly, this was not the case for C. breviculmis (sedge), or L. squamatus (forbs) in this present
study.
+

Warming did not affect N mineralisation (as indicated by IEM-adsorbed NH4 -N) in the first 260
days, nor total N losses from litters (Tables 2.1 and 2.5). It, however, led to higher final C:N
which in turn decreased mass losses in this study and other studies (Aerts et al. 2012). Indeed,
Upadhyay et al. (1989) demonstrated that the accumulation of N occurred up to a point where
sufficient mass loss was reached and this depended on initial N concentrations (Parton et al.
-

2007). The decreased IEM-adsorbed NO3 -N by warming could have resulted from slower
diffusion due to drier soil surface in the OTC than in the control. Hence, climate may not play a
significant role over N releases from litters in the initial years of decomposition in this alpine
system.
Sulfur concentrations in the initial and final litters in both warmed and unwarmed plots were
closely related to those of N. Indeed, N has been found to contribute to the mineralization of soil
organic S (Ghani et al. 1992). Sulfur concentrations in the litters increased following
decomposition, as S was likely immobilized to satisfy microbial demands. Warming and drying
significantly decreased this immobilization, indicating a decline in microbial requirements,
corroborating with the slower decomposition rates in warmed plots.
Phosphorus was mineralized and released from all litters except G. australis and C. breviculmis in
the first 260 days, irrespective of the warming treatment. The lack of P release from litters of G.
australis and C. breviculmis could be explained by their high C:P ratios (550 and 340,
respectively) since net P mineralization occurs when C:P ratios are below 100-300 (Newbery et
al. 1997). Moreover, after 633 days, total P losses from litter ranged between 32% and 91% of
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the initial litter P contents, which were greater than N release but occurred at a later stage. These
results corroborate with those of Berg and Staaf (1981) and Upadhyay and Singh (1989), who
reported a faster P than N release from decomposing litters. In this study, warming decreased the
rates of P release (Tables 2.1 and 2.5). It appears that the effect of warming on P dynamics has
less implication for the ecosystem, as N-limitation would need to be overcome first.
Effect of warming on potassium, calcium and manganese releases
The release of K from litter was sensitive to moisture changes in this study: drier conditions in the
OTC led to slower releases, particularly in the first 50 days of decomposition (Fig. 2.4). The
overall lack of warming effects on total K loss was probably due to the high percentage losses
(82-100%). Potassium is not a structural component and exists mainly soluble form in plant cells
(Osono and Takeda 2004). It is thus readily lost, mostly by leaching (Swift et al. 1979).
Therefore, we can expect that K cycling and its availability to plants under climate change is less
likely to be altered than N and P.
In the initial 260 days, Ca was released from only C. jamesii, R. victoriensis and G. australis
while Mg was released from all forbs and shrubs, but not graminoids. The stronger relationship
between mass loss and Ca releases (r = 0.85, p < 0.01) between 50 and 260 compared to the initial
50 days suggests that as decomposition became more advanced, more Ca could be released. Since
Ca is associated in the lignifications of plant cell walls, it is mainly released after the break-down
of the litter’s structural components (Attiwill 1967; Osono and Takeda 2004). Magnesium on the
other hand was more easily released from litter in the initial phase of decomposition, with an
average percentage loss of 70% from the litters. The amounts of Ca and Mg released were
significantly correlated, indicating that their possible coexistence and similarities in release
patterns from the different litters. Warming decreased the total losses of Ca and Mg; but it is
unlikely to alter ecosystem functions as these elements are available in abundant quantities in soil
solution sourced from the weathering of rock-forming minerals (Good and Millward 2007)
Warming decreased returns of Mn to the soil from litters. This may have implications for the
overall nutrient cycling as microbes assimilate Mn as manganese peroxidase to help in the
degradation of lignin and humic acids (Perez and Jeffries 1992; Hofrichter et al. 2001). One
notable species was G. australis, which had the highest initial Mn concentration, and highest
release during decomposition. It is not uncommon for plants of Grevillea sp. to form cluster roots,
which aid in solubilising surrounding soil P and Mn in nutrient-poor soils (Lambers et al. 2006).
Furthermore, Australian alpine soils have a large amount of exchangeable Mn of 34 µg cm-2 at our
site, due to their low pH of 5.
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2.4.4. Ecosystem implications and direction
The results presented in the present paper may have important implications. Warming increased
the number of days when soil was dried to the wilting point (0.12) and decreased the number of
days when soil moisture contents were at the field capacity (0.30), indicating that plants were less
likely to uptake water as well as nutrients at these levels of moisture content. Although mass loss
of forbs may not be affected by warming, their increase in abundance, shorter life span and
quicker turn-over could contribute to a shift in the nutrient balance by nutrient redistribution in
soil profiles and increasing rates of nutrient input into topsoil in alpine soils, as well as a potential
increase in nutrient demand by vegetation. Moreover, litter quality influenced nutrient releases
more strongly than warming in this ecosystem. In a previous study in the Australian Alps, Wahren
et al. (2013) showed that warming by OTC over seven years increased forb cover by 9%, shrub
cover by 20% and decreased grass by 25%. Because these changes in vegetation were correlated
with a decrease in precipitation, moisture availability is more likely to be the driving factor of
ecosystem change in the future climate change, rather than temperature.
Warming only marginally decreased the total N and P contribution from decomposition as was
also observed by Rustad et al. (2001). However, White-Monsant et al. (2015) showed an increase
in soil NH4+-N and P under OTC-treatment in the Bogong High Plains, which indicates either
decreased uptake by microbes and/or plants or increased input from belowground sources.
Wahren et al. (2013) reported an increase in plant canopy height in other OTC-treated plots in the
Bogong High Plains, which could indicate enlarged root systems. Decaying roots, which represent
as much as 48% of litter input in grasslands and forests (Freschet et al. 2013), have been reported
to release N with minimal initial immobilization (Parton et al. 2007). Hence, decomposers may
benefit from greater organic matter and substrate availability, as well as sufficient moisture, even
under OTC, belowground compared to aboveground (Silver and Miya 2001).
2.4.5. Ion-exchange membranes for the measurement of nutrient release in litters in situ
As we expected, IEM-adsorbed nutrients correlated positively and significantly with the initial
nutrient contents of the litters. These relationships were stronger from 50 to 260 days compared to
the initial 50 days, where the temperature increase influenced IEM nutrients. Hence, from the
IEM data, we were able to show that climate controlled nutrient release in the initial stages of
decomposition and that initial litter nutrient contents (litter quality) controlled nutrient release in
the later stage of decomposition. Moreover, depending on the decomposition period, mass loss
was also significantly correlated with IEM-adsorbed NH4+-N, K, Ca and Mg, which can help us to
understand how nutrients are released during decomposition.
IEM-adsorb nutrients that are already converted to the plant available form (Qian et al. 1996) and
in a similar way to plant roots, through diffusion and desorption reactions (Sibbesen 1978).
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Because of their sensitivity to changes in temperature and moisture conditions (Qian and
Schoenau 2002), IEM can therefore predict plant available nutrients under a changing climate.
While the IEM does not provide an absolute value of nutrient release since its surface area
covered only 5% that of the litterbag, it estimates the relative nutrient release between different
species and warming treatments.
2.5. Conclusions
Over almost 2 years of decomposition in situ under experimental warming, soil warming and
drying strongly influenced litter decomposition rates and nutrient release, with the main effects
occurring during the initial stages of decomposition in autumn. The litter species controlled
nutrient release, suggesting that the impending shifts in plant community will lead to a change in
the nutrient immobilization and input to the soil. Further research is required to examine whether
microbes and plants are affected by experimental warming, depending on their resilience to
change and on the balance between immobilization and release of nutrients in the system. Further
studies are also required to observe the effect of climate change on nutrient cycling over longer
terms through isotopic labelling of nutrients in the litter or the deployment of a larger number of
litterbags over a longer time scale.
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Chapter 3: Decomposition of and nutrient releases from graminoid and
shrub litters increase with elevation in the Australian Alps

3.1. Introduction
In the South-Eastern Australian Alps, climate change is predicted to increase ambient
temperatures and alter the frequency of rainfall events (Hennessy et al. 2003), as well as promote
shrub expansion at the expense of grass cover (Wahren et al. 2013). These factors have the
potential to alter ecosystem nutrient cycling through their influence on litter quality and litter
decomposition rates, thus having important consequences for plant growth and soil nutrient
availability (Couteaux et al. 1995), especially that of N and P, and C cycling (Vitousek and
Hobbie 2000). Over seven years of warming treatment using open-top chambers in the Bogong
High Plains, Wahren et al. (2013) observed a 20% increase in shrub cover (represented mainly by
G. australis) and a 25% decrease in grass cover (mainly Poa spp). Such warming-induced
alterations in plant community can alter the composition and overall litter quality, which affects
the rates of nutrient release. In Chapter 2, warming, and initial C:N and nutrient concentrations in
the litter were found to be strong drivers of decomposition rates and nutrient releases in a range of
native alpine species consisting of forbs, graminoids and shrubs. In particular, Grevillea australis
and Poa hiemata, two of the most dominant species in Australian Alps, differed in their nutrient
releases and had significantly less mass losses and lower nutrient releases under the warmer and
drier conditions.
The changes in the contribution of litter decomposition of the dominant species Grevillea
australis and Poa hiemata to soil nutrients under warming, across a temporal scale, are currently
unknown in Australian Alps. Three elevations were used as a proxy for climate change, to create
natural and distinct climatic environments, with mean annual temperatures decreasing with
elevation (Korner 2003). Ion-exchange membranes (IEM), which have been previously used to
estimate nutrient release from decomposing litters (Huang and Schoenau 1997), were used to
intercept the nutrients as they move towards the soil-litter interface, as well as the contribution of
litter decomposition to changes in soil nutrient levels beneath the litters in the top 2-cm soil depth.
This depth was chosen to maximize the detection of nutrient dynamics influenced by litter
decomposition since soils in close contact with decomposing litters are hotspots for microbial
activity (Pagel et al. 2014).
This study aimed to examine the effect of elevation on litter decomposition and associated
nutrient release. We hypothesize 1) that higher temperatures at the lower elevation will increase
litter decomposition and nutrient release as well as soil nutrient availability, and 2) that the two
different litter types will alter soil nutrients differently, due to their initial nutrient contents.
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3.2. Materials and methods
3.2.1. Site locations and elevations
The study was conducted in the Bogong High Plains in the Alpine National Park, Victoria.

Because the true alpine ecosystem is only restricted to a maximum altitudinal range of
300 m in this region, one alpine site, Mount Nelse (E530198 N5922529), which is the highest
point in the Bogong High Plains, at 1900 m in elevation, and 2 subalpine sites, Cope Hut
(E524000 N5915914) at 1750 m and Buckety Plain (E530089 N5911849) at 1570 m were
selected for this study. The soil type was an acidic sandy loam with pH 4.3 at Mount Nelse, 4.2 at
Cope Hut, and 4.5 at Buckety Plain. The sites were all gently sloping and North West facing. At
each elevation, three replicated open-heathland plots (8 m × 8 m) were selected, at least 100 m
apart were chosen to ensure that the sites were independent of each other and to account for site
variability. The shrub cover in such communities was 20-50% and 0.2-0.5 m tall, with G.
australis as the dominant shrub and intershrub spaces dominated by Poa spp. and herbs (Williams
et al. 2006; Wahren et al. 2013).
3.2.2. Litter collection and preparation
Fresh litters were collected in the Bogong High Plains. After air-drying, G. australis leaves and P.
hiemata leaves cut into 5-6 cm lengths were placed in 12 cm × 12 cm litterbags. The litterbags
were constructed using a nylon mesh (Nytal 48% open area, Sefar Pty Ltd) with a mesh size of
355 µm, which allowed access to micro-fauna <100 µm, such as bacteria and fungi nematodes,
and meso-fauna <2mm, such as mites and springtails (Bradford et al. 2002) to the litters enclosed
in the bags. At the bottom of each bag, an open mesh pocket was sewn to hold in a pair of ion
exchange membranes (IEM) (Fig. 3.1). Seven grams of air-dried P hiemata leaf litter or 20 g of
air-dried G. australis leaf litter were evenly spread out in each bag to allow uniform surface
access to soil decomposers and the bags were sewn shut. These quantities account for the
predicted changes in litter quality and quantity associated with an increased cover of shrubs under
warming. Indeed, G. australis produces three times more leaf biomass compared to a Poa spp.
(unpublished data). Moreover, these quantities provide uniform access to decomposers and
coverage of the IEM due to the substantial differences in specific leaf areas. Empty nylon mesh
bag, constructed identically to the litterbags, were also included as ‘no litter’ controls. Each bag
was labelled with the plot location and replicate number. The air-dried weights of the litters were
converted to an oven-dry weight based on their water contents measured after being dried at 70 ºC
for 48 hours.
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Figure 3.1. Planar view of litterbag construction

3.2.3. Litterbag placement and microclimate monitoring
Due to the varying thicknesses of underlying litter layers, the ground was cleared of existing litter
and vegetation before placing the litterbags. For each litterbag, a 12 cm × 12 cm area on the
ground was cleared. The bags were secured into place using four stainless steel hooks at each
corner (Fig. 3.2). At each plot, five replicate litterbags for each species and the ‘no litter’ control
were placed between living Poa spp. tussocks, with one P. hiemata, one G. australis and one ‘no
litter’ control placed 20 cm from each other. The heights of three to four surrounding Poa
tussocks around each bag were recorded. The ambient temperature at each site was logged hourly
using resistant stainless steel iButtons while the temperatures within the litter layer were logged
every two hours within a separate set of litterbags.
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Figure 3.2. Litterbag placement in the field: A patch between P. hiemata plants was chosen and
the area was cleared of all vegetation.The bag was secured into place with four hooks.

3.2.4. Preparation and field placement of ion-exchange membranes
Nutrient releases from litters and changes in soil nutrient availability were measured over a year
using IEM (Membranes International, Inc). Two sets of IEM were used for each litterbag: the first
pair of cation-exchange membrane (CEM) and anion-exchange membrane (AEM), 10 cm × 2 cm
each, was imbedded in vertically in the soil under the litterbags to detect any potential soil
enrichment from litter decomposition, and the second pair, 3 × 4 cm each, was placed
horizontally, inside the mesh pocket, at the soil-litter interface to capture nutrients directly leached
from the decomposing litter. The counter-ion used in the CEM was H+ and was generated on the
membranes by shaking the latter in 2 M HCl overnight. The counter-ion used in the AEM was
HCO3- and was generated by shaking in 1 M NaHCO3- overnight. The IEM were then rinsed to
remove excess solution with reverse-osmosis (RO) water, followed by a further 12-h equilibration
in RO water. The IEM were carried in the field in zip lock bags filled with RO water to avoid
their desiccation. The first set was placed over late autumn (March 2012-May 2012 over 42 days),
the second set was placed, in the same slot, over winter and early spring (May 2012-October
2012, over 198 days), and the final set was placed over spring to summer (October 2012-February
2013, over 85 days). Since retrieval and replacement of IEM under the snowpack was not
possible, the IEM were left for a longer period over the snow season.
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3.2.5. Sample collection and final weight
The litterbags were collected after 321 days. Contaminants such as soil particles and non-plant
litter material growing into the bag were removed gently using a small brush and tweezers.
Litterbags were placed individually in brown paper bags and oven-dried at 40 °C to constant mass
and weighed. The percentage dry mass remaining was determined by calculating the difference
between oven-dry weights of the initial and remaining litters after 321 days in the field.
3.2.6. Chemical analyses
Concentrations of Ca, Mn, Mg, P, K, NO3--N and NH4+-N in the initial litter and decomposed
litter, and IEM-extracts and total litter C and N were determined by the methods described in
Chapter 2.
3.2.7. Statistical analyses
Statistical significances of the effects of elevation, species and their interactions on the percentage
litter mass loss, IEM-extractable nutrients under litters and in soils, final nutrient concentrations
and C:N ratios were determined by two-way analysis of variance (ANOVA) using GenStat 13th
edition. Significant differences were set with p values < 0.05. In the case of significant effects of
main factors or significant interactions, least significant differences (LSD) were used to determine
the levels and direction of difference. Pearson’s correlations between IEM-extractable nutrients
under litters and in soils, for each element were determined.
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3.3. Results
3.3.1. Effects of elevation and species on temperature
A temperature gradient was observed, with the highest temperature throughout the study at the
lowest elevation, Buckety Plain and the lowest temperature at the highest elevation, Mount Nelse
(Fig. 3.3). During the snow-season, temperatures at Mount Nelse remained stable and above 0 °C
under the snow pack, while Cope Hut experienced small fluxes in temperature, whereas large
fluctuations in temperature were observed at Buckety Plain (Fig. 3.3). Temperatures within the
litter layer did not differ between G. australis and P. hiemata within sites (data not shown).
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Figure 3.3. Mean daily ambient temperatures at the three elevations Mount Nelse (1900 m), Cope
Hut (1750 m) and Buckety Plain (1570 m) during the experimental period from March 2012 to
February 2013.

39

3.3.2. Effects of elevation and species on litter decomposition
Over 321 days, G. australis lost 31.0%, 31.6% and 25.2% of its original mass from the highest to
lowest elevation while P. hiemata lost 22.4%, 23.5% and 21.3% from highest to lowest elevation
(Fig. 3.4).
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Figure 3.4. Mass losses of litters after 321 days of decomposition at the three elevations, Mount
Nelse (1900 m), Cope Hut (1750 m) and Buckety Plain (1570 m), during the experimental period
from March 2012 to February 2013. Error bars represent ± standard error (n=15). Different letters
denote significant differences between the elevations.
3.3.3. Effects of elevation and species on nutrients at the litter-soil interface
Nutrient releases from litters were determined over three time periods using IEM. As expected,
the species type strongly influenced the amount of IEM-adsorbed nutrients at all times, with the
exception of IEM-adsorbed K which was only influenced by species from autumn to early spring
(Table 3.1). Overall, G. australis released significantly more K, Ca, Mg and Mn, whereas P.
+

hiemata were associated with higher amounts of IEM-adsorbed NH4 -N and P at the litter-soil
interface (Fig. 3.5), although these differences were influenced by the stage of decomposition
and/or season. For instance, IEM-adsorbed NO3--N and P were greater under P. hiemata in
autumn, but greater under G. australis from late spring to summer (Fig. 3.5). Nutrient release
patterns were similar for all litter treatments, with the greatest amounts of divalent cations (Ca,
Mg and Mn) released from winter to early spring and the greatest amounts of P released, and
lesser immobilization of NH4+-N, in autumn (Fig. 3.5).
The IEM under the empty litterbags allowed us to determine, firstly, any background nutrient
levels, and secondly, the net release or immobilization of nutrients from the litters (Fig. 3.5, Table
-

+

3.3). Immobilization of NO3 -N and NH4 -N occurred in litters of both species over the whole
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321-day period, except for NO3--N release from G. australis from late spring to summer. Nitrate
and NH4+-N immobilization were greater under G. australis, which also contained lower initial
water-soluble NH4+-N (130 vs. 204 µg N g-1) and NO3--N (3.8 vs. 5.8 µg N g-1) compared to P.
hiemata (Fig. 3.5, Table 3.3). There was net K release from autumn to early spring from both
species. Releases of Ca, Mn and Mg from G. australis peaked from winter to early spring, while
immobilization of those nutrients occurred under P. hiemata litters (Fig. 3.5, Table 3.3).
Elevation had a significant effect on nutrient releases from litters. The amount of IEM-adsorbed K
was greatest at Cope Hut in autumn, while IEM-adsorbed NH4+-N and Ca were also greatest at
Cope Hut from winter to early spring (Fig. 3.5, Table 3.1). From late spring to summer, IEMadsorbed P, K, Ca, Mg and Mn were significantly greater at Mount Nelse, while more NO3--N
was detected at Buckety Plain. The lack of species and elevation interaction throughout the study
indicates that the effects of elevation on nutrient release were similar for the different species.
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Table 3.1. Effects of elevation (E), species (S) and their interaction on IEM-adsorbed ions at the
litter-soil interface (litter) and in the top 2-cm soil depth under the litters (soil) for the three
periods of IEM embedment: autumn (February to April 2012: 42 days of embedment), winter to
spring (April to November 2012: 198 days), spring to summer (November 2012 to February 2013:
85 days). The litters were in the field for 321 days. Values are means (n=15). Significant
treatment effects are shown: †, p < 0.1; *, p < 0.05; **, p < 0.01; ***, p < 0.001. n.s., p > 0.1.
Autumn

Winter to early spring

Late spring to summer

(Mar-Apr 2012)

(Apr-Nov 2012)

(Nov 2012-Feb 2013)

Litter

E

S

E×S

E

S

E×S

E

S

E×S

NH4+-N

n.s.

***

†

*

***

n.s.

n.s.

***

n.s.

NO3 -N

n.s.

***

n.s.

†

***

n.s.

*

***

n.s.

P

n.s.

***

n.s.

n.s.

***

n.s.

**

**

n.s.

K

*

**

n.s.

n.s.

***

n.s.

**

n.s.

n.s.

Ca

n.s.

*

n.s.

*

***

n.s.

**

***

n.s.

Mg

n.s.

***

n.s.

n.s.

***

n.s.

**

**

n.s.

Mn

n.s.

***

n.s.

n.s.

***

n.s.

**

***

n.s.

Soil

E

S

E×S

E

S

E×S

E

S

E×S

NH4+-N

n.s.

n.s.

n.s.

n.s.

**

n.s.

n.s.

***

n.s.

NO3 -N

n.s.

n.s.

n.s.

n.s.

*

n.s.

n.s.

**

n.s.

P

n.s.

n.s.

n.s.

n.s.

**

*

*

***

*

K

n.s.

n.s.

n.s.

n.s.

n.s.

n.s.

n.s.

†

n.s.

Ca

n.s.

**

n.s.

n.s.

n.s.

n.s.

†

***

n.s.

Mg

n.s.

***

*

n.s.

***

*

n.s.

**

n.s.

Mn

n.s.

†

n.s.

n.s.

***

n.s.

n.s.

***

*

-

-
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Figure 3.5. Ion-exchange membrane (IEM)-extracted nutrients at the litter-soil interface for the three
periods of ion-exchange membrane (IEM) embedment: autumn (February to April 2012: 42 days of
embedment), winter to spring (April to November 2012: 198 days), spring to summer (November 2012 to
February 2013: 85 days), at three elevations Mount Nelse (N) (1900 m), Cope Hut (C) (1750 m) and
Buckety Plain (B) (1570 m). Values are means and error bars represent the standard error (n=15). The
vertical lines on the right-hand side in each panel indicate the least significant difference (LSD), (p = 0.05)
for the species × elevation interaction.
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3.3.4. Effects of elevation and species on nutrient availability in soil
Soils overlaid by decomposing litters had increased amounts of IEM-adsorbed Ca and Mg in
autumn, increased Mg and Mn but decreased N and P from winter to early spring, and decreased
N, P, Ca, Mg and Mn from late spring to summer compared to the control soils (Fig. 3.6, Table
3.3). The amounts of IEM-adsorbed NH4+-N, NO3--N, P, K, Ca, Mg and Mn in soil were greatest
in autumn compared to the later seasons. Greater decreases in soil NH4+-N and NO3--N occurred
under G. australis compared to P. hiemata from winter to early spring (-58% vs. -50% for NH4+N and -67% vs. -45% for NO3--N, respectively), while from late spring to summer, a greater
reduction in soil NO3--N was observed under P. hiemata compared to G. australis (-39% vs. 12%). Both litter species decreased soil P similarly from winter to summer (Table 3.3). G.
australis had a greater contribution to the IEM-adsorbed nutrient levels in soil, with greater Mn
and Mg increase compared to the grass from autumn to early spring (Fig. 3.6, Table 3.3).
The relationships between nutrients released from the decomposing litters and in soil varied
seasonally and nutrient type. For instance, Mg and Mn released from litters correlated with those
from soil in winter-early spring (r = 0.43, p < 0.001 for Mg and r = 0.50, p < 0.001 for Mn), while
NH4+-N, NO3--N and P from the litters correlated with those from soil from late spring to summer
(r = 0.49, p < 0.001 for NH4+-N; r = 0.43, p < 0.001 for NO3--N and r = 0.31, p < 0.001 for P).
Relationships between nutrient releases from litters and soil were otherwise weaker or nonsignificant (Table 3.4).
Elevation did not have a significant effect on the amounts of IEM-adsorbed nutrients in the top 2cm soil, except for P, which was greatest at Mount Nelse from late spring to summer. However,
soil Mg at Cope Hut was increased more by the presence of G. australis litters, resulting in a
significant species × elevation interaction from autumn to early spring (p < 0.05, Tables 3.1 and
3.3, Fig. 3.6). The litters similarly decreased soil P more from winter to summer at Mount Nelse
(Fig. 3.6, Table 3.3), while soil Mn was decreased more at Mount Nelse from late spring to
summer, but similarly under both litter types (Fig. 3.6, Table 3.3).
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Figure 3.6. Ion-exchange membrane (IEM)-adsorbed nutrients in soil at depth 0–2 cm beneath the litterbags for
the 3 periods of IEM embedment: autumn (February to April 2012: 42 days of embedment), winter to spring
(April to November 2012: 198 days), spring to summer (November 2012 to February 2013: 85 days), at three
elevations Mount Nelse (N) (1900 m), Cope Hut (C) (1750 m) and Buckety Plain (B) (1570 m). Values are means
and error bars represent the standard error (n=15). The vertical lines on the right-hand side in each panel indicate
the least significant difference (LSD) (p = 0.05) for the species × elevation interaction.
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3.3.5. Effects of elevation and species on total nutrient loss from litters
Initial litter nutrient content differed between litter types, with G. australis having a higher litter
quality compared to P. hiemata with C:N of 46.3 and 53.8, respectively (Table 3.2).
Concentrations of C, N, S, Ca, Mg and Mn were greater in G. australis while P. hiemata
contained more initial P, K and water-extractable NH4+-N and NO3--N. Decomposed G. autralis
litters were significantly more concentrated in C, N, P, K, S, Ca, Mg and Mn compared to P.
hiemata (p < 0.001, Table 3.2). The final nutrient contents of P. hiemata litters were similar at the
three elevations, with the exception of K, which was greatest at Buckety Plain and C:N, which
was similar at Mt Nelse and Cope Hut, but significantly lower at Buckety Plain. G. australis, on
the other hand, had higher final concentrations of Mg at Mount Nelse (Table 3.2). Concentrations
of C, K, S, Ca and Mn in the decomposed litters of G. australis were significantly greater at
Mount Nelse compared to Buckety Plain, both of which were similar to those at the intermediate
site, Cope Hut. Final G. australis litter concentrations of P and N were highest and similar at
Cope Hut and Mount Nelse, but lowest at Buckety Plain (Table 3.2).
Total percentage losses of N, P, S, K, Ca and Mn were significantly greater in P. hiemata
compared to G. australis. Carbon losses were greater in the shrub (Table 3.5), especially at the
two higher elevations, resulting in a significant elevation × species interaction (p < 0.05, Table
3.5). Total C losses in both species were lowest at the lowest site, Buckety Plain while similar C
losses occurred at the two more elevated sites. Elevation did not affect losses of P, S and Ca (p >
0.05, Table 3.5) in both species. In G. australis, losses of Mg and Mn were lowest at Mount Nelse
and losses of K were greatest at Buckety Plain, whereas in P. hiemata more N, but less K, Mg and
Mn were lost at Buckety Plain compared to the two higher elevations (Table 3.5).
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Table 3.2. Initial and final nutrient composition (mg g -1) of G. australis and P. hiemata litters at the three elevations. The litters were in the field for 321 days. Values
are means (n=3). The least significant difference (LSD) is for any two means. Significant treatment effects are shown: †, p < 0.1; *, p < 0.05; **, p < 0.01; ***, p <
0.001; n.s., p > 0.1.

P. hiemata
Final (mg g -1)

Initial
(mg g -1)

G. australis

Mount
Nelse

Cope Hut

Final (mg g -1)

Initial
Buckety
Plain

(mg g -1)

Significance for final nutrient concentration

Mount Nelse

Cope Hut

Buckety
Plain

LSD

Elevation

Species

Site ×
species

( p = 0.05)

C

48.3

44.7

44.9

45.0

51.4

51.4

51.5

51.0

0.50

n.s.

***

n.s.

N

0.90

0.88

0.83

0.76

1.11

1.56

1.54

1.42

0.13

**

***

n.s.

C:N

53.8

51.0

54.1

59.6

46.3

33.1

33.6

35.8

3.9

***

***

n.s.

P

1.01

0.53

0.55

0.50

0.89

0.84

0.82

0.76

0.07

†

***

n.s.

K

7.27

0.01

0.18

0.49

3.35

0.61

0.48

0.30

0.26

n.s.

**

***

S

1.01

0.93

0.98

0.94

1.09

1.29

1.29

1.18

0.11

n.s.

***

n.s.

Ca

1.25

0.91

0.97

1.02

4.35

4.36

4.10

3.92

0.29

n.s.

***

†

Mg

0.77

0.44

0.43

0.56

2.04

1.48

1.28

1.12

0.16

n.s.

***

**

Mn

0.21

0.12

0.11

0.14

1.61

1.48

1.32

1.22

0.13

†

***

*
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Table 3.3. The effects of species on the net rates of nutrient release (positive) or immobilization (negative) at the litter-soil interface and on the changes in IEMadsorbed nutrients in soil (∆ soil nutrient) beneath the litters, for the three periods of ion exchange membrane (IEM) embedment (autumn, winter-spring and springsummer). The nutrient rates shown are the averages of 45 replicates.

Nutrient release rates from decomposing litters (µg cm-2d-1)
Season

Change in soil nutrient supply rates under litters (%)

Species
NH4+-N

NO3--N

P

K

Ca

Mn

Mg

NH4+-N

NO3--N

P

K

Ca

Mn

Mg

G. australis

-220.4

-22.8

5.8

520.8

23.3

72.8

91.0

19.1

-23.5

-9.3

10.5

15.3

21.8

29.2

P. hiemata

-64.7

-19.7

45.8

361.2

-17.6

-16.0

-29.4

4.3

-38.8

4.9

3.1

15.6

-0.3

19.2

G. australis

-65.9

-28.3

25.0

990.6

390.8

278.0

470.1

-57.6

-66.8

-17.8

19.1

4.3

47.8

24.4

P. hiemata

-20.2

-17.4

1.6

319.9

-64.9

-7.2

21.6

-49.9

-44.5

-19.8

-7.2

5.0

-9.6

8.8

G. australis

-110.5

8.1

0.9

2.0

-14.5

10.3

12.4

-54.8

-11.6

-58.0

-17.8

-33.3

-46.9

-16.2

P. hiemata

-51.2

-4.1

-1.0

-48.0

-38.4

-15.7

-10.9

-52.9

-38.8

-61.7

-24.2

-34.9

-53.3

-24.6

Autumn

Winterspring

Spring summer

Nutrient release or immobilization from litters = Nutrient litter - Nutrient control
Δ Soil nutrient = (Soil nutrient litter – Soil nutrient control) × 100
Soil nutrient control
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Table 3.4. Pearson correlations between the nutrients adsorbed by ion-exchange membranes
under decomposing litters and in soil at three periods of IEM embedment: autumn (February to
April 2012: 42 days of embedment), winter to spring (April to November 2012: 198 days), spring
to summer (November 2012 to February 2013: 85 days). Correlations were based on 135 data
points, where each point represented the adsorbed nutrients under a litterbag. Values of r and their
significance (p-value) are shown: *, p < 0.05; **, p < 0.01; ***, p < 0.001; n.s., p > 0.05.
Autumn

Winter-early spring

Late spring-summer

r

p-value

r

p - value

r

p-value

NH4+-N

0.08

n.s.

0.15

n.s.

0.49

***

NO3--N

0.08

n.s.

0.41

***

0.43

***

P

0.13

n.s.

0.08

n.s.

0.31

***

K

0.24

**

0.22

**

0.14

n.s.

Ca

0.25

**

0.00

n.s.

0.14

n.s.

Mg

0.31

***

0.43

***

0.03

n.s.

Mn

0.31

***

0.50

***

0.21

*
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Table 3.5. The total nutrient loss (%) from the litters after 321 days of decomposition in the field at three elevations. The values are the means of 3 replicates. Least
significant difference (LSD) is for any two means. Significant treatment effects are shown: *, p < 0.05; **, p < 0.01; ***, p < 0.001; n.s., p > 0.05.

G. australis

P. hiemata

Significance
LSD

Mount
Nelse

Cope
Hut

Buckety
Plain

Mount
Nelse

Cope
Hut

Buckety
Plain

(p=0.05)

C

27.8

28.0

22.3

20.6

21.1

18.6

N

1.4

3.2

2.3

13.4

18.9

P

35.3

36.8

36.3

59.5

S

18.3

18.8

18.8

K

87.5

90.1

Ca

31.0

Mg
Mn

Elevation ×

Elevation

Species

1.7

***

***

*

24.3

3.6

***

***

**

58.3

61.2

3.0

n.s.

***

n.s.

29.0

26.1

27.1

2.9

n.s.

***

n.s.

93.2

100.5

99.0

94.7

2.5

n.s.

***

***

35.3

32.7

43.4

40.2

35.8

5.4

n.s.

***

n.s.

50.1

57.2

58.8

56.3

57.2

43.5

5.6

*

n.s.

***

36.5

43.6

43.3

53.3

59.0

46.4

5.6

**

***

**

species
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3.4. Discussion
The present study describes the effects of elevation, as a proxy for warming, on the litter
decomposition and nutrient release from litters of two dominant alpine species, and their
subsequent impacts on the soil nutrient availability. These nutrient fluxes were quantified firstly
at the litter-soil interface to determine the nutrient leaching directly from the litters before they
enter the soil, and secondly in the top 2 cm soil layer to determine any contribution of litter
decomposition to the soil nutrient pools. By comparing IEM-adsorbed nutrients associated with
the litters to those of the ‘no litter’ control, the relative release or immobilization of nutrients in
the presence of litters were estimated. The following key findings will be discussed: first, the
warmer ambient temperatures at the site of lowest elevation decreased decomposition compared
to the cooler and more elevated sites, most likely from the lower moisture availability, rejecting
our first hypothesis; second, overall litter nutrient releases were greatest at the intermediate and
highest elevation sites, where moisture limitations were likely reduced, in comparison to the
lowest elevation site, also rejecting the first hypothesis; third, plant species of litters was a
stronger influence than elevation (temperature) on the soil nutrient availability, with these effects
being dependent on the combination of decomposition stage and season, supporting our second
hypothesis. Hence, this study demonstrated that the different climates associated with elevation
could alter decomposition and nutrient releases, and to a lesser extent, soil nutrients.
3.4.1. Effects of elevation on litter decomposition and nutrient dynamics
After 321 days in the field, the overall litter decomposition, determined as the total mass and C
losses, was the least at the lowest elevation, where the average degree of warming, as measured
by mean ambient temperature, was 1.0 and 1.6 °C compared to the intermediate and highest
elevations, respectively. These results are consistent with the findings of Murphy et al. (1998) and
Withington and Sanford (2007) who investigated elevation effects on litter decomposition in
alpine ecosystems in the Northern Hemisphere. The reduction in litter decomposition at the least
elevated site was likely a consequence of reduced moisture, which limited microbial activity
(Sundqvist et al. 2013; Gavazov et al. 2014), through greater evapotranspiration associated with
warmer ambient temperatures (Seneviratne et al. 2006), smaller spring moisture pulses due to
thinner snow cover (Saccone et al. 2013) as well as the greater water uptake and
evapotranspiration (Myers‐Smith and Hik 2013) by the higher aboveground biomass of Poa spp.
(18 cm at Buckety Plain vs. 12 cm at Cope Hut and Mount Nelse) among which the litters were
placed. Furthermore, the larger daily and diurnal temperature fluxes at Buckety Plain during
winter, where temperatures often dropped to -5 ºC, the lower temperature limit for many
microbial processes (Clein and Schimel 1994), indicated decreased insulation of the soil from
below-freezing ambient temperatures (Schimel and Bennett 2004), resulting in reduced
decomposition of the litters. In contrast, temperatures close to the ground at Mount Nelse were
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maintained at above 0 ºC throughout the study. This may allow some decomposition, although
small, to persist even in winter. Moreover, the greater total radiation and UVB radiation at the
higher elevations can enhance the physical break-down of litters (Körner 2007).
Overall, nutrient releases from litters at the litter-soil interface were greater at the two most
elevated sites, with a strong influence of season and decomposition stage. For instance, at Cope
Hut, more IEM-adsorbed K, leached during the early decomposition stage of the litters, occurred
at the litter-soil interface in autumn; while greater IEM-adsorbed Ca and NH4+-N were detected
from winter to early spring compared to the other 2 sites. Since the release of Ca is associated
with the structural breakdown of the litters (Osono and Takeda, 2004), this suggests the greater
physical and microbial decomposition of litters at Cope Hut during this period. Moreover, the
total losses of Mg and Mn after 321 days were greatest at Cope Hut. However, from late spring to
summer, greater IEM-adsorbed Ca, Mg, Mn, K, P and NO3--N were observed at Mount Nelse,
where the thicker snow cover likely enhanced decomposition and nutrient release following
spring snow melt (Brooks et al. 1996; Seastedt et al. 2001).
Although it was expected that the greater nutrient releases from the litters at Cope Hut and Mount
Nelse would increase soil nutrient availability in comparison to Buckety Plain, the soil nutrient
availability under the litters were similar at all elevations and throughout the decomposition study.
The exception was soil P, which was greatest from late spring to summer at Mount Nelse
compared to the lower elevations, possibly due to higher net mineralization rates occurring at the
end of snow melt (Larsen et al. 2007).
3.4.2. Effect of litter quality on decomposition rates and nutrient dynamics
The two litter types differed in their decomposition and nutrient release rates. Across the three
elevations, G. australis litters lost more mass than P. hiemata (29.3% vs. 22.4%), mainly due to
their lower C:N. Mass losses and total C losses in G.australis litters were similar at the higher
elevations, Cope Hut and Mount Nelse, while P. hiemata litters had the greatest mass losses, at
the intermediate site, Cope Hut, indicating that their decomposition was likely temperaturelimited at Mount Nelse and moisture-limited at Buckety Plain.
The species of litter was a strong driver in the nutrient dynamics at the litter-soil interface as
indicated by the nutrients adsorbed by IEM underneath the litterbags. Compared to the ‘no litter’
control, G. australis litters reduced IEM-adsorbed NH4+-N at the litter-soil interface to a greater
extent than P. hiemata. This was likely due to the greater release of C by G. australis (C loss of
26% compared to 20% for P. hiemata) which stimulated microbial activity and therefore greater
microbial immobilization of NH4+-N, thereby reducing the amount of nutrient detected on the
IEM. P. hiemata litters immobilized less NH4+-N at the litter-soil interface, as reflected in its
greater total N loss. Ion-exchange membrane-extractable NO3--N was also immobilized by litters
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from autumn to spring, but after this initial period, G. australis litters resulted in a net release of
NO3--N at the litter-soil interface, as indicated by IEM-adsorbed NO3--N, in the spring-summer
period at all sites. These higher levels of NO3--N at the litter-soil interface were likely due to NO3-N being in excess of microbial requirements as well as the increased soil moisture (Huber et al.
2007), and the die-off of winter-adapted microbial community during and after snowmelt (Lipson
et al. 1999; Schmidt and Lipson 2004). Moreover, dry-rewet events, which prevail in summer in
the Australian Alps (Griffin and Hoffmann 2011), can lead to rapid mineralization of organic N
and subsequent nitrification (Fierer and Schimel 2002).
The impact of nutrient dynamics at the litter-soil interface on soil inorganic N in the top 2-cm soil
was substantial enough to immobilize soil inorganic N under the litters, especially from winter to
summer, with a greater overall decrease with G. australis compared to P. hiemata. Such decreases
in soil N in the presence of substrates suggest either that N immobilization by the microbial
biomass surpassed N mineralization (Subler et al. 1995; Schmidt et al. 1999; Parton et al. 2007)
or that litter addition decreased microbial biomass N and possibly N mineralization. Indeed, in an
incubation study, P. hiemata litters decreased microbial biomass N in soils from the Australian
Alps (Chapter 4), concurrent with the results of Jonasson et al. (2004). Our results are however
contrary to those of Rinnan et al. (2008), who observed no change in soil N concentrations and
microbial biomass N after seven years of warming and litter addition in the top 5 cm soil layer,
while McClaugherty et al. (1985) found no relationship between N accumulated in litters and soil
N mineralization. Moreover, the differences in N dynamics associated with the two litter types
could be due to the specific microbial communities colonizing each litter type (Aneja et al. 2006).
P. hiemata resulted in a greater net release of P at the litter-soil interface compared to G. australis
over 321 days. However, it appeared that P in the 2-cm soil layer was immobilized by similar
amounts under both litters throughout the study. In contrast, Rinnan et al. (2008) found that litter
addition increased inorganic soil P; however, that was after seven years of treatment, when the
initial microbial immobilization of P was likely superseded by P mineralization. In this present
study, both species lost 88-100% of their K, but soil K levels were not altered by their presence
since K is easily leached (Upadhyay et al. 1989).
Releases of the divalent cations Ca, Mg and Mn were significantly greater from G. australis
compared to P. hiemata litters due to their greater initial content. Under G. australis, soil Mg and
Mn contents in the top 2-cm soil depth were increased to a larger extent from autumn to early
spring, following the further structural breakdown and sustained microbial activity in the moist
unfrozen soils under the snowpack (Brooks et al. 1996). From late spring to summer, however,
releases of Ca, Mg, Mn from both litters, declined as the nutrient contents decreased in the litters
(Suh et al. 2009), coinciding with the reduction in IEM-adsorbed Ca, Mg and Mn in the top 2-cm
soil.
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Aside from different chemical compositions of various litters, it is important to consider these
species’ contrasting litter input quantities, microclimates, and position of litter decomposition
since these are also important drivers of decomposition rates and nutrient release (Holland and
Coleman 1987). Dehisced G. australis leaves decompose in proximity to soil under a shaded
canopy and are thus likely to become incorporated into the soil organic matter quicker than dead
P. hiemata leaves which start decomposing while still attached to the tussock (Cornelissen et al.
2007).
Finally, the influence of litter decomposition on soil nutrient levels became more significant with
consecutive seasons and increased decomposition stage due to the increased interaction with fungi
and bacteria in close proximity to the surface decomposing litters (Holland and Coleman 1987) as
the nutrients from the litters were likely increasingly incorporated into the soil organic matter.
3.5. Implications and conclusions
Overall nutrient releases, and mass and carbon losses were greatest at the two highest elevations.
After snowmelt, nutrient releases were greatest at the highest elevation, Mount Nelse, which also
likely had lower evapotranspiration due to the lower temperatures compared to the other two sites.
The slower plant growth at the highest elevation also indicates less water use by plants, and hence
more water available for the decomposer community. These results suggest that the moisture
conditions were more conducive to microbial activity at the cooler and higher elevations.
Therefore, warming (by 1-1.6 ºC) has the potential to decrease the litter decomposition rates of
the two most dominant species, their nutrient releases and increase carbon sequestration in this
alpine ecosystem through a decrease in snow cover and increase in soil drying. The shrub G.
australis released less N and P associated with stronger microbial immobilization over 321 days
while losing more carbon than the graminoid P. hiemata. Thus, a predicted shift from graminoid
to shrub in the alpine region has the potential to further hinder the cycling of these two most
limiting nutrients while enhancing the return of carbon to soil. Litter decomposition did not
increase soil nutrients as strongly as previously hypothesized, probably due to strong microbial
immobilization in the absence of plant roots, especially from late spring to summer. Moreover, the
changes in soil nutrients might have been diluted due to leaching of nutrients down the soil profile
(below the 2-cm depth of the membrane), ionic competition on the IEM surface from the
decomposition of soil organic matter and rapid microbial immobilization in the upper soil layers.
Therefore, we conclude that changes in the species of litter can have greater consequences on the
nutrient cycle than climate.
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Chapter 4: Effects of 10-year warming on microbial community, activity
and biomass, and nutrient availability in alpine soil

4.1. Introduction
Climate change scenarios predict increases in ambient temperatures by up to 2.9 ºC in Australian
alpine areas by 2050 (Hennessy et al. 2003). Such increases in temperature could lead to a change
in ecosystem nutrient cycling and carbon losses from soil organic matter (SOM) and litter
decomposition (Davidson and Janssens 2006). Discerning the effects of warming on carbon losses
from these alpine ecosystems is crucial since most of their carbon (> 92%) is stored in the SOM,
with only 3 to 5% found in live biomass and 2-3% found in standing dead plant mass and litter
(Körner 2003), and thus, warming has the potential to significantly alter the C cycle in these cold
environments. Studies in the Northern hemisphere have demonstrated that in the initial stages of
soil warming, microbial activity responds instantaneously (Hagedorn et al. 2010). However this
response usually attenuates with time (Luo et al. 2001; Davidson and Janssens 2006) because
other offsetting factors come into effect, such as acclimation of microbial communities (Frey et
al. 2008), soil drying (Saleska et al. 2002), changes in plant community dynamics (Oberbauer et
al. 2007), and decreases in carbon substrate (Luo et al. 2001; Melillo et al. 2002). This initial
boost in microbial activity can last between 1-3 years, during which the more easily
decomposable labile carbon compounds in soil are mineralized (Frey et al. 2008).
In the long-term, however, effects of warming on alpine ecosystems rely on the resilience of the
system, extent and duration of warming. For instance, in alpine grasslands on the Qinghai-Tibet
Plateau, warming for 3 years by open-top chambers (OTC) increased microbial biomass and
altered the soil microbial communities in the 0-10 cm soil depth (Zhang et al. 2014). On the other
hand, in dry Swedish tundra, 10 years of warming did not alter soil microbial activity (expressed
as nitrification and denitrification enzyme activity) (Bjork et al. 2007) while after 11 years of soil
translocation from a higher to lower elevation in sub-alpine grassland, equivalent to 3 ºC
warming, microbial biomass was slightly reduced in the top 10 cm but was significantly increased
in the 10-20 cm soil depth, with only moderate changes in microbial activity and diversity (Budge
et al. 2011). In another study, microbial biomass was not altered after 10 years, but was
significantly decreased after 15 years of warming at the same alpine site (Rinnan et al. 2007).
Such changes in microbial biomass are usually accompanied by strong alterations in community
(Rinnan et al. 2007) and are most commonly observed after either an extensive duration (e.g. 10
years) or large increases in temperature (e.g. 10 ºC) (Panikov 1999; Biasi et al. 2008). Hence,
tundra microbial communities can be resilient to warming (Panikov 1999) as well as its indirect
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effects, such as altered C substrate, soil moisture and plant morphology which are also important
controls in microbial changes (Hartley et al. 2007; Budge et al. 2011).
The Australian International Tundra Experiment (ITEX) sites in the Bogong High Plains have
shown that warming is accompanied by a chronic decrease in soil moisture, a shift in the plant
species cover and aboveground growth after only seven years of treatment (Wahren et al. 2013),
both of which can alter substrate availability and quality. At present, much of the direct and
indirect effects of warming on belowground processes are largely unknown in the Australian
Alps, particularly the soil microbial community which plays an important role in C and N cycling.
In two separate incubation experiments, we investigated the effects of 10 years of experimental
warming firstly, on the bacterial community, microbial biomass and activity and nutrient
availability in soils collected from 2 alpine sites (Experiment 1) and secondly, on the ability of the
soil microbial community to mineralise C and N when the soils were amended with residues of 2
common alpine species with contrasting litter qualities (C:N) (Experiment 2). We hypothesized
that a decade of warming would reduce soil microbial biomass and activity and nutrient
mineralization, due to chronic soil drying and therefore slower decomposition rates, and that these
effects would vary across the landscape (i.e. site location) due to the differences in soil C:N and
microbial properties (activity, and biomass, bacterial community structure). We also hypothesized
that C and N mineralisation in litter-amended soils would be lower in the warmed compared to the
non-warmed soils due to their lower microbial biomass and activity, but that these differences in
C and N mineralisation between the warmed and non-warmed soils would be smaller with the
addition of the litter of higher quality due to its greater decomposability.
4.2. Materials and methods
4.2.1. Soil sampling
The soils were sampled from the Bogong High Plains, Victoria, Australia, in December 2013
from two open heathland sites, ITEX Site 1 (E525210 N5917026) and Site 2 (E524843
N5917353), both at 1750 m in elevation. The soils were sandy loams; Site 1 had 14.6% clay,
56.5% silt and 28.9% sand while Site 2 had 13.1% clay, 48.5% silt and 38.4% sand. These sites
were burnt in bushfires in early 2003 and open-top chambers (OTC) were set-up from early 2004
to the end of 2013 (Jarrad et al. 2008), following the ITEX protocol of Marion et al. (1997).
Further detail on the OTC establishment at these sites has been described by Jarrad et al. (2008).
The vegetation at the sites consisted mainly of graminoid Poa hiemata, forbs Craspedia jamesii
and Celmisia pugioniformis and shrub Grevillea australis. The soils were sampled within a square
metre quadrant in the middle of each plot, under P. hiemata tussocks to minimize differences in
microbial communities associated with a particular plant species and also as it had the greatest
cover (85% in 2004 and 64% in 2010) (Wahren et al. 2013) at the ITEX sites. Soils were sampled
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using an auger (0 to 5 cm), since this soil layer contains a greater proportion of microbial activity
and biomass (Fritze et al. 2000). Fifteen to 20 cores were taken per plot to account for variability
as well as to get a minimum of 200 g of soil that was required for the incubations. Soil cores from
the same plot were combined in the field and transported under ice. There were seven replicate
plots per warming treatment at both sites. The volumetric soil water content at the time of
sampling, under P. hiemata was measured using a Theta probe (Type ML2x, Delta-T Devices
Ltd., UK). The water content was, on average, 70% field capacity, with no significant difference
between the sites and warming treatments. The samples were kept at 4 °C overnight and
transported on ice to the laboratory, and stored at 4 °C before processing the next day.
4.2.2. Soil processing and storage
In order to preserve microaggregate structure, soils from each individual plot were passed through
a 3.35-mm sieve over ice to remove most roots and rocks. The sieves were washed in reverseosmosis (RO) water and cleaned with ethanol between each sample. Soils were subsampled into
three lots: at -20 ºC for DNA analysis, at 4 °C for the incubation experiment, air-dried for pH,
total C and N analysis and oven-dried for gravimetric water content. The soils used for the
incubation were stored in sealed zip lock bags with ample air space and opened and aerated every
three days initially, and every six days thereafter.
4.2.3. Soil preparation and pre-incubation
Prior to the incubation, the soils were dried at 25 ºC for one week until they reached 70% field
capacity (equivalent to 28% gravimetric water content). The gravimetric water contents of the
soils were monitored to ensure uniformity across the samples. The period during which the soils
were dried to 70% field capacity is regarded as the pre-incubation period. For the first incubation
experiment, soils from the individual plots were kept separate, while for the second incubation
experiment, soils from the individual plots were bulked from the individual plots, keeping the two
sites and two main treatments (OTC and Control) separate.
4.2.4. Incubation set-up
After pre-incubation, leaf litters of graminoid P. hiemata (43.6% C, 0.79% N and C:N 55.4), and
forb C. jamesii (39.3% C, 1.87% N and C:N 21.0), collected from the Bogong High Plains, were
ground to 0.5 mm, sieved and oven-dried at 40 °C, before adding to the bulked soils at rate of 1 g
litter in 100 g soil. The soil and litter mixture was thoroughly homogenised by hand in a plastic
bag. Such rates of litter addition are commonly used in many previous studies to stimulate
microbial activity and nutrient release over the time frame of this study. These two plant species
are dominant species at the site and their litters contrast largely in C:N.

57

The soils were packed by gentle tapping, into PVC cores (37 mm in diameter and 50 mm in
height, IPLEX Pipelines) with nylon mesh (0.75 µm, Australian Filter Specialists) (Butterly et al.
2009) fitted at the bottom to contain the soil samples and allow gaseous exchange. Each core
contained 20 g (dry-weight equivalent) of soil (Experiment 1) or soil and litter mixture
(Experiment 2). These were placed into gas tight incubation chambers (Ball ® Quart Wide Mouth
Jars, Jarden Corporation), which also contained a plastic vial with 8-mL H2O to maintain
headspace humidity. The soils were maintained at 70 % field capacity and incubated at 25 °C in
the dark. This level of moisture provides the best conditions for aerobic bacteria for diffusion of
gases, and was maintained throughout the experiment.
In the first factorial incubation study (Experiment 1), a total of 28 jars were used to account for
the two climate treatments (OTC and Control), two sites (ITEX 1 and 2) and seven field
replicates. In the second factorial incubation study (Experiment 2), 48 cores were set-up to
account for the two climate treatments (OTC and Control), three litter treatments (Forb C. jamesii,
graminoid P. hiemata, unamended), two sites (ITEX 1 and 2) and four replicates.
4.2.5. Measurements
The CO2 concentration in the headspace of each jar was measured using a Servomex 1450
infrared gas analyser (Servomex, UK) via a septum port. Respiration rates (µg CO2-C g-1 soil h-1)
and cumulative respiration (µg CO2-C g-1 soil) were determined for each core and at each
sampling time. The CO2 concentration in the jars was converted to µg CO2-C g-1 soil using a set
of standard jars injected with pre-determined volumes of CO2 and containing the same 8-mL
water vials to maintain the same headspace humidity. After each measurement, the jars were
quickly vented using a fan, to return the CO2 concentration to ambient concentrations and the CO2
measured again after closing the jar. Three blank jars, containing a plastic vial with 8-mL H2O
and an empty PVC core, were also included as controls to account for the changes in ambient
CO2.
Soil microbial biomass C and N were determined by the chloroform fumigation-extraction
method (Vance et al. 1987) on the first day of the incubation for both experiments, and at the end
for the 2nd experiment. Five grams of soil (dry-weight equivalent) were fumigated in desiccators
with chloroform placed in a 50-ml beaker containing boiling chips. The chloroform was boiled for
3 min and the desiccators placed in the dark at 25 ºC. After 24 h, chloroform vapours were
removed by repeated evacuation and soils were transferred to 50-ml centrifuge tubes, extracted
with 20 ml of 0.5 M K2SO4 by shaking in an end-over-end shaker. The extracts were centrifuged
at 3500 rpm (1,643 g) for 5 minutes (Clements Orbital 460, Australia), filtered through Whatman
no. 42 filter paper and frozen until analysis. For C determination, the fumigated and nonfumigated filtered extracts were digested with K2Cr2O7 and H2SO4, and C measured
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spectrophotometrically at 600 nm (Conyers et al. 2011). For N determination, fumigated and nonfumigated extracts were digested with K2S2O8 (Ross, 1992) and autoclaved. Nitrogen in the
digested extracts was measured using flow injection analysis (FIA) (Series 2 Quikchem 8500,
Lachat Instruments, USA). Microbial biomass C and N were calculated from the differences
between fumigated and non-fumigated samples using an extraction factor (kEC) of 0.35 for MBC
(Sparling et al. 1990) and an extraction factor (kEN) of 0.54 for MBN (Brookes et al. 1985).
Extractable organic C (EOC) and total dissolved N (TDN) were extracted simultaneously by
shaking 5 g of soil (dry-weight equivalent) with 20 ml of 0.5 M K2SO4 on an end-over-end shaker
for 1 h, centrifuged at 3500 rpm (1,643 g) for 5 minutes (Clements Orbital 460, Australia),
followed by filtration using Whatman no. 42. The filtered extracts were frozen and analysed until
analysis. When MBC and MBN measurements are made, non-fumigated extracts were used to
represent EOC and TDN.
Total C and N in air-dry soils were measured on ball-milled soil samples using a CHNS/O
Elemental Analyzer (PerkinElmer 2400 Series II). The NO3--N and NH4+-N were determined by
extracting 5 g of soil (dry-weight equivalent) in 20 ml of 0.5 M K2SO4 and shaken end-over-end
for 30 min (modified from (Rayment and Higginson 1992)). The extracts were centrifuged at
2000 rpm (537 g) for 5 min, filtered through Whatman no. 42 and measured using flow injection
analysis (Series 2 Quikchem 8500, Lachat Instruments, USA).
Soil pH was determined by shaking air-dried soil in MilliQ water (1:5 ratio) for 1 h. After
centrifuging the extracts at 2000 rpm for 5 min, the pH was measured in the supernatant using a
Thermo Orion 720 pH meter. EC was measured in the same extract using a CDM210
Conductivity Meter (MeterLab, Radiometer, Copenhagen).
The field capacity of soils was determined as the water content of the soils after water-saturated
soil was freely drained under -10 kPa for 2 days.
The genetic structure of the bacterial community was characterized by automated ribosomal
intergenic spacer analysis (ARISA) according to the protocol of Ranjard et al. (2001). Total DNA
was extracted from frozen soil samples using the MoBio PowerSoil DNA isolation kit (MoBio
Laboratories, Inc.), following the manufacturer’s instructions. The DNA concentrations were
measured using a NanoPhotometer P-330 (Implen, Munich, Germany) and normalized by diluting
to the lowest DNA concentration using double distilled water (ddH2O). Normalised DNA samples
(100 µL) were frozen at -20 °C until amplification. Each 20 µL amplification reaction contained
1 µL of normalized DNA, 8.7 µL sterile ddH2O, 4 µL Q solution (Qiagen), 2 µL TopTaq
10×buffer (Qiagen), 1 µL 10 mM dNPT mix (Qiagen), 1.2 µL MgCl 2 (25 mM), 0.1 µL TopTaq
DNA polymerase (Qiagen), 1µL of normalized DNA solution and 1 µL of a 10 mM solution of
each

universal

primer. The

primers

used

were forward

primer

(16S-1392F;

5’-
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GYACACACCGCCCGT) and reverse primer (23S-125R; 5’-GGGTTBCCCCATTCRG)
(Fischer, 1999). The PCR cycle used for the ARISA-PCR was run according to the bacterial
protocol of Kovacs et al. (2010) using a TProfessional TRIO combithermocycler (Biometra). The
fluorescent-labelled fragments were separated using capillary electrophoresis on an Applied
Biosystems (AB) 3730 DNA analyser. The data was analysed using AB GeneMapper software
(Applied Biosystems) (Australian Genome Research Facility, AGRF). Fragments ranging from 0
to 1200 base pairs (bp) were binned and normalized using automatic and interactive binning
scripts in a stepwise procedure. The scripts were created by Ramette (2009) in the R programming
language (The R Foundation for Statistical Computing [http://cran.r-project.org/]) and are
available with their respective manuals and examples online (http://www.ecology-research.com).
The bin sizes used for the range of 0-700, 701-999 and 1000-1200 base pairs were 2, 2 and 5,
respectively.
4.2.6. Statistical analyses
For Experiment 1, the effects of site and warming and their interactions on the pH, MBC, MBN,
EOC, TDN,

NH4+-N, NO3--N, and CO2 were determined by 2-way analysis of variance

(ANOVA) in a fully randomized design, while for Experiment 2, the effects of site, warming,
litter and their interactions on the pH, MBC, MBN, EOC, TDN, NH4+-N, NO3--N, and CO2 were
determined by 3-way analysis of variance (ANOVA) in a fully randomized design using GenStat
13th edition. Significant differences were set with p values < 0.05.
The effects of warming and site on the bacterial community structure were determined by
permutational multivariate analysis of variance (PERMANOVA) using PRIMER 6 (Plymouth
Routines In Multivariate Ecological Research, PRIMER-E Ltd). Pairwise distances were
calculated using Bray-Curtis following square-root transformation of data. The similarity between
the communities was represented in non-metric multidimensional scaling (MDS) (Kruskal and
Wish 1978) shown in two dimensional (2D) maps.
4.3. Results
4.3.1. Experiment 1: Effects of long-term warming and site on soil microbial biomass, activity and
nutrient availability
Before the incubation, soil pH was similar for Sites 1 and 2, was unaffected by warming and
ranged from 4.9 to 5.0 (Table 4.1). However, after the 92-day incubation, soil pH of Site 2
increased and was greater than that of Site 1, where the pH in ambient soils increased and that of
the warmed soils decreased (Table 4.1).
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Experimental warming did not significantly affect total C and N. However, Site 1 generally had
higher total C and N but a significantly lower C:N compared to Site 2 (p < 0.001, C:N = 15 and
16, respectively) (Table 4.1).
Before the incubation, NH4+-N, NO3--N, EOC and TDN were similar at Sites 1 and 2 (Table 4.1).
Warming had no effect on TDN, EOC, NH4+-N and NO3--N (p > 0.05). Ammonium was the
dominant inorganic N-form in these alpine soils with 5.4 mg N kg-¹, on average, compared to
NO3--N contents of 1.0 mg N kg-¹.
Site 1 soils had significantly greater MBC (p < 0.05) and MBN (p < 0.001) compared to Site 2
(Table 4.1). Before the incubation, warming tended to decrease MBC for the two sites (Table 4.1)
but the effects were not statistically significant due to large spatial variability. On the other hand,
warming significantly decreased MBN at both sites (Table 4.1).
Respiration declined exponentially with time from 23 to 2 µg CO2-C g-1 soil h-1 over the course of
the 92-day incubation. Warming reduced the cumulative respiration at Site 1 by 10% and
respiration rates by 10%, on average (Fig. 4.1). In contrast, warming only had a marginal effect at
Site 2, decreasing cumulative respiration by only 4% (Fig. 4.1). Interestingly, warmed soils from
Site 1, and warmed and ambient soils at Site 2 had very similar respiration rates (Fig. 4.1), despite
their significant differences in MBC, MBN and C:N.
Long-term warming had no significant effect on the bacterial communities at either site (p > 0.05,
Fig. 4.2). However site differences in bacterial community structure were clearly significant (p <
0.05, Fig. 4.2).
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Table 4.1. Effects of site (1 and 2) and 10-year OTC-warming (OTC) and their interactions on
pH, total C, total N, C:N, microbial biomass C (MBC), microbial biomass N (MBN), extractable
organic C (EOC), total dissolved N (TDN), NH4+-N, and NO3--N and electrical conductivity
(EC) (1:5 water) before incubation (n=7). Significant effects of factors (site and warming) are
shown: *, p < 0.05; **, p < 0.01; ***; n.s., p>0.05.
Site 1

Site 2

Level of significance

Control

OTC

Control

OTC

Site

OTC

Site ×
OTC

Initial pH

4.96

5.00

4.90

4.98

n.s.

n.s.

n.s.

Final pH

5.00

4.87

5.08

4.98

**

**

*

Total C (%)

7.36

7.17

7.03

7.35

***

n.s.

n.s.

Total N (%)

0.54

0.51

0.41

0.45

**

n.s.

n.s.

C:N

14.8

14.5

16.4

16.1

***

n.s.

n.s.

MBC (mg C kg-1)

3639

3450

3046

2737

*

n.s.

n.s.

MBN (mg N kg-1)

231

201

179

164

***

*

n.s.

EOC (mg C kg-1)

574

466

438

551

n.s.

n.s.

n.s.

TDN (mg N kg-1)

23.8

23.6

20.6

19.2

n.s.

n.s.

n.s.

NH4+-N (mg N kg-1)

5.04

4.54

5.63

6.24

n.s.

n.s.

n.s.

NO3 -N (mg N kg-1)

1.07

0.90

0.76

0.76

n.s.

n.s.

n.s.

EC (mS cm-1)

43.5

44.0

40.5

42.6

n.s.

n.s.

n.s.

-
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Figure 4.1. Cumulative respiration and respiration rates during 92 days of soil incubation at 25
ºC. The treatments were: site location (1 and 2) and warming (ambient control and warming using
open-top chambers (OTC) over 10 years). Error bars represent standard errors of means (n=7).
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Figure 4.2. Non-metric MDS ordinations of the bacterial community structures for soils. The
treatments were: site location (1 and 2) and warming (ambient control and warming using opentop chambers (OTC) over 10 years).
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4.3.2. Experiment 2: Effects of 10-year soil warming on the mineralization of C and N when
different alpine litters are applied
Soil microbial biomass
After 63 days of incubation, irrespective of litter treatment, warming history generally decreased
MBC at both sites except with the P. hiemata amendments at Site 2. On average, warming history
decreased MBC by 17% as compared to the control (Fig. 4.3). At Site 2, warming decreased MBC
by 30% with C. jamesii amendments but did not alter MBC when combined with the ‘no litter’
control and P. hiemata treatments, resulting in a significant litter × site interaction. Litter addition
generally increased MBC at Site 2, indicating C assimilation in the microbial biomass. Overall,
Site 2 maintained a lower MBC compared to Site 1 (Fig. 4.3).
Warming significantly decreased MBN in all litter treatments by an average of 11% (from 212 to
189 mg N kg-1) at Site 1 and 9% (from 172 to 157 mg N kg-1) at Site 2 (p < 0.001) (Fig. 4.3).
Surprisingly, amending the soils with forb and graminoid decreased MBN by similar amounts
(7% on average) compared with the ‘no litter’ control (p < 0.001), irrespective of the site and
warming treatments (litter x warming, site x warming p > 0.05). Site 1 had significantly higher
MBN compared with Site 2 at the end of the incubation (Fig. 4.3).
Respiration
Warming decreased respiration rates in Site 1 soils (for all litter treatments) and Site 2 soils
amended with C. jamesii (Fig. 4.4), coinciding with lower MBC. Respiration rates and cumulative
respiration were similar in soils from Site 1 OTC, Site 2 OTC and ambient plots, despite
significant differences in MBC, MBN and C:N, and differences produced by litter addition (such
as pH, NO3--N, NH4+-N, TDN, EOC and MBC).
Respiration rates declined rapidly from day 1 to 21. During that period, respiration rates were
greatest with C. jamesii amendments. From days 29-63, however, P. hiemata induced greater
respiration rates compared to C. jamesii (Fig. 4.4). Over 63 days, cumulative respiration increased
by 24% with C. jamesii amendments and by 18% with P. hiemata, compared to the no litter
controls. Soils amended with C. jamesii respired a total of 9446 µg CO2-C g-1 soil, while soils
amended with P. hiemata respired a total of 9059 µg CO2-C g-1 soil, and the ‘no litter’ control
respired a total of 7646 µg CO2-C g-1 soil (Fig. 4.4).
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Figure 4.3. Microbial biomass carbon (C) and microbial biomass nitrogen (N) following 63 days
of incubation. The factorial experiment consisted of the following treatments: site location (1 and
2), warming (ambient control and warming using open-top chambers (OTC) over 10 years) and
litter type (P. hiemata, C. jamesii and no litter). Error bars represent standard errors of means
(n=4).
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Figure 4.4. Cumulative respiration and respiration rates during 63 days of soil incubation at 25 ºC. The factorial experiment consisted of the following treatments: site
location (1 and 2), warming (ambient control and warming using open-top chambers (OTC) over 10 years) and litter treatment (grass P. hiemata, forb C. jamesii and
unamended). Error bars represent standard errors of means (n=4).
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Nutrient availability
Extractable organic carbon (EOC) was similar at Site 1 and 2 (p > 0.05, Table 4.2, Fig. 4.5). At
Site 1, C. jamesii and P. hiemata increased EOC, 54% and 43%, respectively, and similarly in the
warmed and ambient soils. In Site 2 soils, C. jamesii and P. hiemata increased EOC by 87% and
30%, respectively (Fig. 4.5), with the EOC increase in the warmed soils being only half of that in
the ambient soils, leading to a litter × warming interaction (p < 0.05, Table 4.2).
There were significant effects of warming, litter, site and their interactions for total dissolved
nitrogen (TDN). On average, Site 1 had higher TDN than Site 2 (p < 0.001) (Table 4.5). Previous
warming did not affect TDN at Site 2 but increased TDN significantly at Site 1 in the unamended
control and forb litter treatments (Fig. 4.5). Compared to the unamended control, C. jamesii
increased TDN in the ambient soils of Site 1, and in both warmed and ambient soils of Site 2,
while P. hiemata reduced TDN for both sites.
A 10-year history of warming decreased NH4+-N concentrations in all litter treatments at Site 1 but
not at Site 2 (Fig. 4.6). Meanwhile, warming increased NO3--N but only when combined with
unamended soils and C. jamesii for both sites, particularly in Site 1 where NO3--N increased by
260% in the unamended soils compared to the ambient (Fig 4.6).
The C. jamesii amendment was equivalent to 2.8 mg N while that of P. hiemata was equivalent to
1.2 mg N per core. The C. jamesii amendment enhanced N mineralisation in soils by up to 144%
at Site 1, while P. hiemata immobilized NH4+-N by 65% in both warming and ambient treatments
(compared with control). In general, the unamended soils had the greatest levels of NO3--N,
followed by C. jamesii, and finally P. hiemata (Fig. 4.6). Site 1 had higher levels of NH4+-N and
NO3--N compared to Site 2 (Fig. 4.6).
Soil pH
Although initial soil pH was not affected by warming, warming increased pH at Site 2 but
decreased pH at Site 1 in C. jamesii and unamended soils while increasing pH with P. hiemata
addition (Fig. 4.7) after 63 days of incubation. Moreover, soils amended with C. jamesii and P.
hiemata were, on average, 0.2 pH units higher than the control, especially in the OTC treatment.
In comparison, litter addition did not alter pH at Site 2 significantly.
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Table 4.2. Effects of site (S), warming (W), litter type (L), and their interactions on microbial
biomass C (MBC), microbial biomass N (MBN), extractable organic C (EOC), total dissolved N
(TDN), NH4+-N, NO3--N and pH. Significant effects of treatments and their interactions are
shown: *, p < 0.05; **, p < 0.01; ***, p < 0.001; n.s., p > 0.05.
Factor

MBC

MBN

EOC

TDN

NH4+-N

NO3--N

pH

Site (S)

***

***

n.s.

***

***

***

n.s.

Warming (W)

***

***

n.s.

***

*

***

n.s.

Litter (L)

n.s.

***

***

***

***

***

**

*

n.s.

n.s.

***

***

***

***

Litter × Warming

n.s.

n.s.

*

***

n.s.

***

*

Site × Warming

n.s.

n.s.

n.s.

***

***

***

**

L×S×W

n.s.

n.s.

n.s.

***

*

***

n.s.

Litter × Site
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Figure 4.5. Extractable organic C and total dissolved N following 63 days of incubation. The
factorial experiment consisted of the following treatments: site location (1 and 2), warming
(ambient control and warming using open-top chambers (OTC) over 10 years) and litter type (P.
hiemata, C. jamesii, no litter). Error bars represent standard errors of means (n=4).
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Figure 4.6. Concentrations of ammonium (NH4+-N) and nitrate (NO3--N) in soil, following 63
days of incubation. The factorial experiment consisted of the following treatments: site location (1
and 2), warming (ambient control and warming using open-top chambers (OTC) over 10 years)
and litter type (P. hiemata, C. jamesii, no litter). Error bars represent standard errors of means
(n=4).
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Figure 4.7. ∆ pH
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after 63 days of incubation. The factorial experiment consisted of the

following treatments: site location (1 and 2), warming (ambient control and warming using opentop chambers (OTC) over 10 years) and litter type (P. hiemata, C. jamesii, no litter). Error bars
represent standard errors of means (n=4).

4.4. Discussion
In this study, we investigated the effects of 10 years of experimental warming on (1) the soil
microbial biomass, activity and bacterial community and (2) the amount of C and N mineralisation
when alpine litters of high and low quality were applied to these soils. In the first part of this
study, we demonstrated that the effects of warming on microbial biomass and activity and nutrient
availability were site-dependent. Soils from Site 1, which had lower C:N and had higher microbial
biomass, experienced a decrease in microbial biomass, microbial activity and nutrient
mineralization following long-term warming, supporting our first hypothesis. In the second part of
this study, we demonstrated that while long-term warming had a relatively small effect on the N
cycle in soils amended with forb (low C:N) and grass (high C:N) litters, the warmed soils had a
greater increase in C mineralization, rejecting our second hypothesis.
4.4.1. Effects of warming on microbial biomass and bacterial community structure
Warming significantly decreased MBN and MBC. This can be attributed to a combination of the
indirect effects of warming: decreased moisture in the top 5 cm (Chapter 1) which inhibits
microbial growth, increased plant canopy height (Wahren et al. 2013) which could potentially
increase competition for nutrients, as well as the reduction of the more labile C substrates from
increased microbial activity during the initial years of warming (Frey et al. 2013). Interestingly,
the warming effects on the phenological phases and growth rate of P. hiemata, under which we
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sampled our soils, at this site were greatest during the first year of warming (Jarrad et al. 2008;
Jarrad et al. 2009). Hence, it is likely that the initial effects (first three years) of warming were the
strongest for vegetation and microbes alike.
Although warming reduced microbial biomass, shifts in bacterial communities following longterm warming were not detected at either site. This corroborates with Rinnan et al. (2007) who
found that more than 10 years of warming using OTC were required to cause significant changes
in microbial community composition in the Swedish Alps. Moreover, over three years of warming
by OTC did not alter bacterial growth rates along an Antarctic climate gradient (Rinnan et al.
2009). However we only sampled at one point in time and this result may not necessarily be
indicative of the overall effects of warming since bacterial community structure has been observed
to vary at a monthly time scale (Chemidlin Prévost-Boure et al. 2011). Moreover, moisture and
pH, which are important factors in determining the variations in the bacterial community structure
(Chemidlin Prévost-Boure et al. 2011; Budge et al. 2011) were similar between the warming
treatments at the time of sampling. The significant differences in bacterial communities between
the Site 1 and Site 2 can be explained by their differences in OM quality (C:N) and soil N
availability (Fierer and Schimel 2002).
4.4.2. Effects of warming on microbial activity
Ten years of soil warming in situ, using OTC decreased the microbial activity, determined as
cumulative and rates of respiration, at Site 1, but not Site 2, albeit their similarities in terms of
plant community, elevation, soil properties (initial pH, texture, electrical conductivity) and lengths
of seasons. Microbial activity in the previously warmed soils of Site 1 was likely limited by lower
substrate availability compared to the ambient control, which has been observed after long term
warming in soils of the Northern Hemisphere (Hartley et al. 2007).
On average, the microbial activity was greater in soils sampled from Site 1 compared to those of
Site 2. This was likely caused by the greater microbial biomass C and N, as well as lower C:N
ratios and higher total C and N contents at Site 1. Since the C:N of decomposing litters (Aerts et
al. 2012) and soils (Hirobe et al. 2003) indicate the extent of microbial processing of available
substrate, the lower soil C:N at Site 1 indicates the more conducive conditions for microbial
decomposition and growth. The higher C:N of soils from Site 2, compared to Site 1, may indicate
lower substrate quality and reduced responses of microbial activity to warming. Moreover, it was
well observed in other studies that the microbial acclimation in the long-term can prevent the
response of soil C efflux to warming and thus not lead to any significant loss of soil C compared
to soil that has not experienced warming (e.g. Frey et al. 2008). The fact that Sites 1 and 2 had
distinctly different bacterial community structure may have altered their responses to warming.
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It is, nonetheless, possible that detectable differences existed at Site 2 between the warming
treatments in the field. However, by breaking up soil aggregates during sieving, physically
protected SOM may have become available, reducing differences between the treatments and also
cause an increase in usual respiration rates (Hartley et al. 2007).
4.4.3. Effects of warming on soil C and N availability
Although microbial activity declined under previously warmed soils from Site 1, no significant
differences were observed in terms of C substrate availability (EOC and total C) between warmed
and ambient soils. However, multiple studies have demonstrated the decline in the most readily
available C following long-term warming (Hartley et al. 2008; Frey et al. 2013). This result
indicates the difficulty in measuring small differences against a large background; as such changes
are likely to be within the error term of the measurement techniques used (Hartley et al. 2007).
Indeed, the variation between the seven replicate plots was large; although care was taken in
choosing uniform plots (Jarrad et al. 2008), some variation in soil properties may have occurred
due to the non-uniform intensity of wild bushfire burning and existing soil variation across the
site. Moreover, it is the changes in the small labile C pool, which is the direct food source for
microbes that are driving the differences in respiration and these cannot be detected in the bulk C
soil (Hartley et al. 2007).
Warming did not affect soil nitrogen availabilities (NO3--N, NH4+-N, TDN and total N) at either
site. This result of N status at a single point in time is likely non-representative of the N dynamics
in situ, where N-mineralization rates under warming were consistently increased, in both cold and
warm seasons, in the top 10-cm soil at the same sites (White-Monsant et al. 2015). It could also be
that the higher temperatures and greater plant root activity under OTC (Wahren et al. 2013)
enhanced soil N mineralization in situ through its association with microbes and that such
differences were minimized after the removal of plants. Moreover, our soils were sampled in the
top 5 cm, where soil drying is greater, thereby decreasing N-mineralization potential and possibly
differences between the warming treatments.
4.4.4. Effects of warming and litter on microbial activity
There was no warming effect on the increase in microbial activity, determined by soil respiration,
by the litters at Site 2, likely due to the similarity in MBC between the warmed and ambient soils
at this site. In contrast, the previous warming history increased soil respiration slightly but
significantly in soils amended with C. jamesii and P. hiemata litters compared to the ambient soils
in Site 1 due to their lower basal (unamended) microbial activity. This indicates that the smaller
microbial biomass in the warmed soils had a greater capacity to access more of the newly
available substrate and possibly their existing soil organic matter. However, it is important to note
that the soils in this experiment were incubated at 70% field capacity, which removed the
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differences in moisture constraints that are often larger in soils under OTC treatments in the field
(Aerts 2006; Camac 2014). Therefore, long-term warming at this site may lead to an increase in
microbial utilization efficiency of more recalcitrant substrates remaining after long-term warming
(Frey et al. 2013) if soil moisture is optimal.
Given the large contrast in the litter quality (C:N 21 and 55 for C. jamesii and P. hiemata,
respectively), the small differences in cumulative respiration, which is an indication of the litters’
relative decomposition, between the 2 litters was unexpected. The increase in respiration with
litter addition indicates that less than half of the C in the litters was decomposed, and hence, the
small differences in respiration between the litter types were likely due to the N content in the
SOM. However, the greater decomposition (or greater increase in C-mineralization) of the litters
in the warmed soils at Site 1 cannot be due to soil N alone, because the increase in decomposition
was the same for both litter types. Therefore, we speculate that different microbial communities in
the warmed and unwarmed soils and their functionality were responsible for the differences in the
decomposition. However, the general fingerprinting approach (ARISA) we used may not have
been sensitive enough to detect changes that may have existed between the warmed and
unwarmed soils of Site 1.
4.4.5. Effects of litter species on microbial activity and microbial biomass
Microbial activity strongly increased during litter decomposition, especially in the first 20 days as
readily decomposable C compounds became available. Eventually, as these were exhausted,
microbial activity declined, but the cumulative respiration was always greater compared to the
unamended control soils. Such increases in C mineralization were concomitant with increases in
EOC. Indeed, EOC correlated well with C mineralization rates when sufficient substrate was
available, such as when litter is added (Wang et al. 2002).
Litters of C. jamesii induced a greater increase in C mineralization than the P. hiemata litters,
particularly in the initial stages due the greater decomposition of its C and lower initial C:N. Site
1, which had higher soil C and N (and lower C:N), experienced a greater increase in C
mineralization compared to Site 2 upon litter addition due to the higher soil C and N (Chen et al.
2014). After most labile C was mineralized, cumulative respiration and respiration rates became
similar in both litter treatments towards the end of the incubation study. Thus, an increase in forb
litter inputs (low C:N) in these alpine soils may not lead to an increase in C loss and N cycling
through respiration in the short-term (< 3 months).
Although litter decomposition stimulated microbial activity, it did not increase MBC in soils of
Site 1. In contrast, litter decomposition contributed to MBC production at Site 2, indicating that
the additional C was being assimilated in the microbial biomass, instead of being mineralized. For
instance, the greatest increase in MBC (28%), which occurred with P. hiemata amendments in
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warmed soils of Site 2, coincided with the lowest increases in C mineralization. While microbial
activity increased in litter-amended soils, MBN decreased between 3 and 10%, compared with the
unamended control, and this could indicate that microbial biomass growth might have become Nlimited by the end of the incubation. This loss of microbial N might have included nitrifiers since
nitrification was also reduced when litters were added to the soils.
4.4.6. Effects of warming and litter species on nutrient availability
Although N-mineralization has generally been found to increase under warming, this was not the
case in the present study, where N-mineralization was either decreased (at Site 1) or unchanged (at
Site 2) by warming. This is supported by Bai et al. (2014), who argued that warming effects on Nmineralization were dependent on the ecosystem, with limited effects in tundra systems.
Experimental warming, using OTC, in the Bogong High Plains has led to decreased soil moisture
(Camac 2014), increased plant growth, shifts in plant communities (Wahren et al. 2013) and
decreased microbial activity (present study). Hence, over the 10-year warming treatment, these
may have counteracted the stimulating effects of increased temperatures on N mineralization.
Moreover, after the possible decline in SOM during the initial years of the OTC-treatment, there
may be smaller differences in N-mineralization compared to the ambient treatment. Furthermore,
increases in N mineralization by C. jamesii and immobilization by P. hiemata litters were of
similar magnitudes in the warmed and ambient soils, and at both sites, indicating that warming did
not affect the ability of the microbes to mineralize and immobilize N from such amendments
and/or SOM.
Nitrification was greatest in the warmed soils of both Sites 1 and 2 compared to ambient soils.
Indeed, warming has been shown to shift ammonia-oxidising bacteria composition (Avrahami and
Conrad 2005) and increase nitrification activity (Horz et al. 2004), especially at 25 °C, which has
been reported to be within the optimum temperature range for nitrification (Saad and Conrad,
1993). The lower MBN in the warmed soil could indicate that less NH4+-N was assimilated by the
microbial biomass and that the excess NH4+-N was subsequently nitrified (Booth et al. 2005).
Extractable organic C increased by similar amounts in both warmed and ambient soils upon litter
addition at Site 1 (by 54% with C. jamesii, and 43% with P. hiemata). In contrast, EOC in
previously warmed soils was only half of that in the ambient treatment at Site 2 (88 vs 39% with
C. jamesii and 30 vs 15% with P. hiemata), implying that the microbial decomposition of the
litters in the warmed soils was limited. Limited decomposition may have been caused by the
lower microbial biomass C and N in the warmed soils. Although warming also reduced microbial
biomass at Site 1, the lower soil C:N and higher MBC might have been sufficient to sustain
microbial decomposition.
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4.4.7. Effects of litter on nutrient availability
The addition of litter increased EOC substantially, especially with C. jamesii. This was expected
since C. jamesii was more easily decomposed due to its higher litter quality (lower C:N), and
could therefore contribute to the soil C pool more rapidly.
N mineralization as indicated by NH4+-N occurred over the incubation period as the litters and
SOM decomposed. Larger amounts of N were mineralized at Site 1 compared to Site 2 and could
be explained by the differences between the sites in soil C and N contents, microbial biomass and
activity. Indeed, these factors have been reported to drive N mineralization across a wide range of
ecosystems (Booth et al. 2005). C. jamesii amendments enhanced N mineralization due to its high
N content and decomposability (C:N 20). In contrast, P. hiemata amendments led to microbial N
immobilization due to the higher C:N of this amendment.
Litter-amended soils had lower nitrification compared to the un-amended control, even when C.
jamesii-amended soils mineralized the most NH4+-N. The positive and linear relationship between
nitrification and mineralization is such that at high rates of mineralization, nitrification only
increases slightly, since such high mineralization rates can inhibit the nitrifier population size
through the increasingly unfavorable energetics of nitrification (Booth et al. 2005). Moreover, the
addition of litters led to the decrease in MBN and this may have reduced the ability of the
remaining microbial community to convert NH4+-N to NO3--N.
4.4.8. pH changes
Soil pHwater was altered as N was mineralized and nitrified. The significant acidification in the
warmed soils of Site 1 was partially caused by the large increase in nitrification (decrease pH),
which was estimated to contribute to half of the pH change. The pH at Site 2, on the other hand,
remained relatively unchanged since the mineralization and nitrification were not altered to such
an extent. Soil pH also varied according to the amount of SOM decomposition, which was likely
lesser in the warmed soils of Site 1 due to their lower microbial activity, microbial biomass and
lower EOC compared to the ambient soils from this site. Since OM decomposition increases pH
through the decarboxylation of organic anions (Yan et al. 1996), soils with less OM
decomposition are expected to undergo greater acidification.
Litter addition neutralized acidification due to their alkaline nature of residues (Helyar 1976), and
by increasing N mineralization and reducing nitrification during their decomposition. Since the
microbial community and activity are dependent on the soil pH (Djukic et al. 2010), acidification
in the unamended soils of Site 1 may have been detrimental to microbial activities as observed in
the reduced cumulative C mineralization, and therefore reduced decomposition of OM (Xu et al.
2006) in these already acidic soils. In the field, such pH shifts were not observed as it was likely
buffered by biotic uptake of NH4+-N and NO3--N, SOM in the form of plant material and root
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exudates. However, in this closed system, and in the absence of plants, mineralised N in excess of
microbial demands cannot be leached and thus cause a shift in pH.
4.5. Conclusions
Climate change in Australian alpine areas introduces a cohort of new conditions for soil microbial
communities, such as warming, and shifts in litter composition (increased forb cover and
decreased graminoid cover) (Wahren et al. 2013). Long-term warming reduced microbial biomass
and activity, but only at Site 1, which had the highest microbial biomass and nutrient availability,
supporting our first hypothesis. However, changes in the bacterial community structure with longterm warming were not detected in the current study. Further investigation into the fungal
community structure is required since fungal-based food webs are associated with the slower
turnover rates of the recalcitrant C and N (Schröter et al. 2003), which are possibly greater in the
warmed soils and may be driving the changes in microbial biomass and activity observed.
Moreover, when the soils were amended with litters, the warmed soils had a greater increase in C
mineralization compared to the ambient soils at Site 1, rejecting our second hypothesis. This
increase in C mineralization in the warmed soils was similar for the two litters albeit their
contrasting C:N, indicating that the microbial community and its ability to decompose litters may
have been altered under warming. The amount of mineral N was either decreased (Site 1) or
unchanged (Site 2) by warming, but warming did not alter N mineralization with C. jamesii
amendments and N immobilization with P. hiemata amendments. Therefore, we expect that while
long-term warming does not alter N-cycling during litter decomposition, it shifts the microbial
community towards one that has a greater ability to take up C substrates during litter
decomposition, although it has not been determined whether this is driven by C substrates from
SOM or litter.
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Chapter 5. Dry-rewet and 10-year warming reduce microbial biomass
and activity and alter N availability in Australian alpine soils

5.1. Introduction
Climate change predictions for the South Eastern Australian Alps indicate precipitation changes
between +2.3 and -24% and increases in ambient temperature by up to 2.6 °C by 2050 (Hennessy
et al. 2003), increased drought severity and number of dry days, and decreases in snow cover and
duration (Whetton et al. 1996; Solomon et al. 2007), thereby altering dry-rewet cycles in this
region. Moreover, warming can exacerbate desiccation as indicated in field experiments using
open-top chambers (OTC) in the Bogong High Plains, where warming increased the rate of soil
drying after rainfall events (Wahren et al. 2013), and caused soil moisture levels to fall below the
wilting point more often compared to ambient plots (Camac 2014).
While many alpine studies have investigated freeze-thaw as well as drought effects on soil
microbial properties and nutrient cycling (Schimel and Clein 1996; Lipson et al. 2000; Buckeridge
et al. 2010), very few have investigated dry-rewet cycles in alpine systems. Two exceptions were
Lipson and Monson (1998) and Schimel and Clein (1996) who showed that DRW and freeze-thaw
stresses can affect microbial activity similarly in tundra. While DRW may be less prevalent in the
northern hemisphere, where the majority of alpine ecosystems exist (Körner 2009), drought
conditions, bushfires and dry-rewet cycles occur frequently during the snow-free period in the
Australian Alps (Costin et al. 2000). During that time, native vegetation can undergo severe
drought stress, even resulting in widespread death of alpine grasses under extreme drought
(Griffin and Hoffman 2011), due to soils often drying at or below the wilting point (Good and
Wales 1992), and for extended periods of time (>40 days) without useful rainfall (Griffin and
Hoffman 2011). Moreover, these alpine soils are relatively shallow (Costin 1964), and thus are
susceptible to frequent moisture fluctuations, especially in the uppermost surface layers (0-3 cm)
(Camac 2014).
Both warming and the length of the dry period in a DRW cycle can alter microbial community
composition and activity which can affect nutrient cycling over short, medium and long-term, for
example after 15 years of warming in an alpine site (Rinnan et al. 2007), after five years of
warming and drought in a temperate heathland (Haugwitz et al. 2014), after three years of
warming in the grasslands of Qinghai-Tibet Plateau (Zhang et al. 2014) and after two months with
multiple DRW cycles (Butterly et al. 2009). Therefore, it is possible that long-term warming and
drying can cause a shift in the microbial community structure, towards one that is more resilient to
such stresses. This is quite probable since the seasonal succession of soil microbial communities
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has been observed in alpine soils, in adaptation to the new climatic conditions, as reviewed by
Gavazov (2010).
Such changes in microbial community under a changing DRW regime can have important
implications for microbial mineralization and immobilization of nutrients, and thus nutrient
cycling in this nutrient poor-system. Firstly, since immediately after a DRW episode, flushes of
labile nutrients and carbon dioxide are released due to the increased availability of substrate to
microbes, reductions in physical protection of organic matter and soil aggregates (Adu and Oades
1978; Appel 1998; Denef et al. 2001), microbial biomass turnover (Kieft et al. 1987). Secondly,
the size of the CO2 pulse has been related to the length of dry period (Birch 1960).
While the literature on DRW and long-term warming is extensive, to our knowledge, the
combined effects of long-term warming and DRW on microbial properties in alpine ecosystems
have not been investigated. A previous study on these alpine soils has shown that long-term
warming can either lead to a decrease or acclimatization of C and N mineralization and microbial
biomass (Chapter 4). However, we do not know how the predicted changes in DRW cycles will
affect the mineralization of C and N in the warmed soils nor their effects on soil microbial
properties.
This chapter aimed to address the following questions:
1. What are the relative magnitudes of C and N mineralization between moist and dryrewetted alpine soils, and are the responses site-specific?
2. How does the length of drying interval alter these responses?
3. And finally, do soils under long-term warming respond differently to DRW compared to
soils in ambient plots?
We hypothesized firstly that, following rewet, flushes of C and N mineralisation will be greater in
ambient than warmed soils due to their larger microbial biomass and nutrient availability;
secondly that shorter drying intervals will enhance microbial activity, nutrient release and
microbial biomass recovery following drought stress due to the greater number of moist days
compared to the longer drying interval; and thirdly that the microbial biomass and activity in
warmed soils will have a greater recovery from DRW stresses because of the greater intensity of
their previous DRW history.
5.2. Materials and methods
5.2.1. Experimental sites and warming treatment
In this study, long-term warming was applied using open-top chambers (OTC) over 10 years
following the protocol of Marion et al. (1997) at two burnt open-heathland sites at 1750 m in
elevation in the Bogong High Plains: ITEX Site 1 (E525210 N5917026) and Site 2 (E524843
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N5917353). Site 1 generally had higher total C and N, and higher microbial biomass C (MBC) and
microbial biomass N (MBN), but a significantly lower C:N compared to Site 2 (Chapter 4). Soil
sampling from the field, soil processing, pre-incubation, incubation set-up and determination of
field capacity are described in the “Materials and methods” section of Chapter 4.
5.2.2. Drying and rewetting cycles
The soils used in this experiment were collected from individual plots at the field Sites 1 and 2.
The soils were then bulked to form composite samples, one for the ambient and the other for the
warming treatment. Dry-rewet patterns in the Australian Alps are influenced by periodic drought
in the summer months, where the gravimetric soil moisture in the top 3-cm soil depth ranges
between 5% and 25% (Camac 2014), and rainfall events which occur every 10 days on average
(Australian Bureau of Meteorology). Hence, to simulate summer DRW cycles, the soils were
subjected to either 2 dry-rewet (DRW) cycles or 5 DRW cycles over 42 days, or remained
constantly at 70% of the field capacity, for the constantly moist control. These treatments are
referred to as 2DRW, 5DRW and moist control and each treatment received three replicates. After
this period, soils were maintained at 70% field capacity for a further 16 days to observe the
responses in microbial activity, size of microbial biomass and change in nutrients. Soils, initially
at 70% field capacity, equivalent to 28% gravimetric water content (ω), were dried to ω < 5% by
placing small cotton pouches (6 × 6 cm) containing 15 g self-indicating silica gel (BDH
Chemicals) inside the incubation jars. The drying period lasted six days, during which the silica
gel was exchanged three times (after days 1, 2 and 4). The soils were rewetted to 70% field
capacity at either seven or 14 days between rewetting events. Rewetting was done gravimetrically
by adding water drop-wise in circular motion from the centre of the soil core.
5.2.3. Respiration measurements
Microbial activity, determined by carbon dioxide (CO2) release was measured using a Servomex
1450 infrared gas analyser (Servomex, UK) via a septum port. The CO2 was initially measured
daily for three days before applying the silica gel pouches to the soils in the DRW treatment. Since
the effects of rewetting on dry soils can last up to a few days, the microbial activity was measured
at 1, 2, 4 and seven days after rewetting. The CO2 concentration in the jars was converted to µg
CO2-C g-1 soil using a set of standard jars injected with pre-determined volumes of CO2,
containing identical water vials to maintain the same headspace humidity. Two separate standard
jars for the CO2 measurements were used to match the headspace humidity of the samples: one to
account for the moist soil controls incubated with the water vials, and the other for the DRW soils
incubated with the silica gel. Three blank jars with empty PVC cores and 8-mL water vials, and
three blank jars containing silica gel pouches were included to account for the changes in ambient
CO2. Respiration rates (µg CO2-C g-1 soil h-1) and cumulative respiration (µg CO2-C g-1 soil) were
determined for each core and at each sampling time. After taking the respiration measurements,
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the moisture content of the soils was determined gravimetrically, silica gel bags replaced and the
jars were quickly vented using a fan, to return the CO2 concentration to ambient concentrations
and the CO2 measured again after closing the jar. The silica gel was regenerated by placing in an
oven at 105 °C overnight.
5.2.4. Microbial biomass C and N, extractable organic C, total dissolved N and dissolved
inorganic N
Soil analyses for initial and final microbial biomass carbon (MBC), microbial biomass nitrogen
(MBN), extractable organic carbon (EOC), total dissolved nitrogen (TDN) and dissolved
inorganic nitrogen (DIN) are described in Chapter 4.
5.2.5. Statistical analyses
The effects of warming, DRW, site and their interactions on the pH, MBC, MBN, EOC, TDN,
NH4+-N, NO3--N, and CO2 were determined by three-way analysis of variance (ANOVA) in a
fully randomized design using GenStat 13th edition. Significant differences were set with p values
< 0.05. Least significant differences (LSD) were used to assess the levels and direction of
difference.
5.3. Results
5.3.1. Effects of warming and dry-rewet on respiration rate
The silica gel dried the soils rapidly, and within three days, gravimetric water content was less
than 5%. As the soils dried, respiration rates declined until they reached basal levels. After each
rewetting event, the respiration rates exceeded those of the constantly moist control. The
magnitude of flushes of CO2 declined gradually with each rewetting event, from a maximum of
6.6 µg CO2-C g-1 soil h-1 after the first re-wet to a minimum of 3.6 µg CO2-C g-1 soil h-1, in the
5DRW treatment. The average respiration rate of the moist control was 1.7 µg CO2-C g-1 soil h-1.
After rewetting, CO2 flushes were lower in the 2DRW compared to 5DRW treatment (5.7 and 4.7
µg CO2-C g-1 soil h-1 respectively, Fig. 5.1). Warmed soils also had a lower CO2 flush after rewet
compared to the control soils from both Sites 1 and 2 (Fig. 5.1).
5.3.2. Effects of warming and dry-rewet on cumulative respiration
Cumulative respiration was significantly lower in the warmed soils collected from Site 1 in all
DRW treatments and the moist control. For Site 2, previous warming decreased cumulative
respiration to a lesser extent and was only apparent when DRW was applied (Fig. 5.1).
Compared to the moist control, DRW reduced total cumulative respiration over the first 42 days
by 60% in the 2DRW, and by 40% in the 5DRW treatment. This decrease in total cumulative
respiration was not affected by previous warming at Site 2. However, warming decreased
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cumulative respiration in the DRW soils at Site 1 by 7% in the 2DRW and by 10% in the 5DRW
treatment (Fig. 5.1).
After 42 days of DRW treatment, the soils were rewet and maintained at 70% field capacity for a
further 16 days. Immediately after the last rewet and throughout the last 16 days, respiration rates
in the previously dry-rewetted soils exceeded those of the constantly moist controls. Cumulative
respiration of DRW soils collected from warmed plots at Site 1 were 7% and 14% greater, in the
2DRW and 5DRW treatments, respectively, compared to the moist controls (Fig. 5.1). On the
other hand, cumulative respiration of DRW soils from the ambient treatment at Site 1 and ambient
and warmed soils from Site 2 were only decreased by an average of 4% compared to the moist
controls (Fig. 5.1).
5.3.3. Effects of warming and dry-rewet on microbial biomass
Soils from Site 1 were higher in MBC compared to those from Site 2 (p < 0.001) (Fig. 5.2). Dryrewet events decreased MBC significantly and similarly for the soils from both sites (-38% for
Site 1 and -43% for Site 2, Fig. 5.2), and there was no significant effect of DRW frequency (Fig.
5.1). Previous warming decreased MBC more strongly at Site 1 than at Site 2 (Site × Warming, p
< 0.001, Table 5.1). For example, compared to the ambient soils at Site 1, warming decreased
MBC by 36% in the moist control and by 30% in the 5DRW soils. At Site 1, compared to the
moist control, DRW reduced MBC by 47% in the ambient soils and by 29% in the warmed soils.
However, DRW reduced MBC by similar amounts in ambient and warmed soils at Site 2 (Site ×
Warming × DRW, p < 0.001, Table 5.1)
Site 1 had significantly higher MBN than Site 2 (p < 0.001, Table 5.1). Warming decreased MBN
in all DRW treatments at Site 1, and only in the moist control at Site 2 (Warming × Site, p <
0.001, Table 5.1). In contrast, the variation in MBN between replicates for the measurements of
MBN were small and clearer trends were observed; DRW reduced MBN by 36% on average
compared to the constantly moist control, similarly in both warming treatments (DRW ×
Warming, p > 0.05) and sites (DRW × Site, p > 0.05, Table 5.1), and with a slightly greater
decrease in the 2DRW compared to the 5DRW treatment at both sites.
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Figure 5.1. Respiration rates and cumulative respiration during 58 days of soil incubation at 25 ºC. The factorial experiment consisted of the following treatments: site location (1 and
2), warming [ambient control and warming using open-top chambers (OTC) over 10 years] and dry-rewet (DRW) regime (2 DRW and 5 DRW cycles, applied over 42 days, and a
constantly moist control). After 42 days, the soils were rewet to 70% field capacity and incubated for a further 16 days. Error bars represent standard errors of means (n=4).
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Figure 5.2. Microbial biomass carbon (C) and microbial biomass nitrogen (N) in soil following
the 58-day incubation. The factorial experiment consisted of the following treatments: site
location (Sites 1 and 2), warming (unwarmed control and warming using open-top chambers
(OTC) over 10 years) and dry-rewet regime (2 DRW and 5 DRW cycles, applied over 42 days,
and a constantly moist control). Error bars represent standard errors of means (n=4).
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Table 5.1. Effects of site (S), warming (W), dry-rewet (DRW), and their interactions on microbial
biomass C (MBC), microbial biomass N (MBN), C:N, extractable organic C (EOC), total
dissolved N (TDN), NH4+-N, NO3--N and pH. Significant effects of treatments and their
interactions are shown: *, p < 0.05; **, p < 0.01; ***, p<0.001; n.s., p > 0.05.
Factor

MBC

MBN

EOC

TDN

NH4+-N

NO3--N

pH

Site (S)

***

***

n.s.

***

***

***

n.s.

Warming (W)

**

***

**

***

***

***

***

DRW (D)

***

***

***

***

***

***

***

DRW × Site

n.s.

n.s.

*

**

***

***

***

DRW × Warming

n.s.

n.s.

n.s.

***

***

***

n.s.

Site × Warming

***

***

*

***

n.s.

***

**

D×S×W

***

n.s.

n.s.

n.s.

n.s.

***

**

5.3.4. Effects of warming and dry-rewet on extractable organic carbon and total dissolved
nitrogen
Dry-rewet increased EOC at Sites 1 and 2 by different amounts (DRW × Site p < 0.05, Table 5.1,
Fig. 5.3). In the soils collected from Site 2, 5DRW increased EOC the most, followed by 2DRW
(54% and 32%, respectively, Fig. 5.3), while in Site 1 soils, both DRW frequencies increased
EOC by similar amounts (42%, on average). Warming decreased EOC at Site 1 in all DRW
treatments but not Site 2, resulting in a significant Site × Warming interaction (p < 0.05, Table
5.1). The insignificant DRW × Warming interaction indicates that DRW altered EOC levels by
similar amounts in warmed and ambient soils.
Generally, Site 1 had higher TDN in soils than Site 2. In the moist controls, warming did not
affect TDN at Site 2 but increased TDN significantly at Site 1 (Fig. 5.3). However, in the DRW
soils, warming reduced TDN by 12 mg N kg-1 at Site 1 and 19 mg N kg-1 at Site 2 compared to the
moist control (DRW × Warming, p < 0.001, Table 5.1). On average, DRW increased TDN from
48 to 128 mg N kg-1 at Site 1 and from 21 to 94 mg N kg-1 at Site 2, with the greatest increase
occurring with the 2 DRW cycles (Fig. 5.3).
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Figure 5.3. Extractable organic carbon (C) and total dissolved nitrogen (N) in soil following 58
days of incubation. The factorial experiment consisted of the following treatments: site location
(Sites 1 and 2), warming [ambient control and warming using open-top chambers (OTC) over 10
years] and -rewet (DRW) regime (2 DRW and 5 DRW cycles, applied over 42 days, and a
constantly moist control). Error bars represent standard errors of means (n=4).
5.3.5. Inorganic nitrogen
Site 1 mineralized higher levels of NH4+-N and NO3--N compared to Site 2 (Fig. 5.4). Dry-rewet
increased N mineralization substantially compared to the constantly moist control, with the
greatest increase, from 14 to 163 mg N kg-1, occurring in the 2DRW and in Site 1 soils (Fig. 5.4).
Warming decreased NH4+-N in Site 1 moist and DRW soils, and in Site 2 DRW soils (Fig. 5.4).
Meanwhile, NO3--N levels were highly sensitive to warming, dry-rewet frequency, site and their
interactions (p < 0.001 for all treatments and interactions, Table 5.1). Nitrate concentrations were
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large in the soils from Site 1, but limited in the soils from Site 2 (Fig. 5.4). Nitrate levels were
greater in the warmed soils compared to ambient soils in all DRW treatments and sites,
particularly in the soils from Site 1. In the moist control, the concentration of NO3--N in the
warmed soil exceeded that of the ambient soil by 267%. DRW reduced nitrate significantly
compared to the moist soils which had the greatest levels of NO3--N, followed by 5DRW, and
finally 2DRW (Fig. 5.4).
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Figure 5.4. Ammonium (NH4+-N) and nitrate (NO3--N) in soil following 58 days of incubation.
The factorial experiment consisted of the following treatments: site location (Sites 1 and 2),
warming [ambient control and warming using open-top chambers (OTC) over 10 years] and dryrewet (DRW) regime (2 DRW and 5 DRW cycles, applied over 42 days, and a constantly moist
control). Error bars represent standard errors of means (n=4).
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5.4. Discussion
This study examined the effects of long-term warming and different DRW frequencies on
microbial biomass and C and N mineralization of alpine soils. The results indicate that the
anticipated warming and increased drying periods may not lead to alpine soils becoming C sinks
as previously expected, due to the fast recovery of microbial activity when dry soils are rewetted.
Moreover, the effects of long-term warming on carbon dynamics are site-specific, depending on
its effects on the microbial biomass and activity.
The study provides the following key findings. Firstly, long-term warming reduced the magnitude
of C flushes after dry-rewet events, with the longer drying interval decreasing cumulative C lost
as CO2, compared to the more frequent dry-rewet cycles and moist control. Although the microbial
biomass after multiple DRW events did not fully recover after 16 days at optimal moisture
conditions, microbial activity nearly equalled that of the moist control. Secondly, soils at Site 1,
with a previous warming history experienced lesser MBC losses (but not Site 2) due to their lower
starting point compared to the ambient soils. The MBN, on the other hand, was similarly reduced
by DRW under both long-term warming and ambient treatments. Thirdly, long-term warming
reduced the magnitude of N flushes after dry-rewet events. Longer drying intervals increased N
mineralization but decreased nitrification, compared to the more frequent dry-rewet cycles.
5.4.1. Effects of warming and dry-rewet on microbial activity
Long-term warming strongly decreased microbial activity (as indicated by respiration) in Site 1
soils and but had a minimal impact in soils from Site 2. Following DRW in Site 1 soils, reductions
in cumulative respiration were lower in the warmed than ambient soils (-48% vs. -56%,
respectively), which were likely due to the lesser MBC reductions (-29% in warmed vs. -47% in
ambient soils, compared to the moist control). In contrast, warming did not alter MBC reduction
after DRW at Site 2. The different responses from the two sites following DRW indicate that the
effects of warming on the microbial activity were influenced by the response in microbial biomass
following DRW.
The length of the dry period influenced microbial activity; with larger CO2 pulses occurring upon
rewet after the longer dry periods, consistent with the findings by Xiang et al. (2008) and Fierer
and Schimel (2002). Remarkably, the cumulative respiration of soils subjected to 2DRW was
40%, while those in the 5DRW were 60% that of the constantly moist control over the 42 days,
even though soil moisture was above 5% gravimetric water content for only a total of six days in
the 2DRW and 15 days in the 5DRW.
These results indicate firstly, an accumulation of osmolytes over the longer drought period and
greater breakdown of aggregates upon rewetting (Chowdhury et al. 2011) and secondly, the
possibility of a limit to the amount of EOC becoming available to microbes after each rewet
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event, with a large influence of the number of moist days (Xiang et al. 2008). Indeed, since no
significant differences were observed between the final MBC of soils subjected to the two DRW
treatments, such differences in cumulative respiration may be explained by a decrease in the
diffusion of substrate availability to microbes rather than from microbial cell lysis. Hence,
decreased microbial activity during longer dry periods can lead to decreased decomposition of soil
organic matter (Schmidt et al. 2004).
The microbial activity of the alpine soils recovered rapidly after the DRW stresses were
terminated and the soils were maintained at 70% field capacity for 16 days. During this period,
respiration rates in the previously dry-rewetted soils were always higher than those of the
constantly moist controls. Eventually, cumulative respiration of DRW soils caught up with the
moist controls, even surpassing the latter in the previously warmed soils of Site 1. This indicates
firstly that substrate availability to microbes was no longer diffusion-limited and that microbial
biomass was partially recovered. Even though MBC in DRW soils was not fully restored during
the moist incubation, microbial activity recovered as soon as moisture became optimal, proving
that the surviving microbial community was able to take advantage of the available C when its
diffusion was enabled. Therefore, lower C mineralization during the summer seasons when DRW
is prevalent may be reversed, at least partially, in the wetter autumn months when temperatures
are still above the freezing point.
5.4.2. Effects of warming and dry-rewet on microbial biomass
Long-term warming had little effect on the response of MBC and MBN to DRW at Site 2.
However, at Site 1, DRW decreased MBC with a lesser decrease in the previously warmed soils
compared to the ambient soils, which had a higher MBC content in their moist controls. The
results indicate that microbial adaptation and/or resilience to DRW stress was greater in the
warmed than ambient soils. Indeed, microbial communities under long-term warming may
potentially adapt to drier conditions, particularly in the top 2.5 cm where frequent and severe
desiccation occurs (Paul et al. 2001). Moreover, the similar MBN response in soils from the two
sites, under both warming and ambient conditions, indicates that microbial communities
associated with MBN are equally resistant to DRW. Thus, differences in warming history and soil
N did not affect the response of MBN to DRW, corroborating with the results of Orwin (2006)
who found no correlation between C and N availability and the recovery of microbial biomass
after DRW.
Multiple drying and rewetting events decreased microbial biomass C and N substantially as
observed by many others (van Gestel et al. 1993; Gordon et al. 2008; Makarov et al. 2013), and
similarly in the soils subjected to the different DRW frequencies. This indicates that the microbial
biomass displayed a certain resistance to longer periods of drying, and that the microbial
communities had adapted to regular drought stress (Fierer et al. 2003; Schimel et al. 2007).
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However, the lack of significant differences in MBC decline between the two DRW frequencies
compared to the moist control may be due to temporal changes in microbial community structure
during DRW (Chowdhury et al. 2011), as well as the different rates of recovery of the microbial
biomass after DRW in the different soils (Hamer et al. 2007) under various treatments. Moreover,
in the study by Fierer and Schimel (2002), DRW did not immediately cause a change in microbial
biomass. Therefore, it is possible that the microbial biomass of soils under different warming and
DRW frequency and site treatments were altered at different rates.
Although soils were rewetted and maintained at 70% field capacity for 16 days at the end of the
incubation, microbial biomass did not recover to the same level as that in the constantly moist
control, in contrast to Wu and Brookes (2005) and Hamer et al. (2007) who observed a
considerable recovery of microbial biomass within 1-2 days after rewetting. Therefore, after
multiple DRW cycles, the severe drought stress imposed to the microbial communities in this
closed system could potentially result in a long-lasting effect on microbial biomass. These results
may partially explain why the previously warmed soils sampled at Site 1, which had probably
experienced greater desiccation in situ, had lower microbial biomass compared to the ambient
soils. The results also prompt the question: can microbial communities in these alpine soils
tolerate such intensities and frequencies of DRW in the field? It is unlikely that such dramatic
decreases in microbial biomass under DRW are sustained since the alps often undergo extreme
fluctuations in both temperature and moisture, and the succession of soil microbes in alpine soils
have been found to occur seasonally (Gavazov 2010). Moreover, at the time of sampling, we
observed a large root mass, which might have contributed to the high OM, low moisture retention
and good soil structure. Upon the removal of these roots, and disturbance of the soil structure
(although coarsely sieved to 3.5 mm), the ability of the microbes to withstand such severe DRW
stresses may have been greatly diminished.
5.4.3. Effects of warming and dry-rewet on extractable organic C and total dissolved N
The DRW strongly increased EOC and TDN pools as observed in many previous studies (Bottner,
1895; Gordon et al. 2008; Xiang et al. 2008). Such increases in EOC and TDN coincided with the
marked decline in MBC and MBN, indicating that these two processes are linked (Gordon et al.
2008).
Long-term warming decreased the amount of TDN released at both sites following DRW, with
Site 1 releasing more TDN compared to Site 2, due to its higher MBN and total N. Long-term
warming also decreased EOC at Site 1 in all DRW and moist treatments, but not Site 2. Since the
EOC can be used as an index of mineralizable organic matter supply (Boyer and Groffman, 1996),
this confirms the lower total C mineralization and MBC observed in the warmed soils from Site 1
compared to the ambient soils, and the lack of difference in those properties between the warmed
and ambient soils at Site 2.
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The frequency of DRW did not affect EOC at Site 1, which may be explained by an improved
stability of soil aggregates after two DRW cycles, thereby providing physical protection to the soil
organic matter from microbial utilization (Denef et al. 2001). In soils of Site 2, however, a larger
release of EOC in the more frequent DRW treatment was observed, where more frequent wetting
events were required to decompose its more recalcitrant soil organic matter (higher C:N)
compared to Site 1. Indeed, the greater decomposability of the SOM (lower C:N) of Site 1 could
indicate that the number of moist days is less important for its mineralization. Moreover, the
lower soil MBC in the more frequent DRW treatment at Site 2 may have further hindered the
decomposition of SOM.
5.4.4. Effects of warming and dry-rewet on N mineralization and nitrification
Long-term warming strongly decreased N-mineralization but increased nitrification in the soils
from both sites, suggesting that warming caused a similar shift in the N-cycle at both sites.
Indeed, warming has been shown to shift ammonia-oxidising bacteria composition (Avrahami and
Conrad 2005) and to increase nitrification activity (Franzluebbers et al. 1994; Horz et al. 2004). It
has widely been proposed that N mineralization in alpine systems would be increased by warming
due to its positive effects on microbial activity (Nadelhoffer et al. 1991; Rustad et al. 2001). In
the Australian Alps, however, increases in N mineralization observed under OTC (White-Monsant
et al. 2015) may not have only been due to the removal of temperature limitation, but also by the
increase in drought intensity which increases NH4+-N.
The DRW led to a large increase in N mineralization, as indicated by the marked increase in
NH4+-N concentration, due to the release of the large amounts of N stored in osmolytes and
organic N (Castellanos and Pratt 1981), which corresponded with the decreased MBN. The N
mineralization was greater at Site 1 compared to Site 2 due to higher total N content at Site 1.
Since both N mineralization and immobilization are stimulated by rewetting (Saetre and Stark
2005), the lower NH4+-N detected at Site 2 could also be due to the greater N immobilization.
The amount of N mineralized (NH4+-N) decreased slightly, but non-significantly, with DRW
frequency at both sites (2DRW > 5DRW) coinciding with the lesser decline in MBN in the
2DRW treatment. Although the number of moist days in the 5DRW was more than double that in
the 2DRW treatment, the difference in total N mineralization was quite small, indicating that
differences in NH4+-N might have been controlled by the relative differences in MBN reduction
rather than moisture and/or the potential for N mineralization during the moist days.
In the moist control soils of Site 1, high concentrations of NO3--N were observed. This could be
explained by high levels of mineral N (NH4+-N) being nitrified. However, the N cycle is complex,
and other possible explanations may also include the immobilization or adsorption of NH4+-N,
less immobilization of NO3--N as well as a decrease in denitrification.
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Nitrate levels in the DRW soils were minimal, with the bulk of mineral N remaining as NH4+-N,
concurrent with the results of Franzluebbers et al. (1994). Nitrifier abundance and function can
become inhibited during the extremely low moisture conditions (Stark and Firestone, 1995),
leaving them unable to nitrify the increased levels of NH4+-N (Xiang et al. 2008) particularly in
acid soils. Moreover, the moist periods for potential recovery of the nitrifiers between rewet
events during the current experiment were likely too short.
Nitrate production was greater in the more frequent DRW compared to the less frequent DRW
regime, which was associated with decreases in NH4+-N concentrations with DRW frequency. The
greater nitrate production in 5DRW than 2DRW could be due to an increase in autotrophic
nitrifier biomass, as was observed by Fierer and Schimel (2002) and this was likely linked to the
greater number of moist days.
5.5. Implications and conclusions
Ten years of warming using open-top chambers, dry-rewet and their interactions had important
implications for microbial biomass and C and N mineralization in the Australian alpine soils. We
found that C mineralization after rewet was greater in the ambient soils of Site 1 compared to the
warmed soils, associated with their larger microbial biomass C and EOC, supporting of our first
hypothesis. Moreover, a less frequent DRW regime (or reduced number of moist days), reduced
total C mineralization without altering MBC, partially supporting our second hypothesis. Finally,
after a 16-day period at 70% field capacity after DRW, the warmed soils from Site 1 experienced
a greater relative increase in C mineralization, while their relative decrease in MBC following
DRW stresses was lower compared to ambient soils, supporting our third hypothesis.
Although the soils subjected to DRW had decreased C mineralization and MBC, their respiration
rates readily exceeded those of the moist control soils when moisture became available, especially
in the less frequent DRW treatment. This suggests that C losses from the alpine soils can either be
increased or remain unchanged under a drier regime. The less frequent DRW led to an apparent
increase in NH4+-N availability, the dominant N form in this ecosystem, which could potentially
enhance the plant growth of drought-resistant species, such as shrubs, in this nutrient-poor
ecosystem. Since the responses of microbial biomass to warming and DRW were site-specific, the
fate of C under a warmer and drier climate needs to be considered locally in this heterogeneous
landscape.
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Chapter 6: General discussion and conclusions

The focus of this thesis was to investigate the effects of warming on litter decomposition and
nutrient dynamics in the Australian alpine region. This study is the first of its type to determine
the effects of warming, through its impacts on litter decomposition and microbial processes and
properties, on the nutrient dynamics in this ecosystem.
For this thesis, three approaches were used. The first approach was to study the effects of
warming on litter decomposition and nutrient dynamics using open-top chambers which increased
the ambient temperature by an average of 1.2 °C. The second approach was to examine the
decomposition of litters and its influence on the soil nutrient dynamics at various elevations to
create a temperature gradient. The third approach was to determine the effects of long-term
warming on soil nutrient pools and the size, activity and composition of the microbial community
in soils from alpine field plots, which have been exposed to warming using open-top chambers for
10 years. Controlled incubation studies were performed to test whether long-term warming altered
litter decomposition or the response of these soils to drying-rewetting cycles. These studies
allowed an inference of the overall impact of long-term warming on the availability and cycling of
nutrients in an alpine region of Australia.
The key findings are summarized as follows: (1) Warming reduced litter decomposition and
subsequent nutrient release of common alpine species due to decreased soil moisture; (2) The
species of leaf litters, through their initial chemical composition, was a more important factor
affecting litter decomposition and nutrient release than warming; (3) Warming did not alter soil
nutrient availability at the different elevations; however, the decomposition of litters of dominant
plant species led to the immobilization of soil nutrients within a year of their decomposition; (4)
A warming history of 10 years significantly decreased microbial biomass and activity as well as N
mineralization in alpine soils. However, long-term warming increased C mineralization in soils
amended with litters of high and low C:N compared to the ambient treatment, and this increase
was similar for both litter types; (5) Finally, drying and rewetting significantly increased the soil
N available pools and reduced soil C losses in soils through decreases in microbial biomass and
activity. Soils warmed for 10 years had less C in the MBC pool initially, and had reduced MBC
and C losses as CO2 following dry-rewet cycles compared to non-warmed soils.
Warming within the climate change predictions for this region (0.6-2.9 °C) (Hennessy et al.
2003), over one to two years, significantly decreased the decomposition of litters of a range of
common alpine species. However, the species differed in litter decomposition due to the
difference in litter quality (C:N ratio), with litters of graminoid and shrub (C:N 35 - 55)
decomposing faster than the forb litters (C:N 21 - 41) (Chapters 2 and 3). Warming significantly
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reduced the moisture content in the top soil, which likely decreased the microbial activity, and
thus the decomposition of the litters, especially the litters with a high C:N ratio (e.g. 55) (Chapter
2). Therefore, moisture had a greater influence on litter decomposition than warming in this
ecosystem.
The reduction in litter decomposition, as indicated by mass loss, under warming and drying led to
a reduction in nutrient release and increased nutrient immobilization from the decomposing litters,
especially in the first 40-50 days of decomposition, when the litters had high nutrient
concentrations (Chapters 2 and 3). Moreover, the effects of warming on the nutrient dynamics
were greatest in autumn when favourable moisture and temperature conditions prevailed (Chapter
2). Thus, this study highlights the variations in nutrient release and immobilization during the
different decomposition stages and seasons.
The species of litter and associated initial nutrient concentrations was a greater driver of nutrient
dynamics than warming (Chapters 2 and 3). For example, while warming only had slight effects
on soil nutrient concentrations, the decomposition of shrub G. australis and graminoid P. hiemata,
2 dominant species in the Australian Alps, not only altered the nutrient dynamics at the litter-soil
interface, but also reduced N and P, in the top 2-cm soil depth under the litters (Chapter 3). This
reduction in soil N and P was likely due to the increase in C substrates from decomposing litters,
which increased microbial activity and thus demand for these two nutrients, and was more
significant in the later stages of their decomposition (Chapter 3). The greater N and P
immobilization and greater C release from G. australis compared to P. hiemata has the potential
to hinder the cycling of the 2 most limiting nutrients, N and P, while enhancing the return of C to
soil. Therefore, the predicted decrease in abundance of the graminoid P. hiemata and increase in
abundance of the shrub G.australis in this alpine region (Wahren et al. 2013) could alter the
nutrient cycling in a warmer environment.
The predicted increase in the more decomposable forbs in this region (Wahren et al. 2013), such
as C. jamesii (C:N 21), was expected to lead to a greater increase in soil microbial activity by
increasing extractable organic C and N mineralization when compared to graminoids, such as P.
hiemata (C:N 55). Indeed, the decomposition of C. jamesii increased N mineralization while that
of P. hiemata immobilized N over 2 months. However, although the initial difference in C
mineralization between the litters of C. jamesii and P. hiemata was large, this difference declined
during 2 months of incubation (Chapter 4). Therefore, the decomposition of contrasting litter
types may only lead to transient changes in the C losses through C mineralization. For that reason,
temporal scales should be incorporated in future warming studies in order to accurately predict the
longer-term nutrient dynamics.
Short-term warming (one to two years) reduced litter decomposition, indicating a reduction in
microbial activity. The effects of long-term warming (10 years) were site-specific and decreased
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microbial activity, N mineralization and microbial biomass C (MBC) and N (MBN) in the top 5cm alpine soil at one site (Site 1), but not the other (Site 2) (Chapter 4). The different responses of
the sites to the long-term warming treatment could be explained by their different bacterial
community structure and soil organic matter content of C and N (Chapter 4). Site 1 soils under
long-term warming mineralized slightly but significantly more C and N than unwarmed soils
when fresh litters of contrasting litter quality (litters of high and low C:N) were added, indicating
that the microbial communities may have become more efficient at utilizing available substrates
(Frey et al. 2013). The reduction in microbial biomass was, however, not accompanied by change
in the microbial community, indicating resilience of microbial communities in cold biomes to
warming (Panikov et al. 1999). Moreover, the reduction in microbial activity in the warmed soils
was partly attributed to its lower MBC, but could also indicate a reduction in the decomposition of
litter and soil organic matter and subsequently slower nutrient cycling, due to the previous chronic
soil drying.
Drought is a common occurrence in the Australian alpine system and other alpine systems,
especially in the summer (Griffin and Hoffman 2011). However, the effects of long-term warming
and changes in dry-rewet regimes on microbial activity in alpine soils have not been previously
investigated. An increase in the number of dry days in the dry-rewet cycle reduced microbial
activity but also led to larger pulses of C mineralization after rewet most likely due to the
accumulation of labile C substrate, e.g. osmolytes (Castellanos and Pratt, 1981) (Chapter 5).
Long-term warming reduced the MBC losses after drying and rewetting in alpine soils, indicating
a potential adaptation of this microbial biomass to desiccation under warmer conditions. The
reduction in MBC loss in warmed soils led to a decrease in release of extractable organic C,
which in turn reduced C mineralization after rewet. Therefore, in addition to reductions in C
mineralization during dry-rewet cycles, long-term warming can further reduce C cycling and this
may influence the soil C balance in the long-term. However, despite the large reduction in C
mineralization and MBC when subjected to rewet, the surviving microbial biomass was able to
rapidly take up and mineralize almost as much available C substrate as the moist control, after
only 16 days at 70% field capacity. Thus, the reduction in C substrate availability and its
mineralization by microbes during summer drought could be reversed in autumn when moisture
becomes available, if the temperature is not limiting.
This thesis proposes that future warming in the Australian Alps has the potential to alter soil C
and nutrient balance by reducing the duration when suitable conditions are available for microbial
processes such as litter and soil organic matter decomposition. Warming reduces insulation of the
soil to below-freezing air temperatures in winter (Chapter 3) likely due to decreased snow cover,
which leads to an earlier and accelerated snowmelt in spring. These decreased spring moisture
flushes are then followed by more frequent drought events in summer, leading to decreased
substrate availability. Moreover, warming and drying will lead to further shifts in plant
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community composition, in particular, increases in the drought-tolerant shrubs. These will likely
have a stronger influence on the nutrient dynamics rather than warming itself. Furthermore, the
nutrient cycling will be influenced by increased microbial immobilization as the litter
decomposition rates decrease.
A limitation of the current experiments is the duration of the litter decomposition studies in situ.
Although the duration of litter decomposition in this thesis (one to two years) was sufficient
enough to observe differences between different species and warming treatments in terms of mass
losses and nutrient dynamics, more than two years are required to observe significant releases of
the most limiting nutrient, N, from litters into soil due to the longer period of microbial N
immobilization. Moreover, the use of the laboratory incubation can only provide an estimate of
the microbial activity in field conditions. The homogenising of soils through sieving reduced soil
aggregation and the removal of decaying plant roots, which are an important portion of the SOM,
may have reduced the differences in the responses of microbial activity to warming. Hence, such
experiments need to be replicated and compared to the field situation. Moreover, temporal
changes in microbial activity and community structure both seasonal and annual should be
investigated in future work to quantify the effect of warming on microbial turnover as well as
their apparent resilience to warming.
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