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Abstract
Understanding the phosphorus (P) release from floodplain soils and sediments will assist in
understanding the function of wetlands and floodplains in fluvial systems. The effects of drying
and the impact of subsequent re-flooding of previously dried soils and sediments on the
mobilisation of different P species to the over lying water column are far from certain. The
purpose of this study was to improve our understanding of how wetland soils and sediments
change during long-term drought periods and how these desiccated sediments respond when
droughts are followed by re-flooding events, with a particular focus on the sediment P
dynamics. The experimental methods used in this work involved controlled laboratory drying
experiments, laboratory incubation experiments, selective chemical extractions/analyses (Fe and
P speciation), and synchrotron based X-ray absorption spectroscopy (XAS).
A nutrient release experiment was conducted as a preliminary study to understand the impact
of different hydrological regimes on phosphorus bio-availability. This experiment used soils
from sampling sites that had experienced different inundation regimes and different inter-flood
periods. It revealed that large amounts of inorganic phosphorus may accumulate in floodplain
soils during drying periods and that large pulses of phosphorus may occur in the overlying water
column during subsequent flow events.
The impact of the severity of sediment drying process on the distribution of different P
fractions, Fe species, and the sediment P sorption behaviour were evaluated in laboratory
experiments where sediments were air dried and heated at temperatures in the range 30–85 °C.
The results suggested that depletion of ‘organic’ P and concurrent accumulation of ‘inorganic’ P
occur as a result of drying induced mineralisation of organic substrates. XAS results suggested
that drying increases the amount of well-crystallised iron mineral phases, possibly at the
expense of amorphous iron phases, decreasing sediment P sorption capacity.
The influence of re-flooding events on P-release from previously dried sediments was
studied in experimental microcosms. The results suggest that sediment drying (aerobic
conditions) followed by re-flooding (anaerobic conditions) leads to the mineralisation and
release of sediment bound P. This study clearly demonstrated that desiccated sediments can act
as P sources during re-flooding, generating a rapid initial P flux in the water column. These
processes are magnified when extreme desiccation events are followed by re-flooding. The
same sediments may act as P sinks after extended water logged conditions. XAS showed that
crystalline iron mineral phases in the waterlogged sediments were partly transformed into
amorphous iron phases after re-flooding, increasing the sediment P sorption capacity, and
suggesting that the effects of desiccation are, at least in part, reversible.
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This study revealed that drying of wetland soils and sediments can induce a rapid and
significant P release during re-inundation. Drying mobilised more stable sedimentary P
fractions. Drying also increased the crystallinity of Fe mineral phases which was coincident
with reduced P sorption capacity of the sediment. In combination, these two factors increased
the potential for P release after re-flooding.
This study also revealed that the response of sediments to varying degrees of drying and to
re-flooding following desiccation differed according to the severity of drying (drying
temperature and the duration).
This thesis has provided useful information for catchment water management in floodplain
wetlands where environmental allocations of water from regulated rivers are essential to
maintaining the ecological health and functioning. It is obvious that some aspects of the
processes and mechanisms of sediment drying and rewetting on nutrient dynamics are far more
complicated than this study could interpret. The limited findings of this study may generate
further research interest in investigating short-term and long-term field studies in combination
with simulations in the laboratory to understand the processes and underlying mechanisms of
the drying-induced changes in floodplain wetlands. Future studies will bridge the gaps between
understanding the changes which occur in composition and activity of sediment microbial
biomass linked to the geochemical transformations during drying and rewetting. Wetland
managers are able to utilise these findings to create a sustainable revirine floodplain wetland
ecosystems.
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Chapter 1
Introduction and Review of Literature
1.1 Climate changes and human management of river-floodplain systems
Recent changes in global weather patterns and frequency of extreme weather events hav e
been attributed to global climate change likely due to anthropogenic activities (IPCC
Fourth Assessment Report: Climate Change 2007). Global climate models developed in
response to these changes predict that many parts of the world may experience more
frequent and longer droughts with higher mean annual temperatures and less frequent but
more intense precipitation (Barrow and Hulme 1996; Houghton 2001; Millennium
Ecosystem Assessment 2005). Climate change is likely to impact on lowland floodplains in
south eastern Australia through a reduction in precipitation, surface runoff, and
groundwater recharge, as well as an increase in evaporation and transpiration resulting in
more frequent and severe droughts (Beare and Heaney 2002; Murray-Darling Basin
Authority 2009). South-eastern Australia has previously experienced the adverse effects
from three major droughts: the Federation drought (1895–1902), the World War Two
drought (1937–1947) and the most severe Millennium drought (1997–2009).

It is well known that human-management of river-floodplain systems results in
disconnection of floodplains from river channel hydrology. In general, levee construction,
channelization, flow manipulation by dams, and alteration of hydrology by urbanization
minimize the frequency and duration of flood pulses on floodplains (Dynesius and Nilsson
1994, Kingsford 2003, Ligon et al. 1995). Based on results of the EU-funded ‘AquaTerra
project’ (Barth et al. 2007), Lair et al. (2009) analysed changes in the dynamics of
European river-floodplain systems and found that human-induced changes in the
hydrologic regime of rivers have direct and severe consequences on nutrient cycling and
contaminant retention in adjacent floodplains. Further, they revealed that the anabranching
flow section of the Danube river in Austria remained in a dynamic equilibrium of
aggradation and erosion processes due to permenant channel migration and different forms
of floodplain inundation. In Europe and in the densely populated areas in Asia, 60 and 99
% of the riparian land is cultivated or urbanized resulting in increased fluxes of nutrients,
metals and chemicals into sourrounding water bodies (Lair et al. 2009, Ravenga et al.
2000).

The majority of the lowland floodplains in the inland of south-eastern Australia are
subjected to river regulation (dams and weirs), water diversion (irrigation canals,
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groundwater pumping), and alteration of flows by levees and structures. As a consequence,
the natural flood regimes (time, frequency, and duration) and patterns (spatial distribution
of the water) have dramatically changed compared with pre-European settlement
(Department of Land and Water Conservation 1995; Kingsford 2003; Kingsford and
Thomas 2001). Given that inundation patterns are one of the fundamental ecological
drivers in these wetlands, changes in hydrology and the frequency of wetting and drying
will alter the ecological characteristics of these wetlands. When climatic drought
conditions are superimposed on these already water-stressed floodplain-wetlands leading
to the term ‘hyper-drought’ condition, the resilience of these wetland ecosystems is
dramatically compromised and they become more susceptible to drought-induced
degradation (Baldwin 2011).

The response of soils and sediments to periods of desiccation and inundation is a key issue
as changes in soil (or sediment) properties are expected to affect the biogeochemical
cycling of nutrients in floodplain ecosystems (Mitchell and Baldwin 1998). Numerous
studies have demonstrated that water level ﬂuctuations and desiccation have a strong effect
on water column phosphorus (P) concentrations by altering soil/sediment structure,
physico-chemical properties of minerals, and redox conditions (pH and E H) (Aldous et al.
2005; Baldwin 1996a; Baldwin and Mitchell 2000; Darke et al. 1996; Lijklema 1980; Sah
and Mikkelsen 1986c, 1989; Sah et al. 1989a, 1989b), as well as the composition and
activity of the microbial community (Batzer and Sharitz 2006; Rees et al. 2006).

The work presented in this thesis primarily focuses on the impact of drying and reflooding on P dynamics in floodplain soils and sediments with a view to enhancing our
understanding of biogeochemical processes and mechanisms, and the underlying effects of
drying and re-flooding on nutrient dynamics. This chapter will provide a brief review of
the relevant research including P speciation in soils and sediments, physico -chemical
effects of drying and re-wetting on soil/sediment structure, and the impact of drying and
re-flooding on the biogeochemical cycling of P, focusing particularly on the interrelationships of C, Fe, S, and P.
In general, sediment is defined as ‘a naturally occurring accumulated material that is
broken down by processes of weathering and erosion and is subsequently transported by
the action of wind, water, or ice, and/or by the force of gravity acting on the particle itself’
(Prothero and Schwab 1996). Soil refers to ‘an unconsolidated mineral matter consisting of
layers (soil horizons) that are primarily composed of minerals which differ from their
parent materials in their texture, structure, consistency, colour, chemical, biological, and
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other characteristics’ (Birkeland 1999). In this thesis, the terms ‘soils’ and ‘sediments’ are
arbitrarily differentiated by the period of submergence so, sediments are inundated for the
most part and are rarely exposed to the atmosphere while soils are exposed to the air for
longer periods than they are inundated (Baldwin and Mitchell 2000).

1.2 Phosphorus in soils and sediments
Phosphorus (P) is one of the most important nutrient elements limiting agricultural
production in most regions of the world and certainly in Australia (Holford 1997). P is
found in soil/sediment in dissolved forms (soil solution P or pore water P) as well as in a
number of organically and inorganically bound forms. These P forms differ in their
behaviour and fate in soils (Turner et al. 2007). The native P content in soils depends on
the nature of the parent material and the degree of weathering (Frossard et al. 2000). Many
of the P forms exchange with each other and P cycles through both organic and inorganic
pools in soil/sediment, microbial biomass, and plants. See Figure 1.1.
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Figure 1.1 Conceptual flow diagram for P cycling in terrestrial systems (modified after Gijsman et al. 1996).
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1.2.1 Pore water phosphorus
Soils and sediments can contain a significant amount of P (100–3,000 mg P kg soil -1;
Frossard et al. 2000). However, only a very small fraction of the total P pool (typically less
than 1%) is in solution and therefore mobile. Pore water P exchanges with the
inorganically and organically bound forms in the soil/sediment and the pore water
concentrations may change as a result of mineral dissolution-precipitation, P adsorption
onto surfaces, P-uptake through photosynthesis, and P release through microbial
decomposition. Hence, the unique characteristic of P: its low availability is due to very low
solubility, slow diffusion, and high fixation in soils (Gachter and Meyer 1993; Richardson
et al. 2005; Søndergaard 1990).
Pore waters contain dissolved P in the forms of orthophosphate (H 2PO4-, HPO 4-2 and
PO4-3), inorganic polyphosphates, and as organic phosphorus (dissolved organic P) (Holtan
et al. 1988). Dissolved organic P may constitute more than 50% of the total P in soil
solutions (Ron Vaz et al. 1993; Shand et al. 1994). Dissolved organic P is highly mobile in
soil (Frossard et al. 1989) and is therefore likely to be of particular ecological significance,
in the leaching of P to freshwater bodies (Turner 2005). They are often not specifically
identified and measured, but rather quantified by the difference between the total filterable
P (determined by a chemical digestion step followed by a molybdenum colourimetric
assay) and the filterable reactive P (often assumed to be orthophosphate and determined by
filtration followed by molybdenum colourimetric assay). This fraction is more properly
referred to as the ‘molybdate-unreactive’ P (Baldwin 2013; Haygarth and Sharpley 2000;
Leinweber et al. 2002). It has become evident that a large component of molybdateunreactive P is derived directly from microbial turnover, and in one study was shown to
account for up to 90% of the soil solution P within the rhizosphere of maize (Helal and
Dressler 1989).

There are five classes of organic P species that have been specifically identified in the
aquatic environment: nucleic acids, other nucleotides, inositol phosphates, phospholipids,
and phosphonates (Baldwin 2013). Espinosa et al. (1999) detected a range of P species in
soil leachate water including: orthophosphate, inositol hexaphosphate, sugar phosphates,
adenosine triphosphate (ATP), and phosphonates. Using enzyme hydrolysis, Toor et al.
(2003) showed that 23% of the molybdate-unreactive P in leachate from a grassland soil
was present as labile monoester P, followed by 20% as inositol hexakisphosphate (phytate)
and 14% as diesters (phospholipids and nucleic acids).
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1.2.2 Solid phase inorganic phosphorus (P i)
More than 200 phosphate minerals are recognised, and structurally they all have isolated
(PO4) tetrahedral units. Primary phosphates are usually crystallised from aqueous fluids
during later stages of crystallisation. The primary phosphates found within the e arth’s crust
are apatite (the most common), triphylite, lithiophilite, and the two rare -earth phosphates,
monazite and xenotime. They all are very stable, and the release of P through weathering
occurs at a very slow rate (Rafferty 2011; Shen et al. 2011). Secondary phosphates are
extremely varied, forming at low temperatures, in the presence of water, and under
variable oxidation states. Both di- and tri-valent oxidation states of iron and manganese are
usually present, producing brilliant colours (Rafferty 2011). Precipitated forms include
mono, di- and tri-calcium phosphates and hydrates, hydroxyl and fluoro apatites, and
various forms of aluminium and iron bound phosphates such as berlinite, variscite,
strengite, and vivianite (Richardson 2001).

1.2.3 Solid phase organic phosphorus (P o)
Solid phase organic P (P o) generally accounts for 30–80% of the total soil P in the acid
soils of New South Wales and Victoria (Anderson 1980), and 35–60% of total P has been
shown to be in an organic form (McLaughlin et al. 1990). Many forms of P o present in the
soil are still unknown. Solid phase organic P mainly exists as orthophosphate monoesters
(up to 90%), the stable forms of which include inositol phosphates (phytate) and
phosphonates, while the reactive forms include orthophosphate diesters (sugar phosphates,
phospholipids, nucleic acids) and organic polyphosphates (Condron et al. 1990; Newman
and Tate 1980; Turner et al. 2002a). To be plant-available, P o must first be mineralised to
release orthophosphate via hydrolysis of phosphate-ester (C-O-P), phospho-anhydride (PO-P), or phosphonate (C-P) bonds. These processes are mediated by soil microorganisms
and plant roots in association with phosphatase secretion, and are highly influenced by soil
moisture, temperature, surface physico-chemical properties, and soil pH (Richardson et al.
2005; Turner et al. 2007).

Soil pH determines how P reacts with other elements such as aluminium (Al), iron (Fe)
and calcium (Ca) (Hinsinger 2001). In acidic soils, orthophosphate can be strongly
adsorbed by Al/Fe oxides, such as gibbsite (Al(OH) 3), hematite (α-Fe2O3), goethite (αFeOOH) and clay minerals (Parfitt, 1989). The Fe-bound P in particular constitutes a
dynamic part of the sediment P pool due to the redox dependency of P binding to Fe
oxides. In neutral-to-calcareous soils, P retention is dominated by Ca phosphate
precipitation (Barber 1995; Lindsay et al. 1989) and adsorption onto the surface of Ca
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carbonates (Larsen 1967). In a pH range of 5–8, P solubility is low at 300 mv (vs. SHE),
resulting in low orthophosphate concentration in soil solution (Holford and Patrick 1979;
Patrick and Khalid 1974).

1.3 Physical and biogeochemical effects of drying and re-wetting on wetland soils
and sediments
Under the impact of drying and re-flooding, the most common natural phenomenon found
in lowland river floodplain-wetlands, the soils and sediments undergo complex physical
and biogeochemical changes affecting the delicate environmental balance of these
ecosystems. The most important of these changes associated with drying of saturated
soils/sediments and those associated with re-flooding of previously dried soils/sediments
are connected with soil structure, chemistry, mineralogy and sediment microbial
consortium, decomposition of organic matter, and subsequent mineralisation. Hence, the
nutrient dynamics in floodplain-wetland soils and sediments is primarily dependent on
three interrelated factors: the oxygen status of the environment, the nature of the inorganic
matrix, and the sediment microbial consortium (Baldwin and Mitchell 2000). These factor s
are described in detail in the following sections.

1.3.1 Physico-chemical effects of drying on wetland soils and sediments
In a synthesis paper, Baldwin and Mitchell (2000) reviewed two different outcomes that
can be expected when inundated sediments are exposed to the atmosphere. Once inundated
sediments are exposed, they are in immediate contact with air, resulting in oxygenation of
previously anaerobic zones (oxidation). Second, the dehydration of the sediment will
occur. Sometimes, the sediment water levels may approach zero percent of field capacity
under the extended periods of drought. Subsequently, the formation of deep cracks (so called ‘desiccation–shrinkage’ cracks) on the sediment surface will further facilitate the
supply of oxygen into deeper parts of the sediment. On drying, the soil decreases its
volume by shrinkage and compaction. As a result of shrinkage, soil decreases its height by
subsidence. The desiccation cracks appear because of internal stress in the shrunken dried
soil mass (Bresson and Moran 1995).

Previous studies have shown that drying adversely affects flocculation of soils and
particle aggregation. Moist soils are easier to disperse than are dried soils. Dried samples
settle faster after shaking with water and they are easier to filter than are moist soils.
Drying of soils has been shown to cause irreversible aggregation to form a stiffer, more
flocculated structure (Dalrymple and Jim 1984; Lambe 1958; Wilding and Tessier 1988).
Van Schuylenborgh (1954) reported that the drying effect is an irreversible dehydration
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causing cementation of clay particles. Thus, the phenomenon of aggregation through
drying provides an important problem of irreversibility of colloidal behaviour in a soil water system. The poor dispersibility and the irreversible aggregation of fine particles by
drying are known about in a range of sediments from a hypertrophic dam (Twinch 1987)
and volcanic ash soils (Birrell & Fieldes 1952; Kubota 1972).

1.3.2 Physico-chemical effects of re-wetting on wetland soils and sediments
Upon re-wetting, the clayey soils and sediments increase their volume by swelling. As a
result, the soil/sediment level rises and the desiccation–shrinkage cracks close up. The
process of swelling is mainly caused by the intercalation of water molecules entering the
inter-plane space of smectite clay minerals (Parker et al. 1982).

Shrinking caused by drying and subsequent swelling upon rapid re-wetting is known to
disrupt soil aggregates (the process of slaking). The mechanisms of aggregate breakdown
have been shown to be multiple and varied, including the imparting of kinetic energy by
raindrops, slaking due to air compression and physico-chemical swelling, and dispersion. It
was suggested that the balance between these counteracting processes induced by drying
and re-wetting determines the aggregate stability. Therefore, the effects on aggregate
stability are still unclear since both increases and decreases in water -stable aggregation
have been reported (Denef et al. 2001a). Soulides and Allison (1961) demonstrated that
intermittent drying and wetting resulted in a decrease in water-stable aggregates of a range
of soils from silty clay loam to sandy loam. Haynes and Swift (1990) observed a reduced
aggregate stability in air-dried arable soils but an increased aggregate stability in air-dried
pasture soils.

Crusting of topsoil may occur during rainfall events due to the breakdown of aggregated
particles at the soil surface. The redistribution of the resultant finer particles form s a
closely packed layer containing little porosity (Bresson and Valentin 1994). The crusts that
are thus formed cause substantial changes to soil surface physical properties, including
increased bulk density (Roth 1997), the reduction of hydraulic conductivity and infiltration
rate (Chiang et al. 1993), and subsequently a greater susceptibility to runoff (Le Bissonnais
and Bruand 1993). Some soils may tend to decrease the overall volume producing what is
referred as ‘collapsing’ during the inundation process. Soils that exhibit collapse during
inundation are initially unsaturated and subsequently become saturated after inundation for
a period of time. The collapse behaviour depends on percentage of fine particles
(especially clay fraction), initial water content, initial dry density, and the energy and
process used in compaction (Barden et al. 1973; Lawton et al. 1992).
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Upon re-wetting, soils and sediments can become saturated with water. Gas diffusion in
soil is substantially restricted when soils become saturated because there are no open
passageways in which air can travel. Oxygen (O 2) is only sparingly soluble in water and
diffuses much more slowly through water than through air (Schlesinger 1997). Therefore,
O2 diffusion rate suddenly decreases and the O2 present in the water or trapped in the soil is
quickly consumed through microbial metabolic processes. The initial heterotrophic
respiration may completely deplete O 2 in re-flooded, saturated soils and sediments, leading
to the onset of anaerobic environment (Schlesinger 1997; Silvia 2005). Soil properties that
are expected to affect the rate of a soil to become anaerobic include water content,
temperature, microbial population, organic matter quantity and quality, and abundance of
electron acceptors (Zelasko 2008).

When soil is saturated with water, regardless of its original pH before flooding, the pH
will approach neutrality probably as a result of the buffering capacity of the sediments so
that the pH of alkaline soils decreases and the pH of acid soils increases. Drake and
Heaney (1987) observed strong gradients of pH near the sediment water interface of a
productive English lake which was attributed to the marked buffering capacity of littoral
sediments. The increase in pH with the initiation of anoxia may be attributable to the
reduction processes that generate alkalinity (e.g., sulphate reduction, denitrification, iron
reduction). During the succession of anaerobic oxidation processes, E H of flooded soils
will decrease as a result of the shift between electron acceptors; so called ‘redox cascade’
(Ponnamperuma 1972).

As waterlogged soils become anaerobic, Fe(III)(oxy)hydroxides are reduced and Fe(II)
compounds accumulate, resulting in grey, discoloured zones. This phenomenon is termed
‘gleying’ (Lovely 1991). Ponnamperuma (1972) reported that if the mineral soils were
submerged for extended periods, they develop distinctive gley horizons. These discrete
features of contrasting colouration (so called ‘redoximorphic’ features) can be used to
identify different zones in hydric soils: (1) a partially oxidised horizon high in organic
matter; (2) a mottled zone in which oxidation and reduction alternate (this zone consists of
goethite and lepidopcrocite); and (3) a permanently reduced zone that is bluish green (this
zone consists of hydrated magnetite, pyrite, siderite, vivianite, and ferrous sulfates).
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1.3.3 Changes in soil and sediment iron mineralogy during drying and re-flooding
The drawdown of water levels and subsequent exposure to air (oxidation) and sediment
desiccation are separate, but apparently interrelated processes that will have different
effects on wetland soil/sediment iron mineralogy. The primary impact of increased oxygen
concentration in previously anaerobic zones will be an oxidation of previously reduced
mineral phases (Baldwin and Mitchell 2000). At the initial stages, when sulfidic sediments
are exposed to air, ferrous sulﬁdes (pyrite) present in the anoxic sediment may rapidly
oxidise to amorphous Fe(III)(oxy)hydroxides (De Groot and Van Wijck 1993). Similarly,
Kuo and Mikkelsen (1979) demonstrated the oxidation of Fe(II) ions to amorphous
Fe(III)(oxy)hydroxides once flooded soils are drained and allowed to become aerated.

An extended period of exposure of oxidised sediments to air causes desiccation and
exhibits the opposite effect toward the sediment mineralogy (Baldwin and Mitchell 2000).
For example, using cumulative volume distribution of pore sizes in wet and dry hydrous
ferric oxide aggregates, Hofmann et al. (2004) found that the pore structure changed
significantly upon dehydration. The resultant shift indicated that the unit crystallites are
irreversibly pushed together during drying. Hofman et al. postulated that drying could lead
to the formation of new chemical bonds between hydrous ferric oxide crystallites. As a
consequence, significantly smaller surface areas in the dried aggregates may lead to lower
chemical reactivity. Consistently, it has been suggested that drying events may lead to an
increase in crystallinity of Fe(III)(oxy)hydroxide mineral phases (Lijklema, 1980;
McLaughlin et al. 1981).

Fluctuating aerobic and anaerobic conditions of soils and sediments can cause
transformation of crystalline Fe compounds to more amorphous forms under anaerobic
conditions (Kuo and Mikkelsen 1979; Patrick and Khalid 1974). Shahandeh et al. (1994)
demonstrated that amorphous Fe(III)(oxy)hydroxides significantly increased under
anaerobic conditions and this was related to ‘Fe pumping’ as described by Sah et al.
(1989a). This occurs when Fe(II) from the anoxic flooded sediments diffuses upwards
along an EH gradient into the oxic soil-water interface then re-oxidises with an increase of
amorphous compounds. Darke and Walbridge (2000) demonstrated an increased
Fe(III)(oxy)hydroxide crystallinity during the drought periods of summers and autumn and
decreased crystallinity upon increasing the water table during late winter and early spring.

Reduction of Fe and precipitation to form Fe(II) minerals are dominant processes under
anaerobic conditions (Rhue and Harris 1999). Amorphous / poorly-crystalline
Fe(III)(oxy)hydroxides are thought to be more reducible than more crystalline phases
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(Lovley and Phillips 1987). Nevertheless, in soils where crystalline Fe(III)(oxy)hydroxid es
are more abundant than amorphous phases, crystalline Fe(III) bio reduction may contribute
substantially to Fe(II) generation (Roden and Zachara 1996; Roden and Urrutia 2002). It
has increasingly become evident that substantial amounts of Fe(II) resultin g from abiotic
or biotic iron reduction may undergo secondary chemical reactions. Under reduced
environments, iron-reducing bacteria can induce reduction of amorphous and poorly
crystalline Fe(III)(oxy)hydroxides and transform them to Fe(II)-containing minerals such
as magnetite (Fe 3O4), siderite (FeCO 3), vivianite (Fe3(PO4)2.8H2O). 8H2O), and ‘green
rust’ ([Fe 4IIFe2III(OH)12][A2-.3H2O] (Fredrickson et al. 1998; Roh and Moon 2001; Zachara
et al. 2002; Zhang et al. 1997, 1998). The formation of magnetite during microbial
reduction of amorphous Fe(III)(oxy)hydroxide sequesters two-thirds of the available
Fe(III), but may be inhibited by the presence of phosphate (Fredrickson et al. 1998).

On the other hand, several authors have demonstrated that the generation of Fe(II) upon
microbial dissolution of amorphous / poorly-crystalline Fe(III)(oxy)hydroxides will
catalyse recrystallisation of the terminal electron acceptor, accelerating the ageing of
amorphous iron mineral phases (Fredrickson et al. 1998; Hansel et al. 2003, 2005;
Pedersen et al. 2005; Yee et al. 2006). Using synchrotron radiation-based energy
dispersive X-ray diffraction (ED-XRD), Yee et al. (2006) demonstrated the transformation
of poorly ordered ferrihydrite into crystalline goethite in the presence of Fe(II). Further,
comparison with the activation energy predicted for the phase conversion in the absence of
Fe(II) indicated that Fe(II) acts as a catalyst that decreases the activation -energy barrier.

1.3.4 Changes in soil and sediment microbial biomass during drying and re-flooding
Drying (drawdown, exposure, and desiccation) is known to have a strong effect on soil and
sediment microbial biomass. When waterlogged soils drain, exposure of previously anoxic
sediments can rapidly increase redox potential as oxygen diffuses into soil pores thus
increasing the availability of oxygen to microorganisms (Forster and Graf 1992). Plentiful
oxygen represses the activity of anaerobes, which results in an increase of aerobic
microbes. Baldwin and Mitchell (2000) pointed out that in the initial stages of oxidation
and desiccation, the oxic sediment zone can overlie anoxic sediments. This may result in
simultaneous aerobic and anaerobic nutrient cycling processes enhancing microbial
metabolic activities. At this stage, reduced substances will be re-oxidised as they move to
the oxic zone, but will be reduced once more as they return to the anaerobic zone. If
oxygen diffuses deep into the soil profile, anaerobic bacterial activity ceases. At higher Eh
zones (> 500 mV vs SHE), undecomposed soil organic matter is used as an electron donor
by aerobic heterotrophs and converted to water and CO 2, resulting in increased organic
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matter mineralisation rates during the drying process (De Groot and Van Wijck 1993;
Richardson and Vepraskas 2000). Hulthe et al. (1998) demonstrated that the decomposition
of sedimentary organic material is slower under oxygenated or anoxic conditions alone
than when the organic matter is exposed to the repeated activities of both oxic and an oxic
microorganisms.

Slower rates of drying would provide an opportunity for some adaptation or
physiological changes within the soil microbial population, reducing mortality of microbes
during the drying process (Roberson and Firestone 1992). Previous studies have shown
that some microbes respond to soil/sediment desiccation by forming desiccation -resistant
spores or cysts, while others accumulate intracellular organic and inorganic solutes so that
a portion of the microbial biomass will be able to survive the desiccation stress. Since
water moves across the cell membrane, the internal water potential of these microbes must
be in equilibrium with the external environment. Therefore, as water potential declines,
cells may accumulate solutes to reduce their internal water potential to avoid dehydrating
and dying. As their primary osmolytes, microorganisms use simple organics (generally
amino acids and carbohydrates) as osmotic agents that are compatible with cellular
metabolic processes (Harris 1981). In culture, bacteria have been shown to use amino
compounds such as proline, glutamine, and glycine betaine (Csonka 1989; Miller and
Wood 1996) while fungi use polyols such as glycerol, erythritol, and mannitol (Witteveen
& Visser 1995) to achieve the intracellular water potential in order to maintain the proper
cellular turgor pressure required for survival.

While initial stages of drying stimulate microbial respiration, desiccation is known to
kill microorganisms (Baldwin and Mitchell 2000). When soils and sediments further dry
out, a substantial decline in microbial biomass and metabolic activities may be expected as
a consequence of direct physiological stress coupled with concurrent resource limitation
(De Groot and Van Wijck 1993; Stark and Firestone 1995; Van Gestel et al. 1991, 1992,
1993). Previous studies have shown that respiration and bacterial numbers are related to
soil water content during the drying process (Orchard and Cook 1983; Orchard et al. 1992;
Van Schreven 1967). Orchard and Cook (1983) demonstrated a log-linear relationship
between water potential and microbial activity that appeared to hold for a range of water
potentials from −0.01 to −8.5 MPa. Even at −0.01 MPa (wet soil), a decrease in water
potential to −0.02 MPa caused a 10% decrease in microbial activity. The researchers
suggested that the rate at which soil dries and the degree of drying are both important
factors that affect the desiccation stress experienced by soil and sediment microorganisms.
At higher temperatures, microbial biomass may be killed more quickly (Blackwell et al.
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2010). West et al. (1992) showed that microbial respiration and activity declined
continuously and in a generally linear manner as the volumetric water content decreased.
However, the decline in respiration was similar despite differences in soil texture, organic
matter content, moisture content, and rates of drying. They suggested that the similarity of
the microbial responses in these contrasting soils, and the absence of any differences
between the rates of drying, were primarily due to the similar survival strategies developed
in microbial communities to resist desiccation.

The resistance to drying is affected by physiological state, cell age and cell wall
characteristics of microbial biomass. It has been suggested that actively growing microbes
have thinner cell walls, making them more susceptible to dying-induced cell lysis (Van
Gestel et al. 1993). Bottener (1985) reported that soil drying (rapid drying at 40 °C)
destroyed 1/4 to 1/3 of biomass and that this proportion corresponded to the ‘active’
fraction of biomass. Soulides and Allison (1961) demonstrated that older cells that are in a
resting or sporulated state exhibited more resistance to drying than do younger cells. The
selective effect of heat treatment on the total numbers of bacteria, actinomycetes, and fungi
of a greenhouse loamy soil revealed that the fungi are the most sensitive to heat treatment.
This suggests a higher mortality of fungi during early stages of the drying process (Bollen
1969).

The most rapid changes in water potential are thought to occur when dry soil is re wetted, exerting the greatest environmental stress that can be experienced by many soil
microorganisms. Even though the desiccation process generally proceeds more slowly, the
rewetting of a dry soil occurs rapidly as the wetting front penetrates previously dry
microsites in soil. Microorganisms can transport the intracellular solutes out of cells
passively or actively so the immediate response of rewetting is release of osmolytes (Kieft
et al. 1987) that were previously accumulated during the drying process. However, when
soil microorganisms are subjected to a sudden increase in water potential, they experience
an immediate influx of water. This is particularly driven by the difference in water
potential between the cell cytoplasm and the cell’s immediate environment. This influx of
water increases the turgor pressure causing cell death or cell lysis/rupture (Harris 1981;
Kieft et al. 1987; Salema et al. 1982). Salema et al. (1982) used a mathematical model,
supported by electron microscopy to predict the morphological effects of drying and
rehydration of Rhizobium sp. cells, and showed that these two processes resulted in rupture
of the cell envelope and release of cell contents. Interestingly, previous studies have shown
that damaged bacterial cells following desiccation can be repaired within an hour after
initial re-wetting while appreciable synthesis of ATP occurred as shortly as six hours after
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initial re-wetting (Bushby and Marshall 1976; De Nobili et al. 2006; West et al. 1989).
Furthermore, it was thought that enzymatic decomposition processes may be accelerated
because lowering of the water table may stimulate or ‘switch on’ the microbial
extracellular enzymes such as sulphatase, β-glucosidase, and phosphatase (Freeman et al.
1996). Therefore, it is reasonable to suggest that when decomposable, labile organic
substrates (low molecular weight organic matter) are released into the soil environment,
surviving microbes can rapidly mineralise those compounds, producing a rapid nutrient
flush.

Oxygen is the most common electron acceptor and some organisms (strict aerobes)
cannot live for long without it. Due to the deficiency of oxygen in flooded soils, organisms
inhabiting flooded soils must be able to survive with little to no oxygen. Oxygen is the
most efficient and the highest energy-yielding electron acceptor, while carbon dioxide has
the least amount of reduction potential. Although energy yields are much greater with
oxygen than with any other terminal electron acceptor, under anoxic conditions anaerobic
and facultative microbes use alternative electron acceptors to produce energy. Typical
electron acceptors of anaerobic respiration are oxidised inorganic compounds. Since the
energy yield depends on the redox potential difference, these microbes use those
alternative electron acceptors in the sequence of nitrate, Fe(III)(oxy)hydroxide,
Mn(IV)oxide, sulfate, and finally carbon-dioxide—with each successive acceptor
producing less energy upon reduction. Hence, it can be assumed that electron accepter
reduction in saturated soil and sediment tends to proceed in a thermodynamic sequence
over time as a consequence of anaerobic respiration by soil bacteria (Ponnamp eruma
1972).

1.4 Effects of drying and re-flooding on nutrient dynamics in wetland soils and
sediments
It is well-recognised that re-wetting of previously dried soils and sediments significantly
influences the biogeochemical cycling of carbon (Fierer and Schimel 2002, 2003; Wu and
Brookes 2005), nitrogen (Bottner 1985; Sparling and Ross 1988), and phosphorus (Qui and
McComb 1995; Turner and Haygarth 2003). The following sections deal with the variables
controlling the biogeochemical cycling of phosphorus. Most of the variables are closely
coupled with no clear distinction between them.
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1.4.1 Soil organic matter
It has long been recognised that physicochemical changes in sediments that occur as a
consequence of drying and re-wetting can make soil organic matter more readily available
for microbial decomposition and mineralisation (Birch 1958, 1959; Laura 1974, 1975b;
Soulides and Allison 1961; Van Schreven 1968; Waksman and Starkey 1923a, 1923b). Soil
drying and re-wetting decreases soil organic matter stability through enhanced turnover of
soil macroaggregates (Denef et al. 2001a, 2001b). Release of labile coarse and fine intermicroaggregate particulate organic matter induced by the physical disruption of organic
matter coatings and macroaggregates simultaneously increases organic matter solubility as
well as organic matter availability for microbial attack (Adu and Oades 1978; Bartlett and
James 1980; Denef et al. 2001a, 2001b; Turner and Haygarth 2003). This may increase
dissolved organic P and dissolved inorganic P (Bartlett and James 1980; Turner and
Haygarth 2003). The release of large amounts of inositol hexakisphosphate from five
Australian pasture soils has also been attributed to disruption of soil aggregates and
organic matter by physical stress induced during the drying and re-wetting process (Turner
et al. 2002).

1.4.2 The Birch effect
Previous studies have shown that rapid re-wetting of a dry soil can cause a sudden increase
in microbial respiration, a burst of decomposition, and a stimulated mineralisation of soil
organic matter carbon leading to the rapid release of inorganic N and CO 2 (Birch 1958,
1959, 1960, 1964; Birch and Friend 1956a, 1956b; Fierer and Schimel 2003; Inglima et al.
2009; Jager and Bruins 1975; Soulides and Allison 1961; Sparling and Ross 1988; Wu and
Brookes 2005). This phenomenon was first characterised on agricultural and forest soils in
East Africa by H. F. Birch 55 years ago, in terms of nitrification, nitrogen release, and loss
of carbon from rewetted-dried soils and now often referred to as the Birch effect. In a
recent synthesis paper, Jarvis et al. (2007) reviewed four main hypotheses that have been
postulated to explain this nutrient pulse: (1) drying and re-wetting shatters soil aggregates
and exposes previously unavailable organic substrates for decomposition (see Section
1.4.1); (2) microorganisms killed by soil drying are decomposed on rewetting to release
their nutrients (Bottner 1985); (3) there is a spontaneous rapid increase in microbial
biomass and fungal hyphae in response to water availability (Griffiths and Birch 1961;
Jager and Bruins 1975; Scheu and Parkinson 1994); and (4) there is a hypo -osmotic stress
response of the soil microbial community after sudden changes in soil water status (see
Section 1.3.4). Nevertheless, a complete understanding of the processes and mechanisms
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underlying the Birch effect has not yet been achieved (Jarvis et al. 2007). It is likely that
all of these mechanisms contribute to some extent to the Birch effect.

1.4.3 Role of iron
Amorphous / poorly-crystalline Fe(III)(oxy)hydroxides formed during the initial stages of
drying (oxidation) are hydrated mineral phases that have both a large specific surface area
and a very high affinity for orthophosphate (De Groot and Van Wijck 1993; Kuo and
Mikkelsen 1979). Hence, phosphate which is co-precipitated or occluded in amorphous
Fe(III)(oxy)-hydroxides in aerobic soil does not exchange with solution P as readily as in
anaerobic soil (Patrick and Khalid 1974). Sah and Mikkelsen (1989) found that in over
50% of soils investigated in their study, flooding alone increased phosphate sorption from
10% to 70%. The higher P sorption capacity in flooded-drained soils has been attributed to
the higher levels of amorphous Fe(III)(oxy)hydroxides (Kuo and Mikkelsen 1979; Sah et
al. 1989a, 1989b; Sah and Mikkelsen 1986c).

Desiccation of soils and sediments accelerates mineral ageing, resulting in reduced
orthophosphate binding capacities due to increased iron crystallinity. Once soil or sediment
is allowed to dry, amorphous / poorly crystalline Fe(III)(oxy)hydroxide mineral phases
dehydrate and their surface area or number of orthophosphate binding sites decrease,
resulting in lower orthophosphate affinity (Baldwin 1996a; Baldwin et al. 2000; Darke and
Walbridge 2000; Lijklema 1980; Qiu and McComb 1994; Qiu and McComb 2002; Sah et
al. 1989b; Watts 2000b). These results are consistent with the findings of Twinch (1987)
who reported that air drying decreased phosphate adsorption capacity with concurrent
increase in phosphate concentration (by a factor of 3) in the overlying water column.
Conversely, several researchers have reported decreased orthophosphate concentrations in
the overlying water column of air-dried sediments attributed to increased phosphate
adsorption capacities (Barrow and Shaw 1980; Haynes and Swift 1985; Jacoby et al. 1982;
Olsen and Court 1982). Olsen and Court (1982) reported that when soils undergo alternate
wetting and drying cycles, soil aggregates can disintegrate, exposing new soil surfaces for
phosphate sorption.

Iron plays a major role in P dynamics in saturated soils and sediments under anaerobic
conditions following a re-flooding event. See Figure 1.2. A submerged or a saturated soil is not
uniformly devoid of O2; relatively higher concentrations of O2 are usually present in the
surface layer at the soil-water interface that is in contact with oxygenated water
(Ponnamperuma 1972).
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Figure 1.2 The interaction of Fe, S and P in saturated aquatic sediments (modified after
Baldwin and Mitchell 2000).

In flooded soils, when (reduced soluble) Fe(II) diffuses from bottom anaerobic zones to the
upper oxidised surface layer, it is oxidised and transformed into amorphous / poorlycrystalline Fe(III)(oxy)hydroxides (Sah et al. 1989a). Hence, sediments overlain by aerobic
waters often have an amorphous Fe(III)(oxy)hydroxide-rich surface layer. The precipitated
Fe(III)(oxy)hydroxides present in the surface layer effectively prevent orthophosphate
from entering the water column. Adsorption of orthophosphates onto amorphous / poorly crystalline Fe(III)(oxy)hydroxides may occur rapidly because Fe(II) is oxidised within
minutes or hours in the presence of O 2 (Moore and Reddy 1994). Further, soil flooding
significantly increases amorphous iron mainly at the expense of crystalline iron,
confirming that the adsorption-desorption behaviour of orthophosphate in flooded soils is
largely controlled by the transformation of the Fe(III)(oxy)hydroxide (Zhang et al. 2003).
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In the classical limnological model for P exchange between water and sediment,
Fe(III) combines with orthophosphate under oxidising conditions and is transported to the
sediments. Under reducing conditions, reductive dissolution of Fe(III)phosphate minerals
leads to Fe(II) with concurrent release of orthophosphate increasing the orthophosphate
concentration of overlying water column (Einsele 1936, 1937, 1938 as cited in Golterman
2001 and Mortimer 1941). According to this model, the release of previously bound P from
saturated sediments is an abiotic, redox-controlled process. It is well recognised that
Fe(III) reduction mediates orthophosphate flux under reduced conditions. This
phenomenon has been attributed to ‘reductive dissolution’ of phosphate adsorbed on to
Fe(III)(oxy)hydroxides, Fe(III)phosphate minerals, or Fe(III)-cemented organic colloids,
especially in neutral to acidic soils (De Mello et al. 1998; Holford and Patrick 1979;
Hesterberg et al. 2004; Ponnamperuma et al. 1967; Ponnamperuma 1972; Patrick and
Khalid 1974; Willet and Higgins 1978; Willet 1989; Young and Ross 2001). In soils of
near-neutral to alkaline conditions, Fe(II) can react with carbonates to form FeCO 3.
Similarly, calcium (Ca) present in the soil solution also can react with carbonates to form
CaCO3 as well as with P to form various forms of calcium phosphate, depending on the
equilibrium condition (Reddy and DeLaune 2008).
1.4.4 Role of microbiota
Sediment bacteria are essential for the uptake, accumulation, and release of P (Petterson
1998). Kieft et al. (1987) concluded that upon drying, passive equilibration of internal
water potential that occurs through cellular plasmolysis may lead to microbial cell death.
As a consequence, significant amounts of P can be released from the dried sediments. Qiu
and McComb (1995) estimated that air drying killed about 76% of the microbial biomass.
Sparling et al. (1985) found that the microbial contribution to NaHCO 3 extracts of dried
soils can be up to 76% and suggested that the whole of the inorganic P increase on airdrying was derived from killed microbial cells. At extreme sediment desiccation
(‘baking’), high bacterial mortality and the release of N and P through increased
mineralisation of cytoplasmic solutes have been reported (Baldwin and Mitchell 2000).

Sudden re-wetting of dried soils resulted in a release of 17 to 27% of the microbial
biomass C (Kieft et al. 1987) and a substantial increase in water extractable total P and
organic P (Turner and Haygarth 2001; Turner et al. 2002; Turner et al. 2003). Using direct
bacterial cell counting in water and tetra-sodium pyrophosphate extracts of two Australian
pasture soils, Turner et al. (2003) concluded that almost all extractable cells were lysed
following the re-wetting of dried soils. Halverson et al. (2000) examined the effects of
dilution stress on the release of intracellular solute pools from four soil bacteria and
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determined that the potential source of mineralisable C following the re -wetting of dried
soils, is the release of organic compatible solutes from the microbial community.

Heterotrophic sediment microbiota play a significant role in uptake, release, and
regeneration of sedimentary P and also in the exchange of P with the overlying water
column, facilitating organic matter decomposition and mineralisation (Baldwin et al. 1997;
Bostrom et al. 1982; Bostrom and Pettersson 1988; Fleischer 1978, 1983; Gachter et al.
1988; Gachter and Myer 1993; Jansson 1987, 1988, 1993; Roden and Edmonds 1997;
Watts 2000b). The dominant anaerobic bacterial processes that can potentially play a key
role in the release of P from reduced sediments are iron reduction, sulphate reduction, and
poly-phosphate hydrolysis (Baldwin et al. 1997; Baldwin and Mitchell 2000). Several
authors have suggested that P solubilisation under an anaerobic environment may govern
either directly by sediment iron reducing bacteria or indirectly by the sulfate reducing
bacteria (Bostrom et al. 1988; Mitchell and Baldwin 1998).

Previous studies have shown that microbial dissolution of Fe(III)(oxy)hydroxides
(Lovley et al. 1991; Lovley 1991, 1993; Roden and Edmonds 1997; Roden and Zachara
1996) has the potential to be a major pathway for organic matter decomposition in
anaerobic sediments (Lovley and Phillips 1986a, 1986b, 1988; Roden 2003). Lovely
(1991) has reported two main processes that can reduce Fe(III)(oxy)hydroxides in
sediments, namely (1) enzymatic microbial dissimilatory reduction by iron-reducing
bacteria and (2) non-enzymatic, chemical reduction by hydrogen sulfide (H 2S) formed
from microbial dissimilatory sulfate reduction (by sulfate-reducing bacteria).

In microbial dissimilatory Fe(III)(oxy)hydroxide reduction by iron-reducing bacteria,
Fe(III) is used as the terminal electron acceptor and is reduced to soluble Fe(II), organic C
being the electron donor. At redox potentials below 300 mV (vs SHE) or oxygen
concentrations below 0.1 mg l −1, Fe(III)(oxy)hydroxide is reduced to Fe(II) by bacteria,
leading to a release of orthophosphate that was adsorbed on to hydrated coatings of the
Fe(III)(oxy)hydroxide (Golterman 2004; Reddy and DeLaune 2008). Microbial
dissimilatory iron reduction leads to the simultaneous accumulation of Fe(II) and P in
anoxic pore water. Roden and Zachara (1996) concluded that the rate and the extent of
microbial iron reduction are controlled by the surface area and the site concentration of the
solid. They showed that about 20 times more amorphous Fe(III)(oxy)hydroxides than
goethite and about 50 times more goethite than hematite were reduced over a 5 -day
incubation period. Previous studies have demonstrated that soils/sediments with relatively
higher amounts of amorphous / poorly-crystalline Fe(III)(oxy)hydroxides tend to reduce
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more quickly during the early stages of anaerobic metabolism following the onset of
anoxia which was attributed to a greater reactive surface size density of amorphous phases
compared to crystalline phases (Lovely 1991; Lovley and Phillips 1987; Roden 2003;
Zachara et al. 2001). For example, ferrihydrite, a reactive and poorly-crystalline
Fe(III)(oxy)hydroxide, is widely considered to be the most bioavailable iron phase for the
respiration of iron-reducing bacteria due to the high solubility, high redox potential, and
large surface area (Cornell and Schwertmann 2003; Lovley and Phillips 1986a; Roden and
Zachara 1996). However, crystalline iron mineral phases in waterlogged sediments might
partly be transformed to amorphous / poorly-crystalline phases, proposed to be a
prerequisite for the microbial reduction of Fe(III) in crystalline Fe(III)(oxy) -hydroxides
(Wahid and Kamalam 1993). Conversely, other studies have shown the bio-reduction of
crystalline Fe(III)(oxy)hydroxides in soils where crystalline phases are more abundant than
amorphous phases (Roden and Zachara 1996; Roden and Urrutia 2002).
Sulfate reducing bacteria use sulfate (SO 42-) as the terminal electron accepter to produce
H2S which is a strong-enough reductant to reduce Fe(III)(oxy)hydroxides to Fe(II), with
concurrent orthophosphate release (Bostrom et al. 1988; Baldwin and Mitchell 2000).
Hence, SO42- reduction does not itself release P, but it indirectly promotes P mobilisation.
In fact, it has been shown that SO 42- has a double effect on the P cycle via reactions with
Fe. First, Fe(III)(oxy)hydroxides are effectively reduced by sulphide (S 2-) formed as H2S in
microbial SO42- reduction (Roden and Edmonds 1997). Second, dissolved Fe(II) can be
quickly and effectively removed from pore waters by precipitation of solid FeS and FeS 2 in
the presence of excess H 2S formed in SO 42- reduction. Co-precipitation of Fe and S leads to
permanent burial of FeS minerals. As a consequence, the upward flux of dissolved Fe(II) is
decreased, thereby reducing or preventing the reformation of an Fe(III)(oxy)hydroxide -rich
surface layer which is able to adsorb orthophosphate efficiently. On the other hand, the
reduction of Fe(III)(oxy)hydroxides is favoured by the formation of insoluble FeS and
FeS2 (2 FeO(OH) + 3 H 2S → 2 FeS + S + 4 H 2O). This indirectly increases the potential
release of orthophosphate from Fe(III)(oxy)hydroxides (Bostrom et al. 1988; Baldwin and
Mitchell 2000; Canfield et al. 1993; Jensen et al. 1995; Lovely 1991; Roden and Edmonds
1997).

In microbial cells, inorganic polyphosphate plays a significant role in increasing cell
resistance to unfavourable environmental conditions and in regulating different
biochemical processes (Kulaev and Kulakovskaya 2000). It is widely accepted that bacteria
(facultative anaerobic) can accumulate and store orthophosphate as polyphosphates under
aerobic conditions with abundant orthophosphate and organic C substrates (‘luxury
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uptake’). Also they can hydrolyse and release polyphosphates under anaerobic conditions
as orthophosphate (Davelaar 1993; Golterman et al. 1998; Gachter et al. 1988; Gachter and
Myer 1993; Wentzel et al. 1986). Under anaerobic conditions, when O 2 and NO3- are not
available as electron acceptors, a decreased ATP:ADP ratio, due to lack of oxidative
phosphorylation, stimulates ATP production via hydrolysis of stored polyphosphates.
Eventually, orthophosphate that has accumulated intracellularly due to ATP hydrolysis is
transported out of the cells (Gachter et al. 1988; Wentzel et al. 1986).

The effect of soil and sediment desiccation on bacterially mediated P release has
received much less attention (Baldwin and Mitchell 2000; Baldwin et al. 2000; Mitchell
and Baldwin 1998). Mitchell and Baldwin (1998) found that the potential for anaerobic
release of P from desiccated sediments was substantially lower than that of non -desiccated
sediments and this was partly attributed to ‘loss of viable sulfate-reducing bacteria’.
Further, they reported that obligate anaerobic bacteria (iron and sulfur reducing bact eria)
may be killed or form resting stages during extended period of drying. The loss of obligate
anaerobic microbes inhibits the reduction of Fe(III)(oxy)hydroxides and sulfate.
Consequently, phosphate remains adsorbed onto Fe(III) mineral phases (Baldwin and
Mitchell 2000).

1.5 Directions for this research
1.5.1 Environmental significance
The sediments of freshwater wetlands can function as nutrient sinks that efficiently remove
orthophosphate from the water column and store P in sedimentary forms, thereby reducing
the potential for eutrophication (Olde Venterink 2003). However, they can periodically
function as a source of P to the surrounding water bodies, particularly under anoxic
conditions (Carlyle and Hill 2001). Therefore, sediments may act as both a source and a
sink of dissolved P in many aquatic systems that depend on sediment physico -chemical
properties and limnological conditions (Bostrom et al. 1988; Surridge et al. 2007).

There is considerable evidence that hydrological changes have strong and long-lasting
impacts on the biogeochemical cycling of P. However, the effects of drought periods and
subsequent wet periods on floodplain-ecosystem processes are poorly understood (Baldwin
and Mitchell 2000; Bond et al. 2008; Kingsford 2006). In particular, little is known about
the effects of drying and subsequent re-flooding of soils and sediments on mobilisation of
different P species to the overlying water column. Equally, the relative distribution of
various P pools, their stability, and mineralogical transformations remain major areas of
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uncertainty. Further, we do not fully understand the consequences of long-term artificial
drought regimes (i.e., due to river regulation) as distinct from seasonal droughts in terms
of a wetland ecosystem disturbance. Understanding and quantifying the rate of P release
from floodplain soils will help elucidate their function in fluvial systems and identify
potential ecological risks of re-flooding (e.g., eutrophication). The work presented in this
thesis has important implications for wetland and environmental water management.

1.5.2 This thesis
In this thesis, four experimental chapters were designed to build a greater understanding of
the underlying processes and mechanisms responsible for the changes in biogeochemistry
of phosphorus in wetland soils and sediments subjected to different hydrological regimes. I
extended the research to characterise the changes in Fe-oxide mineralogy during
desiccation, storage, and re-flooding—conditions that are designed to simulate natural
drying and flooding events. The changes in local structure of Fe-oxide minerals were
characterised using synchrotron-based Extended X-ray Absorption Fine Structure
(EXAFS) Spectroscopy at the Fe K-edge.

In Chapter 2, I present a field investigation of P dynamics, conducted for the purpose of
generating research hypotheses and providing a context for the remaining chapters. In this
chapter, I report on a nutrient release experiment (a laboratory microcosm study)
conducted on soil collected from Yanga National Park (New South Wales, Australia) in
order to understand the impact of different hydrological regimes on P bio-availability. This
space-for-time study provides some preliminary data on the effects of desiccation time on
P and metal (Fe and Mn) speciation in wetland soils.

In Chapter 3, I examine how sediment P parameters change as a result of varying
degrees of drying using a controlled laboratory drying experiment where sediments were
heated at temperatures in the range of 30 to 85 °C. In this chapter, I evaluate the impact of
the severity of sediment drying process on different P fractions, Fe speciation, and P
sorption behaviour. At the time of sampling, the original study site at Yanga National Park
was inaccessible due to extensive floodwaters and damaged infrastructure (roads).
Therefore, I conducted this study, as well as the studies described in the subsequent
chapters, on a different wetland sediment, collected from a low-land floodplain of the
Kiewa River (Victoria, Australia).

In Chapter 4, I report on my re-analysis of the laboratory dried sediments (Chapter 3)
stored at room temperature (20 0C) on the laboratory bench top for six months (ambient
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dry-storage) to see whether the changes induced by desiccation (Chapter 3) persisted after
six months from the initial sampling date.

In Chapter 5, I analyse P and Fe speciation changes upon re-flooding, using laboratory
incubation experiments. In this chapter, I describe laboratory experiments that examined
changes in P and Fe speciation in the water column and in the re-flooded sediments that
had previously been dried under different temperature regimes (Chapter 3).

Chapter 6 contains a summary of the main findings of this study. In that chapter, I
further discuss the major conclusions that emerge from my experiments and identify
directions for future research.
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Chapter 2
Impact of Extended Drought on Phosphorus Speciation and
Dynamics in Forested Floodplain-Wetland Soils
2.1 Introduction
It has long been recognised that drying of soils can result in a flush of nutrients upon rewetting, the so-called Birch effect (Birch 1958, 1959, 1960; Jager and Bruins 1975;
Soulides and Allison 1961). This nutrient flush (mainly phosphorus and nitrogen) was
thought to originate primarily from the microbial biomass that had died during the drying
process and from the drying-induced destruction and subsequent hydrolysis/mineralisation
of organic matter through stimulated microbial activity on re-wetting (Frierer and
Schimmel 2002; Mitchell and Baldwin 1998; Qiu and McComb 1994; Soulides and Allison
1961). Moreover, changes in phosphorus speciation due to drying have been reported in the
studies of soils and sediments (Baldwin 1996a; Peltovuori and Soinne 2005; Twinch 1987).
Additionally, several authors have suggested that sediment drying may cause an increased
crystallinity of Fe(III)(oxy)hydroxide mineral phases resulting in decreased P sorption
capacity (Baldwin 1996a; Lijklema 1980; McLaughlin et al. 1981). This in turn has
important implications for the orthophosphate concentration in the overlying water column
upon re-flooding.

It is obvious that drying and re-flooding can potentially play a crucial role in the
cycling of nutrients in floodplain-wetland environments. Nevertheless, there are
surprisingly few studies on phosphorus dynamics in natural floodplain wetlands. We lack a
basic understanding of the underlying processes and mechanisms responsible for the
changes in nutrient behaviour during drawdown and re-flooding of floodplain-wetland
soils and sediments (Baldwin and Mitchell 2000; McComb and Qiu 1998). This is
especially true of extremes in climate, in particular prolonged periods of drought.

South-eastern Australia experienced an extreme period of below-average rainfall
(climatic drought) from about 1996 until 2010. In floodplain ecosystems, the effect of
drought was made worse by river regulation. River regulation has reduced the frequency,
extent, and duration of inundation worldwide. This study explores how extended periods of
drought affect P dynamics in floodplain soils using a space-for-time study design. Fe and
Mn speciation, reactive P speciation, and orthophosphate release dynamics on re-flooding
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were examined across a time-since-last-flood chronosequence in Yanga National Park near
Balranald in south-western New South Wales.

2.2 Materials and methods
2.2.1 Study site
The study was conducted on soils collected from the river red gum (Eucalyptus
camaldulensis Dehnh.) forest of Yanga National Park (YNP; 66, 000 hectares) on the
lower reach of the Murrumbidgee River near Balranald in the southern Murray Darling
Basin, NSW (34039’S, 143035’E). YNP has a semi-arid climate with low rainfall, very hot
summers and cold winters. The highest daily temperature has been recorded at 47.7 0C
(summer maximum) while the lowest was –4.8 0C (winter minimum). The average annual
rainfall is 324.6 mm. The average weather parameters are shown in Appendices 2.1 and
2.2. The lower Murrumbidgee floodplain area, including YNP, received well below
average rainfall for 10 of the 15 years prior to this study (Bureau of Meteorology 2010).
YNP experiences natural flooding or inundation during high flows in the Murrumbidgee
River. However, at the time of this study, YNP had not experienced natural overbank flows
since 1997 (Wen et al. 2009). Between 1997 and 2010, the Park has received a series of
targeted environmental water deliveries through regulators in 2000, 2005, 2008 , and 2009,
creating a mosaic of flood histories throughout the Park (Wen et al. 2011a).

2.2.2 Study design
The mosaic of flood histories allowed me to use a space-for-time substitution approach to
assess long-term changes in P dynamics as a function of time-since-last-flood. Following a
similar sampling strategy to that undertaken to explore carbon (C) dynamics in the Park
(Baldwin et al. 2013), four different inter-flood periods (inundated at the time of sampling,
2 years, 4 years, and 9 years since the last flood event) were achieved by sampling 30 sites
from 10 locations at four different regions (Shaws, Avenue, Levee, and South Park) within
the park. See Figures 2.1 and 2.2. Locations were defined by the date of the most recent
flood or watering event. In most instances, the flooding boundary was identified withi n
centimetres to meters. Thus the locations were in close proximity. Sites were selected from
similar landforms and sampled at multiple times, providing a finer-scale response within
the space-for-time design. The flood histories at different locations are listed in Table 2.1.

25

Figure 2.1 Sampling regions (top) and flooding manipulation (bottom) within Yanga
National Park.
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Shaws

Precision of
flood
boundary

Avenue

Shaws

Shaws

Avenue

Avenue

2008

2005

2009

2005

± 10 cm

± 10 cm

Levee
Fence
2009

Pipe
2009

Levee
2005

Levee
2000
~ 2 km
±5m

South Park
Sth Park
10 m

Sth Park

2005

Region
Location

2000
Sampling sites

Triplicate
soil
samples

± 50 m

Figure 2.2 Schematic diagram of the space-for-time experimental design (four
different inter-flood periods ranging from presently flooded to nearly 9 years since
last flooding were achieved by sampling 30 sites from 10 locations at four different
regions within Yanga National Park: Shaws, Avenue, Levee, and South Park.
Inundated at the sampling,

2 years since last flood,

9 years since last flood).
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4 years since last flood,

Table 2.1 Flood histories at different locations within Yanga National Park

Sampling region
Location

Flood history

Shaws

Avenue

Shaws Shaws

Levee

South Park

Avenue

Avenue

Fence

Pipe

Levee

Levee

Sth Park

Sth Park

2008

2005

2009

2005

2009

2009

2005

2000

2005

2000

2000

2000

2000

2000

2000

2000

2000

2000

2000

2000

2005

2005

2005

2005

2005

2005

2005

2009

2009

2008

2008

2005

2009
Date of last flooding

2008

2005

2009

2005

2009

2009

2005

2000

2005

2000

Date of sampling

2009

2009

2009

2009

2009

2009

2009

2009

2009

2009

Time-since-lastflood (years)

2

4

0
(inundated)

4

4

9

4

9

0
0
(inundated) (inundated)
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2.2.3 Soil collection and sample preparation
At each site, 3 replicate bulk soil samples from within a 10 m radius were collected to a depth
of 5 cm from within a 0.3 m × 0.3 m quadrat. The total number of samples was 90: three
replicates × 30 sampling sites. The soils were air dried, gently crushed, and passed through a
2 mm sieve to remove debris and coarse fragments. The fine soil fractions (≤ 2 mm) were
stored in polythene sealer bags for later analysis of particle size, water holding capacity,
organic matter content (LOI%), soil pH, soil metal species, and P forms. Adjacent to the
quadrat, core samples (4 cm diameter, 5 cm depth) were taken from the top soil for the
analysis of gravimetric soil moisture and bulk density. These cores were kept at 4 0C until
they were weighed. For the nutrient release experiment, separate soil samples were randomly
collected at each sampling site (5 cm depth) and immediately placed into individual widemouthed one-litre HDPE containers (100 g dry soil and 150 g flooded soils).

2.2.4 Physico-chemical properties
The following experimental methods were used to determine the selected soil physicochemical properties:



Percent soil moisture content was determined gravimetrically by oven drying about
10 g of core samples to a constant weight at 105 0C (Gardner 1965).



Soil water holding capacity was determined using a similar method to that
described in Ilstedt et al. (2000). Soil was added to a cylinder (diameter 30 mm x
height 40 mm) with 50 µm mesh on the bottom and submerged for 12 hours. The
soil was drained for 1 hour, emptied into a container, and the gravimetric water
content was then determined.



Bulk density was determined using the core method (Blake and Hartage 1986) by
drying the core samples to a constant weight in an oven at 105 0C and expressed as
mass of dry soil per unit volume of moist soil.



Soil particle size analysis was conducted to determine the percentages of sand and
silt plus clay, using the hydrometer method (Grimshaw 1989). The sample was
treated with sodium hexametaphosphate to disperse soil particles so that they
would settle individually rather than as aggregates. The density of the soil
suspension was determined with a hydrometer after the sand settled out and again
after the silt and clay had settled.
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Organic matter content was determined as loss on ignition (LOI%) by recording the
weight after heating at 550 0C for 2 hours in a muffle furnace (Carbolite), less the
weight of the sample after drying at 105 0C for 24 hours in a thermocenter analytic
oven (Nelson and Sommers 1996).



Soil pH was determined by a pH electrode in 1:2 slurry of soil/deionised water
following a 10 minute equilibration period (Axt and Walbridge 1999).

2.2.5 Fe and Mn speciation
Metal speciation was carried out in triplicate and blanks that contained water but no soil
were run throughout (Table 2.2). Two separate analyses were conducted for Fe and Mn
speciation: (1) sequential oxalate and then citrate-bicarbonate-dithionite, and (2) extraction
with pyrophosphate. The sequential extraction with oxalate and citrate-bicarbonatedithionite was based on the method proposed by Chen and He (1988), as cited in Zhang et
al. (2003) with certain modifications. Soils were first washed with MQ water and treated
with hydrogen peroxide to remove soluble salts and organic matter (Kunze and Dixon
1986), and then air dried. One g of soil (dry weight) and 40 ml of 0.2 M NH 4 -oxalate (pH
3.2) in 50 ml acid-washed centrifuge tubes were shaken on an orbital shaker (BIO LINE,
30-200 speed) for 4 hours in the dark at 20 ± 1 0C. The tubes were then centrifuged (3,500
rpm, 10 min, 5 0C) (Allegra X-15R Beckman Coulter) and the supernatants filtered through
0.45 µm cellulose-acetate membranes (Millipore™) and frozen until analysis. The residual
soil was washed with 20 ml of 1 M NaCl then extracted twice with 20 ml of 0.3 M Na citrate + 2.5 ml of 1 M NaHCO 3 + 0.5 g of Na-dithionite (pH 7.6) in a water bath at 80 0C
for 15 minutes. The tubes were centrifuged and the supernatants filtered. The residual soil
was then washed as above. The supernatants were filtered then combined and frozen until
analysed.

Pyrophosphate extraction of Fe and Mn was conducted as previously proposed by Wada
and Higashi (1976) with certain modifications. Samples containing 0.5 g (dry weight) of
soil and 25 ml of 0.1 M Na 4P2O7 (pH 10) in 50 ml acid-washed centrifuge tubes were
shaken on an orbital shaker (BIO LINE) for 16 hours in the dark at 20 ± 1 0C. The tubes
were then centrifuged (3,500 rpm, 10 min, 5 0C) (Allegra X-15R Beckman Coulter) and the
supernatants filtered through 0.45 µm cellulose-acetate membranes (Millipore™) and
frozen until analysed. Fe and Mn in solution were measured by fast sequential atomic
absorption spectroscopy (Varian AA240FS) using standard methods.
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Table 2.2 Target metal species in this study
Extractant
Step I
0.2 M [(NH4)2C2O4.H2O]
(pH 3.2)

Target phase

Metal species

Amorphous / poorlycrystalline Fe and Mn

FeOx, MnOx

Step II
0.3 M Na 3-Citrate
1.0 M NaHCO3
1.0 g Na2S2 O4
(pH 7.6)

Crystalline Fe and Mn

FeCBD, MnCBD

0.1M Na 4P2O7
(pH 10)

Fe and Mn associated
with organic matter

Fepyro, Mnpyro

2.2.6 Soluble reactive phosphorus speciation
Samples passed through 0.45µm cellulose-acetate membranes (Millipore™) comprised the
dissolved or soluble fraction. The reactive P in the soluble fraction, measured using the
molybdate method (reactive to molybdate), is operationally defined as soluble reactive P
(srP) (Haygarth and Sharpley 2000; Leinweber et al. 2002). Soluble reactive P speciation
was determined by sequential extraction using a modified version of the SEDEX scheme
(Baldwin 1996b) with some minor adaptations. Refer to Table 2.3. Sequential fractionation
involves a series of successive chemical extractions, each targeting a different P species.
The original SEDEX scheme first developed by Ruttenberg (1992) was modified by
Baldwin (1996b) in order to suit Australian fresh water sediments which have shown to be
rich in organics and low in ‘apatite’ (Ca 5(PO4)3(OH,Cl,F)). In the modified version, an
additional step (1M NaHCO 3) was incorporated before the citrate-bicarbonate-dithionite
leach in order to remove organics, presumably humic substances. Also, the sodium acetate
extractant (supposedly removing apatite P) used in the original method was replaced with 1
M NaOH which presumably extracts Al-bound P.

Soluble reactive P (srP) speciation was carried out in triplicate, and blanks that
contained water but no soil were run throughout. Well-mixed soil samples (0.5 g dry
weight) were placed into 50 ml acid-washed centrifuge tubes (polypropelene) for
extraction.
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Table 2.3 Target phosphorus species in the SEDEX scheme
Step

Extractant

Target phase (Operationally defined)

P species

I

1.0 M MgCl 2

Exchangeable /
loosely sorbed P

MgCl2 srP

II

1.0 M NaHCO3

Reactive P associated
with labile organic matter

NaHCO3 srP

III

0.3 M Na3-Citrate
1.0 M NaHCO3
0.56 g Na2S2 O4

Easily reducible /
reactive P associated
with Fe or Mn

CBD srP

IV

1.0 M NaOH

Reactive P associated
with Al

NaOH srP

V

1.0 M HCl

Reactive P associated
with Ca (‘apatite’)

HCl srP

VI

Ashed at 550 0C
Extract with
1.0 M HCl

Refractory organic P

HCl-ash srP

Note: The contents of this table are based on material from Ruttenberg (1992)
as modified by Baldwin (1996b).

For each extraction step, 25 ml of extractant solution was added to the tubes and the
tubes shaken on an orbital shaker (BIO LINE, 30-200 rpm ) for 16 hours in the dark at 20 ±
1 0C. The tubes were then centrifuged (10, 000 rpm; 20 min; 5 0C) (Beckman Avanti) and
the supernatant filtered through 0.45 µm cellulose-acetate membranes (Millipore™). As
proposed by Ruttenberg (1992), each principal extractant in steps I, II, III, and IV of the
sequence was followed by successive MgCl 2 and H2O washes in order to prevent problems
associated with secondary adsorption onto residual solid surfaces.

For all extraction steps, except the citrate-bicarbonate-dithionite (CBD), soluble
reactive P released into solution was measured by the ascorbic acid method (APHA 1998),
immediately after extraction. Where necessary, the supernatant solutions were neutrali sed
with either 18 M H 2SO4 or 10 M NaOH to either methyl red (1 M NaHCO 3 and 1 M HCl)
or phenolphthalene (1 M NaOH) end points prior to analysis. Soluble reactive P in citratebicarbonate-dithionite extracts was determined using the isobutyl alcohol method
(Watanabe and Olsen 1962) after first diluting the supernatant by 1 in 10 with Milli -Q
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(Millipore- SuperQ) water to overcome interferences. Sample absorbance was detected on
an UV/Vis spectrophotometer (Cary Varian 1E) at 880 nm in 2.5 cm quartz cuvettes.

2.2.7 Orthophosphate release experiment
All soil samples collected for the orthophosphate release experiment were air dried for 2–3
weeks until a constant weight was recorded. Following air drying, laboratory microcosms
were established by combining 100 g of soil (dry weight) and 600 ml of Milli-Q water
(adjusted to a conductivity of 300 µS/cm with NaCl) in one-litre HDPE containers. The
microcosms were sealed with aluminium foil and kept in the dark at 20 0C for the duration
of the experiment. Blanks that contained water but no soil were also included. The
overlying water in each microcosm was sampled immediately upon filling (0 days) and
then at 1, 2, 5, 8, 15, and 29 days. Sampling was done by carefully inserting a 20 ml plastic
syringe fitted with a large-bore needle midway between the soil surface and the top of the
water column. Water samples were filtered through 0.45 μm cellulose-acetate membranes
(Millipore™) and then immediately frozen for later analysis of orthophosphate. The water
column level was maintained after sampling by carefully injecting ~ 20 ml of Milli-Q
water (adjusted to a conductivity of 300 µS/cm with NaCl) into each microcosm. Sampling
in the same location in the water column minimises the potential confounding effect of
concentration gradients in the unstirred microcosms. To minimise disturbance effects on
the redox interface, flooded microcosms were never stirred.

Orthophosphate was determined using ion chromatography (Metrohm761). The
separation system used was a 150 mm Metrosep® A Supp 5 column with an (isocratic)
eluant containing 1 mmolar NaHCO 3, 3.2 mmolar Na 2CO3, and 2% acetone.
Evaluation of orthophosphate release kinetics
The net amount of orthophosphate (o-P) released in solution was defined as the difference
between o-P released into the overlying water column on a given sampling day, compared
with that released at day 0. The initial rate of release (υ 0) (mg P kg-1 day-1) was taken to be
the net o-P concentration in the water column after 1 day. The release of o-P over the first
5 days was modelled using a first-order rate model, shown in the equation:
[PO4-3] = [PO4-3] max(1 - e-kt)
where [PO4-3] max is the maximum o-P concentration measured in the water, k is the firstorder rate constant (d -1), and t is sampling time (d). The goodness of fit of each kinetic

33

equation was evaluated according to its coefficient of determination (R 2) and the standard
errors of estimate (S.E.).

2.2.8 Statistical analysis
All statistical tests and curve fitting were performed using SPSS version 21, PRIMER v6,
and KaleidaGraph (Synergy Software, USA). All samples were assessed for normality
using the Shapiro-Wilk test (Shapiro and Wilk 1965) and for homogeneity of variance
using the Levene’s test (Levene 1960). General descriptive and exploratory statistics were
used to describe the data. Analysis of similarity (ANOSIM), the multivariate analogue of
ANOVA, was used to determine the significant effects of different drying regimes on soil
P and metal speciation. Fe Ox, MnOx, FeCBD , MnCBD, and SEDEX srP data were included as
percentages of total Fe, Mn, or srP extracted. Only pyrophosphate data were included as
absolute values (Fe pyro and Mnpyro). Drying regime was handled in terms of the time-sincelast-flood: 0 years (inundated), 2 years, 4 years, and 9 years. ANOSIM results were
primarily reported as a global R statistic, along with a p value. When the global R statistic
was much larger than any of the default 999 permutated values calculated, it resulted in a
significance level of p < 0.001 (Clarke and Warwick 2001). The identified relationships
were further investigated using one-way ANOVAs coupled with Tukey’s HSD post hoc
tests. The one-way ANOVA is an omnibus test statistic that compares two or more groups.
It does not indicate which specific groups are significantly different from each other, only
that at least two groups differ. Since there are four groups compared in terms of the timesince-last-flood (0, 2, 4, and 9 years), determining which of these groups differ from each
other can be analysed using Tukey’s HSD post hoc tests.

2.3 Results
2.3.1 Overview of physico-chemical properties
As shown in Table 2.4, the mean sand content varied from 28 ± 10% to 54 ± 5% across the
study area, consistent with clay to sandy-clay soil texture. The lowest sand (28 ± 10%) was
measured in Shaws region, with higher proportions found at Avenue, Levee, and South
Park regions. At the time of sampling, some of the sampling sites were inundated ;
therefore, relatively higher values for gravimetric soil moisture contents (GSM) were
recorded. Water holding capacity (WHC) ranged from 37 ± 1% to 42 ± 3% and was higher
in recently flooded sites. Shaws 2008 had the highest LOI% (12.7 ± 2.2%), and South Park
2000 had the lowest (6.7 ±1.4%). Soil pH varied from 5.7 ± 0.1 to 7.0 ± 0.7 across the
study area, indicating a slightly acidic-neutral nature. Bulk density (BD) ranged from 0.68
± 0.21 g cm-3 to 0.89 ± 0.07 g cm-3 across the sampling regions.
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Table 2.4 Soil bulk properties (mean ± 1SD) of different locations within Yanga National Park (n = 9 for each location)

Location

Time-since
-last-flood
(years)

Silt &
clay %

Sand
%

GSM
%

WHC
%

BD
(gcm-3)

LOI
%

pH

Fence 2009

Inundated

55.4 ± 6.1

44.6 ± 6.1

26.0 ± 2.4

41.9 ± 2.7

0.77 ± 0.16

10.6 ± 3.2

6.1 ± 0.3

Pipe 2009

Inundated

51.7 ± 3.7

48.3 ± 3.7

24.8 ± 2.0

39.9 ± 1.4

0.76 ± 0.09

8.9 ± 1.5

6.3 ± 0.3

Avenue 2009

Inundated

62.1 ± 4.7

37.9 ± 4.7

37.6 ± 5.3

41.6 ± 3.9

0.78 ± 0.14

9.3 ± 2.0

6.1 ± 0.2

Shaws 2008

2

71.8 ± 5.5

28.2 ± 5.5

10.0 ± 2.3

41.9 ± 2.2

0.68 ± 0.21

12.7 ± 2.2

5.7 ± 0.1

Avenue 2005

4

59.5 ± 5.0

40.5 ± 5.0

7.5 ± 1.3

38.2 ± 1.6

0.89 ± 0.07

7.9 ± 2.1

7.0 ± 0.7

Shaws 2005

4

72.0 ± 9.6

28.0 ± 9.6

7.1 ± 0.9

40.1 ± 2.1

0.76 ± 0.08

10.4 ± 1.1

6.0 ± 0.2

Levee 2005

4

48.5 ± 6.5

51.5 ± 6.5

6.6 ± 0.9

37.7 ± 1.6

0.79 ± 0.17

10.1 ± 2.8

6.6 ± 0.1

Sth Park 2005

4

48.6 ± 5.3

51.4 ± 5.3

5.7 ± 1.0

40.0 ± 2.4

0.81 ± 0.17

9.3 ± 1.8

5.9 ± 0.2

Levee 2000

9

46.1 ± 5.1

53.9 ± 5.1

6.3 ± 1.6

37.3 ± 1.4

0.82 ± 0.09

8.6 ± 3.7

6.3 ± 0.3

Sth Park 2000

9

55.9 ± 7.8

44.1 ± 7.8

5.6 ± 0.8

38.2 ± 1.9

0.87 ± 0.16

6.7 ±1.4

6.5 ± 0.4

Note: GSM = gravimetric soil moisture, WHC = water holding capacity, BD = bulk density, LOI% = organic matter content.
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2.3.2 Effects of time-since-last-flood on soil Fe and Mn speciation
Overall, when considered as a group (Fepyro, Mnpyro, FeOx, MnOx, FeCBD and MnCBD), the timesince-last-flood (TSF) had a significant effect on Fe and Mn speciation (ANOSIM: Global
R = 0.813, p < 0.001, N = 90). Pairwise comparisons showed significant differences
between all four drying regimes. Refer to Table 2.5. The major differences in metal
speciation were found between TSF = 0 and TSF = 9, as well as between TSF = 2 and
TSF = 9. The R statistic for TSF = 2 and TSF = 4 was substantially lower than for the other
combinations, indicating the Fe and Mn speciation in these sites were the most similar.

Table 2.5 Pairwise comparisons (one-way ANOSIM) for the soil metal
speciation across four different drying regimes at Yanga National Park
Groups

R
statistic

p
value

Possible
permutations

Actual
permutations

Inundated, 2 years

0.849

0.001

Large number

999

Inundated, 4 years

0.786

0.001

Large number

999

Inundated, 9 years

0.924

0.001

Large number

999

2 years, 4 years

0.371

0.001

Large number

999

2 years, 9 years

0.972

0.001

Large number

999

4 years, 9 years

0.737

0.001

Large number

999

One-way ANOVAs revealed that the distribution of the metal species was significantly
affected by different drying regimes. Significant changes in the distribution of individual
metal species with the time since the last flood event were further investigated using Tukey
HSD post hoc comparisons. These are shown in Table 2.6. There was a substantial
decrease in Fe pyro with increased period of post flooding, F (9, 80) = 51, p < 0.001 (Table
2.6a). In contrast to Fe pyro, a significant increase in Mn pyro was identified, F (9, 80) = 20,
p < 0.001 (Table 2.6b), particularly under long-term drought periods. Overall, there were
significant decreases in FeOx, F (9, 80) = 62, p < 0.001 (Table 2.6c) and in Mn Ox, F (9, 80)
= 29, p < 0.001 (Table 2.6e) but significant increases in Fe CBD, F (9, 80) = 62, p < 0.001
(Table 2.6d) and in Mn CBD, F (9, 80) = 29, p < 0.001 (Table 2.6f) under an extended period
of drying.
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Table 2.6 Soil Fe and Mn species (mean ± 1SD) and the significant effects of timesince-last-flood on metal speciation (Tukey HSD post hoc test)
(a)
Time-since
-last-flood
(years)

Fepyro
(mg Fe/kg soil -1)

0

11223 ± 849

2

8360 ± 690

4

5960 ± 1206

9

4942 ± 1397

0

2

4

9

***

***

***

***

***
**

(b)
Time-since
-last-flood
(years)

Mnpyro
(mg Fe/kg soil -1)

0

54 ± 23

2

82 ± 18

4

92 ± 42

9

123 ± 46

Time-since
-last-flood
(years)

FeOx % of total
Fe{FeOx+FeCBD}

0

2

ns

4

9

ns

***

ns

ns
*

(c)

0

44.0 ± 1.2

2

48.4 ± 1.0

4

43.2 ± 2.4

9

35.9 ± 2.3

0

2

4

9

***

ns

***

***

***
***

Note: 0 = inundated at the sampling, 2 = 2 years since last flood, 4 = 4
years since last flood, 9 = 9 years since last flood, ns = non-significant,
significant difference at *p < 0.05, **p < 0.01, ***p < 0.001, increase
or decrease

in metals with time-since-last-flood.
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(d)
Time-since
-last-flood
(years)

FeCBD % of total
Fe{FeOx+FeCBD}

0

55.8 ± 1.0

2

51.7 ± 1.0

4

56.8 ± 2.4

9

62.1 ± 2.0

0

2

***

4

9

ns

***

***

***
***

(e)
Time-since
-last-flood
(years)

MnOx % of total
Mn{MnOx+MnCBD}

0

46.7 ± 2.4

2

50.1 ± 1.0

4

50.9 ± 1.3

9

47.6 ± 2.1

0

2

4

9

***

***

ns

ns

**
***

(f)
Time-since
-last-flood
(years)

MnCBD % of total
Mn{MnOx+MnCBD}

0

52.5 ± 1.1

2

49.9 ± 1.0

4

49.2 ± 1.6

9

52.7 ± 1.8

0

2

**

4

9

***

ns

ns

***
***

Note: 0 = inundated at the sampling, 2 = 2 years since last flood, 4 = 4
years since last flood, 9 = 9 years since last flood, ns = non-significant,
significant difference at **p < 0.01, ***p < 0.001, increase
in metals with time-since-last-flood.
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or decrease

2.3.3 Effects of time-since-last-flood on reactive phosphorus speciation
One-way ANOSIM showed that there was a significant effect of time-since-last-flood on
overall P speciation (global R = 0.88, p < 0.001, N = 90). Pairwise comparisons showed
that there was a significant difference between TSF = 0 and TSF = 2 ( R = 0.90), as well as
between TSF = 0 and TSF = 9 (R = 0.90). There was also a slightly weaker interaction
between TSF = 2 and TSF = 9 (R = 0.39). Similarly, one-way ANOVAs revealed
significant differences between srP fractions with time-since-last-flood. Tukey-HSD post
hoc testing indicated that time-since-last-flood did not substantially affect HCl srP, but it
did affect MgCl 2 srP, NaHCO3 srP, CBD srP, NaOH srP, and HCl-ash srP. See Table 2.7.
There was a significant increase in MgCl 2 srP, F (9, 80) = 35, p < 0.001 (Table 2.7a) and
NaHCO3 srP, F (9, 80) = 63, p < 0.001 (Table 2.7b), and a decrease in CBD srP, F (9, 80)
= 182, p < 0.001 (Table 2.7c) and NaOH srP, F (9, 80) = 53, p < 0.001 (Table 2.7d) when
the soils were subjected to an extended period of in-situ desiccation. Moreover, when
compared with the dried soils, there were higher levels of HCl-ash srP measured in the
inundated soils, F (9, 80) = 47, p < 0.001 (Table 2.7f).

Table 2.7 Soluble reactive P species (mean ± 1SD) and the significant effects of timesince-last-flood on reactive P speciation (Tukey HSD post hoc test)

(a)
Time-since
-last-flood
(years)

MgCl 2 srP %

0

5.9 ± 0.7

2

7.5 ± 1.4

4

7.3 ± 2.3

9

10.8 ± 2.3

0

2

4

9

ns

ns

***

ns

**
***

Note: 0 = inundated at the sampling, 2 = 2 years since last flooding,
4 = 4 years since last flooding, 9 = 9 years since last flooding, ns =
non-significant, significant difference at **p < 0.01, ***p < 0.001,
increase

or decrease

in srP with time-since-last-flood.
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(b)
Time-since
-last-flood
(years)

NaHCO3 srP %

0

13.4 ± 1.4

2

23.5 ± 3.2

4

20.7 ± 7.7

9

27.7 ± 4.4

Time-since
-last-flood
(years)

CBD srP %

0

61.2 ± 2.9

2

48.2 ± 2.2

4

58.3 ± 10.1

9

44.6 ± 5.7

Time-since
-last-flood
(years)

NaOH srP %

0

19.1 ± 1.8

2

20.0 ± 2.6

4

13.3 ± 2.2

9

16.2 ± 3.9

0

2

4

9

**

**

***

ns

ns
***

(c)
0

2

**

4

9

ns

***

**

ns
***

(d)
0

2

ns

4

9

***

ns

***

**
**

Note: 0 = inundated at the sampling, 2 = 2 years since last flooding,
4 = 4 years since last flooding, 9 = 9 years since last flooding, ns =
non-significant, significant difference at **p < 0.01, ***p < 0.001,
increase

or decrease

in srP with time-since-last-flood.
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(e)
Time-since
-last-flood
(years)

HCl srP %

0

0.41 ± 0.04

2

0.47 ± 0.03

4

0.33 ± 0.11

9

0.34 ± 0.12

Time-since
-last-flood
(years)

HCl-ash srP %

0

0.44 ± 0.06

2

0.23 ± 0.09

4

0.23 ± 0.12

9

0.21 ± 0.05

0

2

ns

4

9

ns

ns

**

*
ns

(f)
0

2

4

9

***

***

***

ns

ns
ns

Note: 0 = inundated at the sampling, 2 = 2 years since last flooding,
4 = 4 years since last flooding, 9 = 9 years since last flooding, ns =
non-significant, significant difference at **p < 0.01, ***p < 0.001,
increase

or decrease

in srP with time-since-last-flood.

2.3.4 Effects of time-since-last-flood on orthophosphate release
The release of orthophosphate after re-wetting of air-dried soils is shown in Figure 2.3. In
all of the re-wetting microcosm experiments, there was a rapid initial orthophosphate
release upon inundation, after which the release rates slowed. For most soils, the orthophosphate levels remained stable toward the end of the incubation. In general, air-dried
soils from sites that had been inundated at the time of sampling and that had last been
flooded 2 years previously exhibited very low total release. Soils from sites that had last
been flooded 4 years and 9 years previously released relatively greater, and more varying,
amounts of ortho-phosphate. Overall, the initial rates of orthophosphate release (υ0), the
first-order rate constants (k), and [PO4-3]max were greater for TSF = 4, and 9 years, compared
with TSF = 0 and 2. See Table 2.8.
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Figure 2.3 Mean concentrations of orthophosphate (mg P kg soil ) (mean ± 1SD) measured in the overlying water column of laboratory
microcosms over 0, 1, 2, 5, 8, 15, and 29 days of incubation (n = 3 for each treatment).
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Table 2.8 Orthophosphate release parameters (mean ± 1SD) for soils
across four different drying regimes at Yanga National Park

Initial rate (υ 0)
(mg P kg-1 day-1)

First-order rate
constant (k)
(day-1)

0

0.08 ± 0.09

0.22 ± 0.42

0.26 ± 0.18

2

0.17 ± 0.14

0.98 ± 0.20

0.25 ± 0.04

4

1.27 ± 0.98

1.58 ± 0.73

1.20 ± 1.24

9

1.25 ± 0.71

1.43 ± 0.47

0.82 ± 0.42

Time-since
-last-flood
(years)

[PO4-3]max

2.4 Discussion
The results obtained from this space-for-time study of floodplain soils from YNP suggest
that extended periods of drought substantially change the speciation of Fe/Mn minerals, the
distribution of soluble reactive P, and the orthophosphate release dynamics. Based on the
observed changes, a conceptual model has been developed, summarising drying-induced
changes of Fe, Mn and srP pools over time since the last flood event. This model is
presented in Figure 2.4.

2.4.1 Impact of extended period of drought on soil metal speciation
Changes of Fe and Mn speciation due to an extended period of in-situ drying are
summarised in Figure 2.4(a). The Fe and Mn extracted using sodium pyrophosphate (Fe pyro
and Mnpyro; Tables 2.6a and 2.6b) are generally assumed to be associated (complexed) with
organic matter (McKeague 1967; McKeague et al. 1971; Wada and Higashi 1976). The
decreased Fe pyro with increasing time-since-last-flood in this study is partly due to dryinginduced loss of metals bound to organic substrates in the soils exposed to a longer dry
phase. This is most likely a reflection of depletion of organic matter as a result of extended
drying. In a similar study that was conducted in YNP to determine soil carbon dynamics,
Baldwin et al. (2013) showed that total organic matter < 10 mm in diameter ranged from
60 to 135 g kg-1 in soils that had recently been flooded, with 61–85 g kg-1 remaining in the
soil samples that had not been flooded for between 8 and 9.5 years. Oorschot et al. (1998)
reported that less frequent flooding events lower the nutrient input to floodplains and
contribute to soil desiccation, resulting in reduced accumulation of soil organic matter.
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FeCBD %

(a)
(+)

Mnpyro

Response

MnCBD %
MnOx %

(-)

FeOx %
Fepyro
0

2

4

9

Time-since-last flood (years)
NaHCO3 srP %
(b)
(+)

MgCl2 srP %

Response

HCl srP %
HCl-ash srP %
NaOH srP %

(-)

CBD srP %
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2

4

9

Time-since-last flood (years)

Figure 2.4 Schematic representations of changes in extractable metal species
(a) and reactive P pools (b) in floodplain soils at Yanga National Park over
time since the last flood event. This is a stylised line graph based on four time
points (0, 2, 4, 9 years) and magnitude of the response is relative and derived
from the experimental data.
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In the present study, unlike Fe pyro, there was a significant increase in Mn pyro with
increasing time-since-last-flood. Therefore, it is possible that some of the Mn from
associated mineral phases was transferred to organics and these newly formed humic-Mn
associations may be preserved during the period of drought in turn yielding more Mnpyro in
the leach. Previous studies have shown increased Mn solubility and exchan geability as a
major effect of soil drying (Bartlett and James 1979, 1980; Nelson 1977).

Previous studies (McKeague and Day 1966; McKeague et al. 1971) have shown that
amorphous / poorly crystalline forms of Fe and Mn can be measured via extraction with
acidic ammonium oxalate (Fe Ox and MnOx; see Tables 2.6c and 2.6e). The subsequent
citrate-bicarbonate-dithionite extraction (Fe CBD and MnCBD; see Tables 2.6d and 2.6f) is
widely accepted to provide a measure of crystalline Fe/Mn forms present in soils (Fe CBD
and MnCBD) (Mehra and Jackson 1960; McKeague et al. 1971). The results of this study
suggested that soils subjected to an extended period of drying had relatively decreased
amounts of amorphous Fe oxides and increased amounts of crystalline Fe oxides.
Amorphous / poorly crystalline Fe(III)(oxy)hydroxides both have large surface areas and
therefore relatively higher numbers of orthophosphate binding sites that are likely to
increase orthophosphate sorption capacity. Crystalline phases are dehydrated miner al
phases with lower surface areas, fewer orthophosphate binding sites, and decreased
sorption capacity (Baldwin 1996a; Baldwin et al. 2000; Qiu and McComb 1994, 2002; Sah
et al. 1989a, 1989b). The change in Fe mineralogy, suggesting a decrease in amorphous Fe
oxides and increase in crystalline Fe oxides, should therefore result in a decreased P
adsorption capacity. The one exception to this trend was that for TSF = 2 associated with
Shaws. The most plausible reason for this may be the relatively higher percentage of
organic matter in Shaws. This organic material may have an inhibitory effect on
crystallisation of Fe(III)(oxy)hydroxides through the formation of organic coatings which
in turn secure Fe in its amorphous form. The adsorption or complexation of organic matter
onto reactive sites on the Fe(III)(oxy)hydroxides may prevent it from transforming into
more crystalline forms (Schwertmann 1966). Unlike Fe mineral phases, oxalate and CBD
extractable Mn minerals were not substantially affected due to an extended period of
drought.

2.4.2 Impact of extended period of drought on soluble reactive P speciation
Changes of soluble reactive P speciation due to an extended period of in-situ drying are
summarised in Figure 2.4(b). The MgCl 2 extractable srP fraction is operationally defined
as exchangeable / loosely sorbed P (Ruttenberg 1992) which would be readily available to
the biota (Baldwin 1996b). In this study, there was a drying induced accumulation of
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MgCl2 extractable srP (Table 2.7a) with increasing time-since-last-flood. This may reflect
reduced orthophosphate sorption capacities of Fe mineral phases and/or decreased potential
to complex with humic substances. The NaHCO3 srP levels also increased with increasing
time-since-last-flood. In the SEDEX scheme, the NaHCO3 leach is incorporated into the
extraction sequence before the CBD leach to remove P associated with labile organic matter, a
fraction that would otherwise be removed in the CBD step (Baldwin 1996b). The increase in
NaHCO3 srP may be due to drying-induced mineralisation of organic matter and
accumulation of labile reactive P. The results of this study are consistent with the findings
of Vink et al. (2007) who suggested that dissolved inorganic P may accumulate in catchments
during dry summer periods, and with longer droughts in south-eastern Australia.

The CBD srP fraction is thought to be associated with reactive P sorbed to easily
reducible Fe and Mn compounds (Baldwin 1996b; Ruttenberg 1992). In this study, the
CBD srP was found to decrease with increasing time-since-last-flood. This is entirely
consistent with the observed changes in Fe mineralogy which suggest a change from
amorphous to crystalline Fe oxides with an associated decrease in adsorption capacity.
Despite contradictory reports of Barrow and Shaw (1980) and Haynes and Swift (1985), the
results are consistent with the previous studies that have shown decreased P sorption
capacities when the sediments were exposed to varying degrees of in-situ and laboratory
drying (Baldwin 1996a; Baldwin et al. 2000; Qiu and McComb 1994, 2002).

The NaOH srP fraction is attributed to reactive P sorbed to clay minerals and Al oxides
(Paludan and Jensen 1995, Williams et al. 1971). Similar to that observed for Fe oxides, lower
levels of NaOH srP in soils subjected to extended period of drought may reflect an increase in
crystallinity of clay and Al oxide minerals, with concurrently decreased sorption
capacities. Syers et al. (1971) found that poorly crystalline kaolinite generally consists of
smaller disordered crystals that may consequently sorb more P than well-crystalline
kaolinites with larger particle size. Interestingly, in this study, the NaOH srP fraction
increased between TSF = 4 and TSF = 9. A plausible explanation for this difference is that
drying induced breakdown of organic matter may expose additional Al sorption sites that
can re-adsorb orthophosphate released from organo-mineral complexes during the drying
process, increasing NaOH srP pool. This may be further facilitated by release of srP from
Fe oxides undergoing amorphous-crystalline transformation.

In this study, the very low levels of HCl srP are consistent with a previous study
(Baldwin 1996b) which was conducted to determine the P composition in sediments of a
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diverse series of Australian fresh-water bodies. This was attributed to a relatively lower
incidence of apatite in Australian fresh-water sediments.

The HCl-ash srP fraction is thought to consist mainly of refractory organic P (Baldwin
1996b; Ruttenberg 1992). The relatively lower levels measured in the dried soils is
probably due to drying-induced degradation of this particular P pool. However, this
fraction is not likely to be affected during the early stages of the drying process because of
the resistant nature of this particular P pool.

2.4.3 Impact of extended period of drought on orthophosphate release
There was a rapid release of orthophosphate after re-wetting of air-dried soils, and the
release was increased with increasing time-since-last-flood (Figure 2.3; Table 2.8). The
results are in accordance with previous studies that have shown increased nutrient release
from re-wetted soils after drying (Aldous et al. 2005, 2007; Bostic and White 2007; Qiu
and McComb 1996, 1994) and are consistent with the Birch effect (Baldwin and Mitchell
2000; Birch 1959, 1960, 1964; Nguyen and Marschner 2005; Venterink and Davidson
2002; Wilson and Baldwin 2008). Both the initial and longer-term orthophosphate release
rates increased with increasing time-since-last-flood, suggesting a decreased potential to
retain orthophosphate in the water column. This was coincident with substantially lower
levels of CBD srP and Fe Ox but higher loosely sorbed P (measured as MgCl 2 srP) and
FeCBD. This may reflect lower sorption capacities due to higher crystallinity in Fe mineral
phases in the soils exposed to longer drying, and is consistent with previous studies (Qiu
and McComb 2002, 1994; Twinch 1987).

Relatively lower levels of orthophosphate in the water column of air -dried soils from
the sites of TSF = 0 and 2 may be an indication of higher sorption potential in these soils.
This is consistent with both the Fe and P speciation results in the present study. The
amorphous Fe oxides that had been created under frequent drying-rewetting conditions
adsorbed more orthophosphate due to their greater sorption capacity, in turn lowering the
orthophosphate concentration in the water column. This is in accordance with previous
studies that have shown a high affinity for P in the amorphous / poorly-crystalline Fe
species (Baldwin 1996a; Baldwin et al. 2000; Holford and Patrick 1981; Patrick and
Khalid 1974; Willett and Higgins 1978).

Moreover, there were substantially higher levels of Fe pyro in these sites. Since Fe pyro
represents iron associated with organic matter, it is reasonable to assume that at least part
of the water column orthophosphate was adsorbed by organo-mineral surfaces particularly
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by humic-Fe associations. This may account for the increased orthophosphate sorption
capacity in these soils. Sanyal and De Datta (1991) reported that Fe which is associated
with organic matter provides an active surface for P sorption. Furthermore, humic
substances in organic matter can inhibit crystallisation of Fe(III)(oxy)-hydroxides
(Schwertmann, 1966) and can complex with Fe forming humic-Fe complexes that show
much higher orthophosphate adsorption capacities (Gerke and Hermann 1992; Gunijake
and Wada 1981).

Baldwin et al. (2013) reported that the labile carbon fraction (measured as KMnO 4 -C
concentration) was greatest in soils 6 months after flooding (~ 3 g kg-1), then declined
under an extended period of post flooding (1.5 g kg -1) at YNP. They suggested that carbon
that has been fixed during the wet phase potentially represents an important source of
bioavailable carbon for ecosystem processes during the dry phase. This was clearly
demonstrated by the depletion of carbon with time since flood recession. Similarly, in the
present study organic matter content as measured by LOI% generally declined with
increasing time-since-last-flood. These results strongly suggest the occurrence of dryinginduced organic matter depletion/mineralisation in YNP soils. Drying-induced organic
matter mineralisation with concurrent accumulation of soluble reactive P (measured as
NaHCO3 srP) in the dried soils would have further accelerated orthophosphate release
upon re-wetting. Longer periods of inundation coupled with shorter drying periods may
reduce the chances of complete drying and subsequent oxidation, in turn hindering organic
matter mineralisation. This was evident by significantly higher levels of total organic
matter < 10 mm in diameter and labile carbon measured in soils that had recently been
inundated (Baldwin et al. (2013). This may result in releasing lesser amounts of
orthophosphate from underlying soil to the overlying water column, lowering its
concentration.

2.5 Summary and conclusions
Inundation of floodplain-wetland soils may actually support long-term nutrient storage by
hindering aerobic decomposition of organic substrates. Increased orthophosphate sorption
capacity in the inundated soils appeared to lower the water column orthophosphate
concentration. Drying-induced decomposition of organic matter resulted in higher
accumulation of soluble reactive P leading to a greater orthophosphate release upon re flooding. This was accompanied by increased crystallinity of Fe mineral phases with
concurrent decreased sorption capacity. Therefore, it is conceivable that orthophosphate
release from the bulk soil matrix into overlying floodwater could have produced large P
fluxes upon re-flooding following extended periods of drought. Therefore, it is not
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surprising that in lowland river floodplain-wetland complexes such as Yanga National Park
that have experienced extended periods of no or very low rainfall, the accumulation of
substantial amounts of soluble reactive P during the period of drought may have been
followed by large pulses of orthophosphates in the overlying water column during later
flow events.

Inter-relationships between time-since-last flood, ortho-phosphate release kinetics,
various reactive forms of soil P, and extractable metal species that emerged from this study
generate three major hypotheses that led to subsequent experiments in this thesis. These
hypotheses are:



Extended periods of soil drying results in significant changes to soil mineralogy by
making soil Fe minerals increasingly more crystalline.



Drying-induced decomposition/mineralization of organic matter coupled with
enhanced crystallinity of Fe mineral phases results in accumulation of soluble
reactive phosphorus in dried soils.

 Extended periods of soil drying results in increased P availability or decreased P
sequestration upon re-flooding.

The first two of these hypotheses are examined in Chapter 3, and the third is examined in
Chapter 5. In Chapter 4, I re-analysed the laboratory dried sediments to see if there were
any storage-induced changes in P and Fe speciation.

The study reported in this chapter (Chapter 2) demonstrated that orthophosphate release
upon re-flooding after a period of drought revolves around how soil P fractions and soil
mineral phases respond to drought. These results invite a detailed investigation of the
changes in distribution of different soil P fractions and metal species of the soils and
sediments subjected to different drying regimes. The next experiment in this thesis
(Chapter 3) was designed to investigate how sediments change as a consequence of varying
degrees of drying under controlled laboratory conditions.
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Chapter 3
Impact of Drying on Phosphorus Dynamics
in a Floodplain-Wetland Sediment
3.1 Introduction
In the previous chapter, soil iron (Fe) and phosphorus (P) speciation and orthophosphate
release were shown to be substantially affected by the period since last flood, strongly
suggesting that drying plays an important role in determining P dynamics in floodplain
soils. In this chapter, I explore the hypotheses generated in Chapter 2 on the impact of
desiccation on P dynamics in a wetland sediment under controlled laboratory conditions.

The effect of drying of sediments on P dynamics is a complex phenomenon that
includes various interdependent physical and biogeochemical changes. Water level
drawdown, sediment oxidation, and subsequent desiccation can have a significant impact
on sediment chemistry (De Groot and Van Wijck 1993), mineralogy (Baldwin 1996a ; De
Groot and Van Wijck 1993; Sah et al. 1989b), and sediment microbial ecology (Baldwin
and Mitchell 2000). However, the mechanisms controlling P dynamics are far from certain.
For example, previous field studies have shown that drying of sediments can result in
either decreased (Baldwin 1996a; Baldwin et al. 2000; Qui and McComb 1994; Sah et al.
1989b; Twinch 1987; Watts 2000b) or increased (Barrow and Shaw 1980; Haynes and
Swift 1985; Jacoby et al. 1982; Olsen and Court 1982) orthophosphate binding capacity.

In this chapter I explore the effects of sequential drying on P dynamics in a wetland
sediment. The results of selected sediment properties from sediments sequentially dried
under different temperature regimes (air-dried and oven dried at 30 0C, 50 0C and 85 0C)
are reported. Technically, they were drying and heating treatments. Some of the
temperature treatments (air-dried and oven dried at 30 0C, 50 0C) were chosen to reflect
potential summer sediment temperatures encountered in Mediterranean semi -arid and arid
floodplains. Eventhough, it may be difficult to imagine a fire ripping through wetlands,
many kinds of floodplains do indeed burn during prolonged periods of drought. During the
passage of a fire across a floodplain, firstly the fire itself would produce a temperature of
higher level (~85 0C), and secondly the removal of shade allowing maximum exposure to
the heat of the day.
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Specific objectives of this study were:


To quantify and compare the changes to Fe and P speciation and P sorption
properties under different drying regimes



To evaluate the relationships between the P sorption parameters and the selected
sediment properties to identify the relative importance of these properties in
describing the mechanisms of P sorption behaviour under different drying regimes.

It was initially hoped to conduct the experiments on wetland sediments from Yanga
National Park in order to allow direct comparisons with the results in Chapter 2. However,
ironically, access to Yanga National Park was restricted because of prolonged flooding.
Instead, sediments were sourced from a wetland on the Kiewa river floodplain.

3.2 Materials and methods
3.2.1 Study site, sample collection and processing
Inundated sediment (under less than 20 cm of water) was collected from a variety of
randomly selected locations from a small ‘depression wetland’ on Kiewa River floodplain
in north-eastern Victoria (36 034’S, 14705’E) using a soil auger. The samples were stored in
wide-mouthed one-litre HDPE containers for transport back to the laboratory. Immediately
on arrival at the laboratory, the sediments were sieved (10 mm) to remove coarse woody
debris.

3.2.2 Laboratory drying experiment
Following sieving, the sediment was randomly distributed into 25 plastic trays
(subsamples). Five subsamples (hereafter T wet) were centrifuged (10,000 rpm, 20 min, 5
0

C; Beckman Avanti centrifuge) to remove pore-water before immediately undergoing

analysis. The remaining sub-samples were subjected to a sequential drying treatment. See
Table 3.1. First, all the remaining sediment was air dried at ambient temperature
(approximately 20 0C) for 7 days. Five sub-samples of air-dried sediment (hereafter T air)
were set aside for subsequent analysis. The remaining sediment was transferred into an
oven (Thermocentre) and dried at 30 0C for 7 days. Five subsamples were then removed
from each of the dried sediments (T 30). The remaining sediment was further oven dried at
50 0C for 7 days, and a further five subsamples removed (T 50). The remaining sediment
was dried at 85 0C for 7 days (T 85). The total number of samples was 25: five replicates ×
five treatments.
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3.2.3 Chemical analysis
All analyses and experiments were performed on sub-samples from each of the five
replicates, and were undertaken soon after each drying step. Sediment pH a nd percent soil
moisture content were measured for T wet sediments (see Chapter 2, Section 2.2.4).
Sediment organic matter content (LOI%) was determined by ignition at 550 0C (see
Chapter 2, Section 2.2.4 for details). All results are expressed on a dry weight basis by
taking into account the moisture content.
Table 3.1 Experimental layout

Treatment
No

Drying regime

Sediment
type

No. of
replicates

1

Inundated sediments before drying

T wet

5

2

Air dried for 1 week

T air

5

3

Air dried for 1 week + oven dried
at 30 0C for 1 week

T 30

5

4

Air dried for 1 week + oven dried
at 30 0C for 1 week + oven dried at
50 0C for 1 week

T 50

5

5

Air dried for 1 week + oven dried at
30 0C for 1 week + oven dried at 50
0
C for 1 week + oven dried at 85 0C
for 1 week

T 85

5

3.2.3.1 Microbial biomass P
Microbial biomass P (MBP) was determined by the fumigation-extraction method (Brookes
et al. 1982; Mc Laughlin et al. 1986) with certain modifications. Sediment samples (10 g
DW) were fumigated with chloroform (CHCl3) vapour in a desiccator (Jenkinson and
Powlson 1976) for 24 hours. Non-fumigated samples were treated similarly, except that the
desiccator contained no CHCl 3. After residual CHCl 3 was removed by evacuation, both
fumigated and non-fumigated samples were shaken with 200 ml 0.5 M NaHCO 3 (pH 8.5)
(at a 20:1 solution-to-soil ratio) in 250 ml Thermo Scientific Nalgene (HDPE) centrifuge
bottles on an orbital shaker (BIO LINE, 30–200 speed) for 30 minutes at 20 0C. The
extracts were centrifuged (3,000 rpm, 10 min, 5 0C) (Allegra X-15R Beckman Coulter) and
the supernatants were passed through 0.45 µm syringe filters (Millipore™). CHCl 3 released inorganic P (P i) was calculated as the difference between fumigated and nonfumigated samples. Microbial biomass P was calculated from CHCl 3 -released P i by
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dividing by 0.4 assuming that 40% of the P in the biomass is rendered extractable as P i
solely by CHCl 3 (Brookes et al. 1982). Pi was measured by the ascorbic acid method
(APHA 1998).

3.2.3.2 Water extractable P
Water extractable P was determined by shaking 7.5 g (DW) sediment with 30 ml Milli -Q
water (at a 4:1 solution-to-soil ratio) (Turner et al. 2002) in 50 ml acid-washed screw cap
polycarbonate centrifuge tubes on an orbital shaker (BIO LINE, 30–200 speed) for 1 hour
at 20 0C. The extracts were then centrifuged (10,000 rpm, 10 min, 5 0C) (Beckman Avanti)
and the supernatant was passed through 0.45 µm syringe filters (Millipore™). Soluble
reactive P (srP) was measured by ascorbic acid method (APHA 1998). This fraction is
generally abbreviated as MRP (Molybdate-reactive P). It is operationally defined as P that
is reactive to molybdenum colourimetric assay in the ascorbic acid method. Total P (TP)
was measured after NaOH-K2S2 O8 digestion (Hosomi and Sudo 1986) on 10 ml of
supernatant. Soluble non-reactive P (nrP) was estimated by the difference (TP – srP) and
termed as MUP (Molybdate-unreactive P) phosphorus which is non-reactive to
molybdenum in the ascorbic acid method.

3.2.3.3 SEDEX P speciation
SEDEX P speciation was conducted as outlined in Table 3.2. Soluble reactive P (srP) in
solution was measured by the ascorbic acid method (APHA 1998). Soluble reactive P in
citrate-bicarbonate-dithionite extracts was measured by the isobutyl alcohol method
(Watanabe and Olsen 1962). Total P (TP) concentrations for the NaHCO 3 and NaOH
extracts were determined by the NaOH-K2S2O8 digestion method (Hosomi and Sudo 1986)
on 10 ml of neutralised supernatant. Soluble non-reactive P (nrP) was estimated by the
difference; (TP – srP).

In Chapter 2, a preliminary study was performed to investigate the drying-induced
changes in soluble reactive P speciation. The results suggested that the srP pools changed
significantly under different hydrological regimes. In this chapter, in order to investigate
the underlying processes and mechanisms as well as the potential sources of these srP
pools, a comprehensive study of drying-induced changes in non-reactive P pools (nrP) was
additionally conducted.
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Table 3.2 Target phosphorus species in the SEDEX scheme

Step

Extractant

I

1.0 M MgCl 2

II

1.0 M NaHCO3

Target phase
(Operationally defined)
Exchangeable /
loosely sorbed P

P species

MgCl2 srP

Reactive P associated
with labile organic matter
Non-reactive P associated
with labile organic matter

NaHCO3 srP
NaHCO3 nrP

III

0.3 M Na3-Citrate
1.0 M NaHCO3
0.56 g Na2S2 O4

Easily reducible /
reactive P associated
with Fe or Mn

CBD srP

IV

1.0 M NaOH

Reactive P associated
with Al
Non-reactive P associated
with non-labile organics

NaOH srP
NaOH nrP

V

1.0 M HCl

Reactive P associated
with Ca (‘apatite’)

HCl srP

VI

Ashed at 550 0C
Extract with
1.0 M HCl

Refractory organic P

HCl-ash srP

Note: The contents of this table are based on material from Ruttenberg
(1992) as modified by Baldwin (1996b).
3.2.3.4 Fe speciation
Amorphous / poorly-crystalline and well-crystalline iron oxides (Fe Ox and FeCBD
respectively) were determined by sequential extractions of ammonium oxalate and citrate bicarbonate-dithionite respectively (see Chapter 2, Section 2.2.5 for details). Fe in solution
was measured by fast sequential atomic adsorption spectroscopy (Varian AA240FS).
3.2.3.5 EXAFS experiment
X-ray absorption spectroscopy measurements were conducted at the Australian National
Beamline Facility (ANBF), Tsukuba, Japan. X-ray energy was selected using Si (III)
water-cooled monochromators (5.5–21 keV), with spectra recorded at the Fe k-edge (6.79–
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7.89 keV). The beam spot size was set to 5 mm (horizontal) × 1 mm (vertical). Data
acquisition was in fluorescence mode using a 36-element solid state Ge detector.

Samples were prepared in a 4-sample holder, with the samples held in place using
Kapton tape. Recorded spectra were extracted using the program Average 2.0. Preliminary
analysis was carried out using Athena (v9). For the determination of atomic distances and
numbers of neighbours, individual peaks from the radial distribution function were Fourier
filtered and fitted with Viper (v11) using a basis file developed from a goethite ( α-FeOOH)
standard.

3.2.4 Phosphate adsorption isotherms
P sorption characteristics were determined using phosphate adsorption isotherms based on
a batch equilibration procedure developed by Nair et al. (1984). One g (dry weight)
sediment samples (one sub-sample from each of the five replicates) were placed in 50 ml
acid-washed centrifuge tubes and suspended in 25 ml of standard orthophosphate solutions
with total P concentrations of 0, 100, 250, 500, 1,000, 2,500, 5,000, 10,000, and 20,000 µg
P l-1, spiked with 2 drops of chloroform. Stock phosphate solution was prepared by
dissolving analytical grade anhydrous KH 2PO4 in a 0.01M CaCl 2 matrix. The tubes were
shaken on an orbital shaker (BIO LINE, 30–200 speed) for 24 hours at 20 ± 1 0C in the
dark. The tubes were then centrifuged (10,000 rpm, 10 min, 5 0C) (Beckman Avanti) and
the supernatant passed through 0.45 µm syringe filters (Millipore™). Filtrates were
analysed for srP (assumed in these experiments to be orthophosphate) based on the
ascorbic acid method (APHA 1998). The P adsorption isotherms were determined by
measuring the amount of orthophosphate remaining in the solution (C t) and the amount of
orthophosphate retained by the sediment (S’) after 24 hours; S’ was calculated as the
difference between the amount of P in solution at 24 hours and at 0 hour (Baldwin 1996a).

Evaluation of P sorption parameters
Buffer plots (Figure 3.1) can be used to characterise the P sorption behaviour at near ambient concentrations. The relationship between the amount of orthophosphate retained
by the sediment at 24 hour equilibrium (S’) (mg P kg soil -1) and the amount of
orthophosphate remaining in the solution (C t) (mg P L-1) at low equilibrium concentrations
(near-ambient concentrations) is typically linear (Froelich 1988; Gale et al. 1994; House
and Denison 2000; Rao and Davidson 1979).
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As previously reported by Pant and Reddy (2001) and Reddy et al. (1998), this linear
relationship could be described by the following equation:
S’ = K d Ct – S0
where
S’ = amount of added P retained by sediment (mg P kg -1)
Kd = linear adsorption coefficient (L kg -1)
Ct = o-P concentration at low (near-ambient) equilibrium concentration (mg P L -1)
S0 = initial (native) sorbed P in sediment (mg P kg -1).
When S’ is graphed on the y-axis against C t at low (near-ambient) equilibrium
concentrations on the x-axis, the y-intercept is equal to (-)S0 (mg P kg -1), the x-intercept is
termed the equilibrium phosphate concentration (EPC 0) (mg P L -1) and the slope is equal to
the linear adsorption coefficient (K d) (L kg-1). The negative y-intercept (S 0) is a
consequence of de-sorption of native-P at Ct concentrations below EPC 0 and represents P
release from the sediment at infinite dilution. EPC 0 is the solution concentration at which
sediments have their maximum buffer capacity for solution P and is the concentration at
which there is no net adsorption or desorption from the solid. K d is the buffer intensity at
EPC0 and relates to the affinity of P for the surface of the sediment particles. Relatively
higher values indicate a greater affinity for P or higher buffering capacity (House and
Denison 2000; Reddy et al. 1995).
S’ (mg P kg soil-1)

0

slope = Kd
EPC0
Ct (mg P L-1)

S0

Figure 3.1 Buffer plot used to derive P sorption parameters at low
(near-ambient) equilibrium P concentrations.
3.2.5 Statistical analyses
All statistical tests and curve fitting were performed using SPSS v21 and KaleidaGraph
(Synergy Software, USA). General descriptive and exploratory statistics were used to
describe the data. All samples were assessed for normality and homogeneity of variance.
Differences between sediment drying treatments were investigated using on e-way
ANOVAs coupled with Tukey’s HSD post hoc tests. FeOx, FeCBD, and SEDEX P data were
included as percentages of total Fe or P extracted. LOI%, MBP, water-TP, water-MRP,
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water-MUP, and P sorption data were included as absolute values. Pearson’s productmoment correlation coefficients were used to identify the relationship between pairs of
variables. The Pearson’s correlation coefficient indicates whether or not there is a linear
relationship between two variables. It quantifies the strength and the direction of the
relationship. In addition, regression analysis was used as a statistical tool for describing the
relationship between two or more quantitative variables such that one variable (the
dependent or response variable) may be predicted from other variable(s) (the independent
or predictor variable(s)).

3.3 Results
3.3.1 Effect of drying on sediment P speciation
3.3.1.1 Changes in microbial biomass P (MBP)
Sediment MBP substantially decreased upon air drying. MBP further fell between T air
and T 30 treatments. However, there were almost similar levels detected in T 30 and T 50
treatments. Again, there was a considerable decline in the T 85 treatment.
A one-way ANOVA revealed that there was a significant decrease in microbial biomass
P (MBP) after drying, F (4, 20) = 278, p < 0.001 (Table 3.3). There was a significant
negative correlation between MBP and LOI %, r = – 0.964, N = 25, p < 0.001.

Table 3.3 Significant differences in microbial biomass P (MBP) of
sediments subjected to different drying regimes (Tukey HSD post hoc test)

Drying
regime

Microbial P
(mean ± 1SD)
(mg P kg soil -1)

Twet

20.30 ± 1.83

Tair

7.70 ± 1.00

T30

3.39 ± 0.81

T50

3.05 ± 0.07

T85

1.04 ± 0.63

Twet

Tair

***

T30

T50

T85

***

***

***

***

***

***

ns

*
*

Note: ns = non-significant, significant difference at *p < 0.05,
***p < 0.001, decrease

of MBP.
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3.3.1.2 Changes in organic matter content (LOI%)
There was a substantial decline of LOI% upon air drying (Table 3.4). When Tair sediments
were exposed to further drying, no significant decreases occurred in between T air, T 30, and
T 50 treatments, but all were significantly higher than the T 85 treatment.
A one-way ANOVA revealed that there was a highly significant reduction in the
organic matter content upon drying of wet sediments, F (4, 20) = 200, p < 0.001 (Table
3.4).

Table 3.4 Significant differences in organic matter content (LOI%) of
sediments subjected to different drying regimes (Tukey HSD post hoc test)

Drying
regime

LOI%
mean ± 1SD

Twet

9.4 ± 0.2

Tair

6.9 ± 0.2

T30

6.6 ± 0.3

T50

6.5 ± 0.1

T85

5.8 ± 0.2

Twet

Tair

***

T30

T50

T85

***

***

***

ns

ns

***

ns

***
***

Note: ns = non-significant, significant difference at ***p < 0.001,
decrease

of LOI%.

3.3.1.3 Changes in water-TP, water-MRP and water-MUP
The levels of water-extractable total P (water-TP) sharply increased due to air drying. See
Table 3.5a. However, there were almost similar quantities in T air, T 30, and T 50 treatments
but further increases upon heating at 85 0C (T 85 treatment). Also, air drying tended to
markedly increase water-extractable MRP (water-MRP). See Table 3.5b. However, a further
increase was not detected under increased drying so that almost similar levels were measured in
T 30, T 50, and T 85 treatments. Similar to water-TP, air drying tended to substantially increase
water-extractable MUP (water-MUP) and there were almost similar levels of water-MUP in
T air, T 30, and T 50 treatments. See Table 3.5c. Again, a notable increase was detected in the

58

T 85 treatment. Most of the water extractable TP in the dried sediments existed as unreactive
(MUP).

One-way ANOVAs revealed that there were significant differences in water-TP,
F (4, 20) = 415, p < 0.001 (Table 3.5a), water-MRP, F (4, 20) = 9, p < 0.001 (Table 3.5b),
and water-MUP, F (4, 20) = 1,517, p < 0.001 (Table 3.5c) upon drying of wet sediments.

LOI% and microbial biomass P (MBP) were significantly, and negatively, correlated
with water-TP, r = – 0.95, N = 25, p < 0.001 and r = – 0.87, N = 25, p < 0.001 respectively
and with water-MUP, r = – 0.89, N = 25, p < 0.001 and r = – 0.83, N = 25, p < 0.001
respectively.

Table 3.5 Significant differences in water-TP, water-MRP and water-MUP of
sediments subjected to different drying regimes (Tukey HSD post hoc test)
(a)
Drying
regime

Water-TP
(mean ± 1SD)
(mg P kg soil-1)

Twet

0.36 ± 0.13

Tair

1.68 ± 0.07

T30

1.60 ± 0.06

T50

1.83 ± 0.07

T85

3.01 ± 0.15

Twet

Tair

***

T30

T50

T85

***

***

***

ns

ns

***

*

***
***

Note: ns = non-significant, significant difference at *p < 0.05,
**p < 0.01,***p < 0.001, increase
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or decrease

of P.

(b)
Drying
regime

Water-MRP
(mean ± 1SD)
(mg P kg soil-1)

Twet

0.23 ± 0.11

Tair

0.49 ± 0.08

T30

0.54 ± 0.03

T50

0.40 ± 0.05

T85

0.46 ± 0.13

Twet

Tair

**

T30

T50

T85

***

ns

**

ns

ns

ns

ns

ns
ns

(c)
Drying
regime

Water-MUP Twet
(mean ± 1SD)
(mg P kg soil-1)

Twet

0.12 ± 0.02

Tair

1.19 ± 0.02

T30

1.05 ± 0.07

T50

1.43 ± 0.07

T85

2.55 ± 0.03

Tair

***

T30

T50

T85

***

***

***

**

***

***

***

***
***

Note: ns = non-significant, significant difference at *p < 0.05,
**p < 0.01,***p < 0.001, increase
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or decrease

of P.

3.3.1.4 Changes in SEDEX P speciation
There were substantial changes in the P speciation upon air drying and heating. See Figure
3.2 and Table 3.6. Total extractable P content was calculated to be ~1,000 mg P kg soil -1 in
all the treatments. Overall, the dominant P species were NaHCO 3 srP, NaHCO3 nrP, and
CBD srP. Substantial increases of MgCl 2 srP and NaHCO3 srP were detected upon air
drying. Almost similar levels were measured in T 30 and T 50 treatments, but a marked
increase occurred in the T85 treatment. There was a substantial decrease of NaHCO 3 nrP
and NaOH nrP upon air drying; however, only NaHCO 3 nrP was followed by a gradual
decline upon further heating. A gradual decline of CBD srP was detected upon air drying
and continued further upon heating. Although NaOH srP increased upon drying, it was not
substantial. HCl srP did not appear to change substantially during the drying process. HClash srP was not affected by air drying; however, there was a substantial decline upon
heating at 85 0C (T 85 treatment).
One-way ANOVAs revealed that there were no significant differences of total
extractable P between the drying regimes, F (4, 20) = 1.29, p > 0.05. However, there were
statistically significant increases in both MgCl 2 srP %, F (4, 20) = 1,061, p < 0.001 (Table
3.6a) and NaHCO3 srP %, F (4, 20) = 1,283, p < 0.001 (Table 3.6b). There were also
statistically significant decreases in NaHCO 3 nrP %, F (4, 20) = 360, p < 0.001 (Table
3.6c), CBD srP % F (4, 20) = 133, p < 0.001 (Table 3.6d) and NaOH nrP %, F (4, 20) =
12, p < 0.001 (Table 3.6e). Although NaOH srP % increased significantly, F (4, 20) = 12,
p < 0.001 (Table 3.6f), the increase was not substantial. The HCl srP % was also
significantly affected, F (4, 20) = 4, p < 0.001 (Table 3.6g); however, there was no clear
trend across the drying series. There was also a significant decline in HCl -ash srP % as a
result of drying, F (4, 20) = 45, p < 0.001 (Table 3.6h).

It is of note that across all treatments, the amounts of MgCl 2 srP and NaHCO 3 srP were
significantly and negatively correlated with organic matter content (LOI%), r = – 0.92, N = 25,
p < 0.001 and r = – 0.97, N = 25, p < 0.001 respectively, while the amounts of NaHCO3
nrP and NaOH nrP were significantly and positively correlated with LOI%, r = 0.98, N =
25, p < 0.001 and r = 0.92, N = 25, p < 0.001 respectively.
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Concentration of P (mg P kg soil -1)

MgCl2 srP
NaHCO3 srP
400
NaHCO3 nrP
CBD srP
300
NaOH srP
NaOH nrP
200
HCl srP
HCl-ashed srP
100

0
Twet

Tair

T30

T50

T85

Drying regimes
Figure 3.2 Mean (± 1SD) concentrations (mg P kg soil -1) of P species in the sediments before (Twet) and after laboratory drying (Tair, T30, T50
and T85) (n = 5 for each treatment).
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Table 3.6 Significant differences in P speciation (as a percentage of total extractable
P) of sediments subjected to different drying regimes (Tukey HSD post hoc test)

(a)
Drying
regime

MgCl2 srP %
(mean ± 1SD)

Twet

0.51 ± 0.05

Tair

1.86 ± 0.04

T30

2.15 ± 0.09

T50

2.14 ± 0.08

T85

3.53 ± 0.08

Twet

Tair

***

T30

T50

T85

***

***

***

***

***

***

ns

***
***

(b)
Drying
regime

NaHCO3 srP %
(mean ± 1SD)

Twet

14.5 ± 1.0

Tair

34.8 ± 0.6

T30

41.7 ± 0.8

T50

42.6 ± 1.0

T85

45.1 ± 0.2

Twet

Tair

***

T30

T50

T85

***

***

***

***

***

***

ns

***
***

Note: ns =non-significant, significant difference at *p < 0.05,
**p < 0.01,***p < 0.001, increase
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or decrease

of P.

(c)
Drying
regime

NaHCO3 nrP %
(mean ± 1SD)

Twet

31.2 ± 0.7

Tair

16.4 ± 1.1

T30

15.2 ± 0.6

T50

14.4 ± 1.4

T85

11.6 ± 0.4

Twet

Tair

***

T30

T50

T85

***

***

***

ns

*

***

ns

***
***

(d)
Drying
regime

CBD srP %
(mean ± 1SD)

Twet

28.4 ± 0.8

Tair

25.0 ± 1.1

T30

21.1 ± 0.6

T50

20.4 ± 0.5

T85

19.5 ± 0.3

Twet

Tair

***

T30

T50

T85

***

***

***

***

***

***

ns

*
ns

(e)
Drying
regime

NaOH srP %
(mean ± 1SD)

Twet

9.7 ± 0.2

Tair

10.3 ± 0.4

T30

9.8 ± 0.2

T50

10.5 ± 0.1

T85

10.7 ± 0.5

Twet

Tair

ns

T30

T50

T85

ns

**

***

ns

ns

ns

**

***
ns

Note: ns =non-significant, significant difference at *p < 0.05,
**p < 0.01,***p < 0.001, increase
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or decrease

of P.

(f)
Drying
regime

NaOH nrP %
(mean ± 1SD)

Twet

12.7 ± 0.3

Tair

8.7 ± 0.4

T30

7.5 ± 0.9

T50

7.5 ± 0.3

T85

7.9 ± 0.5

Twet

Tair

***

T30

T50

T85

***

***

***

**

**

ns

ns

ns
ns

(g)
Drying
regime

HCl srP %
(mean ± 1SD)

Twet

0.48 ± 0.16

Tair

0.38 ± 0.06

T30

0.34 ± 0.05

T50

0.45 ± 0.10

T85

0.36 ± 0.05

Drying
regime

HCl-ash srP %
(mean ± 1SD)

Twet

2.5 ± 0.1

Tair

2.5 ± 0.2

T30

2.2 ± 0.2

T50

1.9 ± 0.1

T85

1.2 ± 0.2

Twet

Tair

T30

T50

T85

ns

*

ns

ns

ns

ns

ns

ns

ns
ns

(h)
Twet

Tair

T30

T50

T85

ns

*

***

***

*

***

***

ns

***
***

Note: ns =non-significant, significant difference at *p < 0.05,
**p < 0.01,***p < 0.001, increase
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or decrease

of P.

3.3.2 XANES studies
Phosphorus XANES spectra were obtained for representative samples for all treatments
prior to extractions for P speciation and for the residue after each extraction step in the
SEDEX scheme for T air treatment. All spectra were essentially featureless and no useful
insights into changes in the P coordination sphere could be obtained. This is almost
entirely a consequence of the low natural abundance of P compared with the detection limit
of the technique.

3.3.3 Effect of drying on sediment Fe speciation
Changes in Fe Ox, FeCBD and the ratio of Fe Ox/FeCBD
Sediment Fe speciation was substantially changed due to drying and heating. See Figure
3.3 and Table 3.7. Total extractable Fe content ranged between 14,000 and 18,000 mg Fe
kg soil -1 and there was no clear trend with increasing drying. However, the highest level
was detected in the T 30 treatment. Percent oxalate-extractable Fe (Fe Ox as a percentage of
total Fe {FeOx+FeCBD} ) substantially declined upon air drying and further heating at 30 0C.
However, there were no marked changes upon further heating. There was a concurrent
increase of percent CBD-extractable Fe (Fe CBD as a percentage of total Fe {FeOx+FeCBD}) upon
air drying and heating at 30 0C. The ratio of FeOx/FeCBD substantially decreased upon air
drying. Once T air sediments were subjected to further drying, there was a notable decrease
in the T 30 treatment but it was not affected substantially upon further heating.
One-way ANOVAs revealed that sediment drying significantly affected Fe Ox %,
F (4, 20) = 294, p < 0.001 (Table 3.7a), Fe CBD %, F (4, 20) = 294, p < 0.001 (Table 3.7b),
and the ratio of FeOx/FeCBD, F (4, 20) = 521, p < 0.001 (Table 3.7c).
The amount of FeOx, FeCBD and the ratio of FeOx/FeCBD were significantly correlated,
some positively and some negatively with LOI %, r = 0.95, N = 25, p < 0.001, r = – 0.80,
N = 25, p < 0.001, and r = 0.95, N = 25, p < 0.001 respectively and with CBD srP, r = 0.82,
N = 25, p < 0.001, r = – 0.82, N = 25, p < 0.001, and r = 0.84, N = 25, p < 0.001
respectively. Almost 65% of the variability in CBD srP can be explained by FeOx
(Appendix 3).
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Figure 3.3 Mean (± 1SD) concentrations (mg Fe kg soil -1) of Fe
species in the sediments before (Twet) and after laboratory drying
(Tair, T30, T50, and T85) (n = 5 for each treatment).

Table 3.7 Significant differences in FeOx, FeCBD (as percentages of total
Fe{FeOx+FeCBD} ) and the ratio of Fe Ox/FeCBD of sediments subjected to different
drying regimes (Tukey HSD post hoc test)
(a)
Drying
regime

FeOx %
(mean ± 1SD)

Twet

83.6 ± 0.9

Tair

54.5 ± 2.0

T30

45.0 ± 1.0

T50

49.7 ± 3.5

T85

45.1 ± 2.0

Twet

Tair

T30

T50

T85

***

***

***

***

***

*

***

*

ns
*

Note: ns = non-significant, significant difference at *p < 0.05,
**p < 0.01, ***p < 0.001, increase
FeOx.
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or decrease

in the percent

(b)
Drying
regime

FeCBD %
(mean ± 1SD)

Twet

16.4 ± 0.9

Tair

45.5 ± 2.0

T30

55.0 ± 1.0

T50

50.3 ± 3.5

T85

54.9 ± 2.0

Twet

Tair

T30

T50

T85

***

***

***

***

***

*

***

*

ns
*

(c)
Drying
regime

Ratio of
FeOx/FeCBD
mean ± 1SD

Twet

5.10 ± 0.36

Tair

1.20 ± 0.10

T30

0.82 ± 0.03

T50

0.99 ± 0.14

T85

0.82 ± 0.07

Twet

Tair

T30

T50

T85

***

***

***

***

*

ns

*

ns

ns
ns

Note: ns = non-significant, significant difference at *p < 0.05,
**p < 0.01, ***p < 0.001, increase

or decrease

in the percent

FeCBD and the ratio of FeOx/FeCBD.

3.3.4 EXAFS studies
In all samples, the Fe k-edge showed evidence of two Fe-Fe distances, one at ~3.05 Å and
the second at 3.45 Å. The 3.05 Å distance has been shown to correspond to edge-sharing
FeO6 octahedra in Fe(oxy)hydroxides, while the 3.45 Å distance is more typical of doublecorner-sharing FeO6 octahedra (Manceau and Drits 1993). In all samples, there was a
strong background that diminishes the changes in EXAFS spectra across the drying series .
This background is likely to be Fe-containing clay minerals that are largely unaffected by
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the drying and heating treatments. As a consequence of this background, the changes in the
numbers of neighbours are small and similar in magnitude to the uncertainty in the fitted
number of neighbours.

There was a general increase in edge-sharing neighbours at 3.05 Å across the series T wet
– T 85. See Figure 3.4. This increase is consistent with the building of extended chains of
FeO6 octahedra, typical of many Fe(oxy)hydroxide minerals (e.g., gothite, lepidocrocite),
and similar to that observed for the transformation of hydrous ferric oxides to more
crystalline Fe(oxy)hydroxides (Manceau and Drits 1993). The number of neighbours at the
3.45 Å distance initially decreased between T wet and T air, and then increased across the

Coordination number (N)

series. The structural significance of this trend is not clear.

1.2

3.05 A

1.1

3.45 A

1
0.9
0.8
0.7
0.6
0.5
Twet

Tair

T30

T50

T85

Drying regimes
Figure 3.4 Fitted numbers of neighbours at 3.05 Å and 3.45 Å for
sediments before (T wet) and after laboratory drying (Tair, T30, T50, T85)
(n = 3 for each treatment).
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3.3.5 Effect of drying on P sorption capacity
3.3.5.1 Changes in orthophosphate affinity
Adsorption isotherms relating the orthophosphate (o-P) adsorption (S’) (mg P kg soil -1) to
the concentration of o-P remaining in the solution after 24 hours of equilibrium (C t) (mg P
L-1) are shown in Figure 3.5. The adsorption isotherms for sediments exposed to oven
drying (T 30, T 50, and T 85) were clearly different to the T wet and T air treatments, with greatly
reduced adsorption capacities. The adsorption capacities of T wet and T air were so high that
the maximum adsorption capacity was not achieved over the range of total o-P
concentrations used. The results show that T wet had the highest affinity for o-P and that this
affinity was diminished by air drying and further (significantly) diminished by heating.

Tair

S’ (mg P kg soil -1)

Twet

T30
T50
T85

Ct (mg P L-1)

Figure 3.5 Phosphate adsorption isotherms for sediments before (T wet) and
after laboratory drying (T air, T30, T50, T85). Ct is the orthophosphate (o-P)
concentration remaining in solution at equilibrium (24 h) and S’ is the amount
of o-P adsorbed per gram sediment (dry weight) (n = 5 for each treatment).
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3.3.5.2 Changes in P sorption parameters
Orthophosphate adsorption on sediments before and after drying treatments was well
described by the linear model at low (near-ambient) equilibrium P concentrations (see
Section 3.2.3.1) with coefficient of determination (R2) values of 0.97 or higher for all the
sediment samples (Figure 3.6). Orthophosphate adsorption parameters, linear adsorption
coefficient (K d) (L kg-1), equilibrium phosphate concentration (EPC0) (mg P L -1), and
native sediment P present in the adsorbed phase (S 0) (mg P kg soil -1) were determined
using a least squares fit of S’ versus C t. Fitted-values are given in Table 3.8.

T30
R2 = 0.97

Twet
R2 = 0.97

T50
R2 = 0.99

S’ (mg P kg soil -1)

Tair
R2 = 0.99

T85
R2 = 0.98

Ct (mg P L-1)

Figure 3.6 Phosphate adsorption isotherms for sediments before (T wet)
and after laboratory drying (T air, T30, T50, T85). Ct is the orthophosphate
(o-P) concentration remaining in solution at low (near-ambient)
equilibrium concentrations (24 h) and S’ is the amount of o-P adsorbed
per gram sediment (dry weight) (n = 5 for each treatment).
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Table 3.8 Phosphorus sorption parameters (mean ± 1SD) for
sediments before and after laboratory drying (one-way ANOVA)

Drying
regime

Kd
(L kg-1)

S0
(mg P kg soil -1)

EPC0
(mg L -1)

T wet

1,578 ± 330

2.18 ± 1.29

0.0013 ± 0.0006

T air

627 ± 32

7.12 ± 1.07

0.0113 ± 0.0013

T 30

125 ± 5

8.46 ± 0.57

0.0676 ± 0.0021

T 50

108 ± 3

10.94 ± 0.77

0.1015 ± 0.0064

T 85

60 ± 1

21.17 ± 1.08

0.3554 ± 0.0145

F-value

95

251

2021

p-value

0.001

0.001

0.001

Note: Sorption parameters: linear adsorption coefficient (K d), native P
present in the adsorbed phase (S 0), equilibrium phosphate concentration
(EPC0).

The sorption parameters indicative of sediment P sorption behaviour showed a
consistent trend across the drying series. The linear adsorption coefficient (K d) substantially decreased upon air drying from 1578 ± 330 L kg-1 in T wet to 627 ± 32 L kg-1 in T air
treatments. Further decreases in K d were observed across the heating series, with the
lowest value observed for T 85 (60 ± 1 L kg-1). The amount of native sediment P present in
the adsorbed phase (S 0) was found to be lowest in the T wet treatment (2.18 ± 1.29 mg kg-1)
and to substantially increase upon air-drying (7.12 ± 1.07 mg kg-1). Further increases in S 0
were observed across the heating series. The equilibrium phosphate concentration (EPC 0)
at which neither adsorption nor desorption occurs was significantly affected by sediment
drying. The T wet treatment exhibited the lowest EPC 0 and air drying substantially increased
this value from 0.0013 ± 0.0006 mg L -1 in T wet to 0.0113 ± 0.0013 mg L -1 in T air. A further
increase was also observed across the heating series, with the maximum EPC 0 measured
for the T 85 treatment. One-way ANOVAs revealed that sediment drying significantly
affected P sorption behaviour. See Table 3.8.
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Kd was found to significantly and negatively correlate with S 0 and EPC0, r = – 0.70,
N = 25, p < 0.01, r = – 0.57, N = 25, p < 0.01 respectively. On the other hand, a strong
positive correlation was found between S 0 and EPC0, r = 0.96, N = 25, p < 0.001. More
than 90% of the variability in EPC0 can be explained by S 0 (Appendix 3). There was a
significant positive correlation between K d and organic matter content (LOI%), r = 0.94, N
= 25, p < 0.001, with LOI% explaining 88% of the variability in K d (Appendix 3). Kd was
significantly and positively correlated with the amount of Fe Ox, r = 0.87, N = 25, p < 0.001,
and with the ratio of FeOx/FeCBD (r = 0.92, N = 25, p < 0.001; but negatively correlated
with FeCBD, r = – 0.86, N = 25, p < 0.001. Also, the amount of FeOx and the ratio of
FeOx/FeCBD accounted for most of the variability in Kd (76% and 91% respectively). See
Appendix 3.

The amount of MgCl 2 srP in the dried sediments coincided with increased S 0 and EPC0,
r = 0.95, N = 25, p < 0.001, r = 0.87, N = 25, p < 0.001, respectively. Consistent with the
correlation results, MgCl2 srP accounted for most of the variability in S 0 (90%). See
Appendix 3.

3.4 Discussion
Under natural conditions, floodplains apparently exist in four alternating phases: wet
phase, wet–dry transitional phase, dry phase, and dry–wet transitional phase. This study
looked at how the wet–dry transitional phase could affect P dynamics in a floodplain
sediment. While 85 0C is obviously an extreme temperature and one not usually
encountered in these types of environments, soil temperatures of just under 50 0C have
been recorded in Yanga National Park (J. Wilson pers comm. 2009) and such high
temperatures are predicted to occur much more frequently at Yanga as a consequence of
climate change (D. Nielson pers. comm. 2009).
3.4.1 Impact of drying on redistribution of ‘organic’ and ‘inorganic’ P forms
Interestingly, there existed a redistribution of sediment P species when floodplain wetland
sediments were exposed to varying degrees of laboratory drying treatments. There was a
shift for sedimentary P from phases that have been associated with labile and non -labile
‘organic’ substrates (corresponding to NaHCO 3 nrP and NaOH nrP respectively) to phases
that are ‘inorganic’ (corresponding to MgCl 2 srP and NaHCO3 srP respectively) under
drying and heating.
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3.4.1.1 Changes in microbial biomass P
In the present study, sediment drying significantly decreased microbial biomass P (MBP)
content. Decreased microbial biomass upon drying may be an indication of partial sterilisation
brought about by drying-induced physiological water stress which is generally in agreement
with previous studies (Blackwell et al. 2009; De Groot and Van Wijck 1993; Kieft et al.
1987; Qui and McComb 1995; Sparling et al. 1985; Van Gestel et al. 1993). It is highly
likely that a greater decrease of MBP upon air drying is due to the death of benthic
microbes / obligate anaerobic bacteria after exposure to air. However, significantly higher
MBP in T air compared with the sediments subjected to further heating is probably a
reflection of the stimulating effect of bacterial activity in the air -dried stage. Harris (1981)
reported that slower rates of drying could cause a slower rate of decline in microbial
biomass population and activity because of the opportunity for adaptation to physiological
changes in response to desiccation. Previous studies have shown that increased nutrient
concentrations upon drying may result in a stimulation of bacterial activity in the early
stages of drying with sufficient moisture and oxygen, resulting in an increased
accumulation of bacterial biomass P (De Groot and Van Wijck 1993; Soulides and Allison
1961). Interestingly, a significant and substantial decline of MBP in T 85 suggests a further
stage of bacterial mortality under extreme heating.

3.4.1.2 Changes in organic matter content (LOI%)
There was a substantial reduction of LOI% during the period of air drying and this further
decreased significantly upon heating at 85 0C. The reason for the changes in LOI% may
be attributed to different ways in which sediment microbial biomass and organic matter
are influenced by the varying degrees of drying. The results confirmed that sediment
drying accelerates organic carbon decomposition. On the other hand, sediment drying also
reduces microbial biomass and activity. See Section 3.4.1.1. So, there must be an optimum
period where there is enough air, moisture, temperature, and microbial community to
readily decompose the sediment organic matter. Apparently, the enhanced microbial
decomposition appeared to occur during the air-dried stage. See Section 3.4.1.1. It has long
been recognised that the stimulating effect of drying a soil brings about changes in soil
organic matter (Laura 1974, 1975b; Raveh and Avnimelech 1978; Van Schreven 1968),
making it more available as a source of energy for microorganisms (Birch 1958, 1959 ;
Waksman and Starkey 1923a, 1923b). Senevirathne and Wild (1985) investigated th e
stimulating effect of mild drying on the mineralisation of soil nitrogen and it was greater
after four cycles of wetting and drying than after one.
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Even though it was not remarkable, the later significant reduction of LOI% in the T 85
treatment may be attributed to an abiotic decomposition of organic substrates. During this
period of heating, the disappearance of the microbial population (see Section 3.4.1.1)
occurred with concurrent drying-induced increased organic matter oxidation which was
found to enhance further decomposition. Soulides and Allison (1961) found that prolonged
drying increased the rate of decomposition in the soil organic matter whereas multiple
drying had a cumulative effect.

3.4.1.3 Changes in P solubility
A substantial increase of P solubility was observed with the severity of sediment drying,
with the increase largely in the unreactive portion (water-MUP). The largest change in the
water-MRP is observed between T wet and T air, whereas water-MUP increased across the
drying series. On average, the increase of water-TP following air drying (350%) and after
heating at 85 0C (736%) was within the range of 185–1,900% reported for 29 UK lowland
pasture soils under air drying at 30 0C for 7 days by Turner and Haygarth (2001).

Consistent with the findings of Van Gestel et al. (1992), in the present study
sedimentary organic carbon substrates were mineralized probably via activity of a larger
proportion of decomposer microbes that survive air drying. This in turn resulted in
increasing water-MRP in the T air treatment. See section 3.4.1.1. Previous studies have
shown that damaged bacterial cells upon desiccation can be repaired within an hour of
rehydration (Bushby and Marshall 1976). However, the lack of significant differences in
water-MRP among further heating treatments may be attributed to co-occurrence of
mineralisation, microbial uptake, and/or immobilisation by sediment mineral phases.

Consistent with the findings of Turner and Haygarth (2001), Turner et al. (2003), and
Turner et al. (2002), almost all the soluble P measured in the water extracts of dried
sediments existed as MUP. This can be attributed to drying-induced ‘organic’ P solubility.
Interestingly, correlation analysis confirmed that both microbial biomass and other organic
sources also contribute to the drying-induced ‘organic’ P solubility given that LOI% and
MBP were significantly correlated with water-TP and with water-MUP.

A substantial increase of water-MUP upon air drying may be largely derived from
microbial cell lysis since there were larger quantities of microbial biomass P in the T air
treatment compared with T 30, T 50, and T 85 (see Section 3.4.1.1). Previous studies have
shown that soil drying followed by rapid re-wetting can kill a large amount of viable
microbial biomass (Kieft et al. 1987; Turner et al. 2003; Van Gestel et al. 1993) due to
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microbial cell lysis resulting from osmotic shock upon rewetting (Fierer and Schimel 2003 ;
Kieft et al. 1987; Salema et al. 1982). This may be attributed partly to substantial increases
in water-MUP following soil drying (Turner and Haygarth 2001).
Given that MBP substantially declined upon further heating, increased ‘organic’ P
solubility across the heating series primarily occurred via releasing previously protected
organic substrates. Previous studies have shown that soil drying-rewetting processes can
release organic matter from physical protection within aggregates (Adu and Oades 1978 ;
Birch and Friend 1956a; Denef et al. 2001a; Soulides and Allison 1961; Sorensen 1974).

3.4.1.4 Changes in SEDEX P speciation
There were no substantial differences in total extractable P content under different drying
regimes, presumably indicating a drying-induced internal transformation or redistribution
of sediment P pools. Previous studies have shown marked changes in the fractional
distribution of P upon sediment drying (De Groot and Fabre 1993; De Groot and Van
Wijck 1993; Fabre 1992; Twinch 1987; Schlichting and Leinweber 2002). In this study,
MgCl2 srP (corresponding to exchangeable / loosely sorbed P) and NaHCO 3 srP
(corresponding to reactive P associated with labile organic matter) substantially increased
during the early stages of the drying process, indicating the processes generating this pool
possibly commenced at the beginning of the drying process. Interestingly, heating at 85 0C
accelerated these processes, and hence significant and substantive quantities of MgCl 2 srP
and NaHCO3 srP were detected in the T 85 treatment.
In contrast to the MgCl 2 srP and NaHCO 3 srP pools, NaHCO3 nrP (corresponding to
non-reactive P associated with labile organic matter) significantly and considerably
decreased across the drying series. NaOH nrP also decreased significantly with increased
sevierity of drying. This particular P pool corresponds to organic P associated with
polyphosphates that are most probably of bacterial origin (Baldwin 1996b), phytate or
inositol hexaphosphate, and P bound to humic and fulvic acids (Golterman et al. 1998).
Interestingly, drying-induced decrease in the NaHCO3 nrP and NaOH nrP pools
predominantly occurred relatively early in the drying process, indicating easily degradable
nature in these pools against drying.

However, the drying-induced changes in NaOH srP and HCl srP were not substantial.
HCl-ash srP significantly and substantially declined during the later stages of the drying
process especially in the T 85 treatment. This is more likely a reflection of relatively more
resistant/refractory nature of this particular P pool.
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Highly significant and negative correlations of organic matter content (LOI%) and
microbial biomass P (MBP) with MgCl 2 srP and NaHCO3 srP clearly revealed that the
most likely sources for these P pools were derived from drying-induced breakdown and
subsequent mineralisation of organically bound labile and non-labile organic substrates.
This is consistent with the concurrent decrease in the NaHCO 3 nrP and NaOH nrP pools
upon sediment drying, and further confirmed by the highly significant and positive
correlations of NaHCO 3 nrP and NaOH nrP with LOI% and MBP. Hence, it is reasonable
to suggest that there is a re-distribution of organically bound P species to more reactive
forms after being mineralised upon sediment drying. The results of this study are
consistent with the findings of Qiu and McComb (1994) who suggested that accumulation of
soluble inorganic P during air drying was caused by a breakdown of organic material.
Moreover, Olila et al. (1997) found that soil drainage and subsequent oxidation can cause a
shift in P fractions from labile organic to bioavailable inorganic forms.

3.4.2 Impact of drying on crystallinity of sediment Fe mineral phases
The results highlighted that air-drying substantially lowered Fe Ox (corresponding to
amorphous / poorly-crystalline Fe oxides) but increased Fe CBD (corresponding to
crystalline Fe oxides) in the T air treatment. This suggests that there was an increase in the
crystallinity of sediment Fe mineral phases due to air drying. As a consequence of heating,
Fe crystallinity appears to have been enhanced in the T 30 treatment, but further heating was
not found to be influential. Further, drying and heating significantly and substantially
lowered the ratio of Fe Ox/FeCBD (corresponding to the degree of crystallinity). In Qiu and
McComb’s (2002) studies, the Fe Ox/FeCDB ratios of wet and air-dried sediments from seven
shallow lakes near Perth, Western Australia suggested an increase in Fe crystallinity upon
air drying. Moreover, previous studies have shown increased Fe crystallinity upon in-situ
and laboratory drying (Baldwin 1996a; Baldwin et al. 2000; Qiu and McComb 1994; Sah
et al. 1989a).

There was a drying-induced reduction of CBD srP (corresponding to P bound to easily
reducible or reactive Fe mineral phases) mainly upon air drying and further enhanced on
heating. This indicates that when the sediments are exposed to air drying and heating, P
sorption capacity of sediment Fe mineral phases decreases as a consequence of drying induced crystallinity of these mineral phases. The CBD leach in the SEDEX scheme is
supposed to measure soluble reactive P associated with both amorphous and crystalline Fe
oxide phases. However, correlational analysis revealed that CBD srP primarily consists of
reactive P associated with amorphous / poorly-crystalline Fe oxides that were supposedly
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leached by the oxalate extraction (Fe Ox). The results indicate that the CBD srP was
significantly and positively correlated with amount of FeOx but negatively correlated with
the amount of Fe CBD. Regression analysis showed that the decrease in FeOx accounted for
the decrease in CBD srP.

Consistent with the results of the chemical analyses, the EXAFS data revealed an
increased crystallinity across the drying series, resulting in a decreased sorption capacity
of sediment Fe mineral phases. The inter-conversion of Fe(oxy)hydroxides has been well
studied by solution chemistry and is thought to proceed at the atomic level via two
competing pathways: dissolution/re-precipitation and solid-state rearrangement (Cornell
and Giovanoli 1990; Fischer and Schwertmann 1975). Moreover, 3.05Å (r3) is typical of
the edge-sharing octahedral in Fe oxides (Manceau and Drits 1993). In the present study,
an increase in Fe-Fe coordination number at this distance is an indication of increased
crystallinity of the Fe oxide phases. According to the previous studies, the driving force of
these structural rearrangements may be the dehydration and further de-hydroxylation of
Fe-OH-Fe bonds via internal dehydration-rearrangement mechanisms (Manceau and Drits
1993) resulting in an increase of the density of edge-sharing linkages. The increase in
edge-sharing neighbours suggested the formation of longer chains and therefore a decrease
in the number of adsorption sites (P adsorption at the end of chains). This is entirely
consistent with the observed decrease in P associated with Fe oxides, as measured by CBD
srP.

3.4.3 Impact of drying on orthophosphate affinity
Understanding the P sorption characteristics of sediments can help to generate estimates of
the P-holding capacity of sediments. The adsorption coefficient (K d) indicates that the
buffer intensity for P sorption significantly decreased upon air drying and heating. This
indicates that exposed, saturated sediments (T wet) sorb more P than do dried sediments and
that they are more effective in removing orthophosphate from overlying floodwaters. This
is further supported by greater maximum adsorption capacities observed in the T wet
treatment (refer to Figure 3.3). Reddy et al. (1995) reported lower Kd values in stream
sediments in the Lake Okeechobee Basin, suggesting poor P binding capacity and potential
of these sediments to readily desorb P into the water column.

Interestingly, K d correlated significantly with organic matter content (LOI%), implying
active participation of organic matter in P sorption of lowland floodplain-wetland
sediments. Sanyal and De Datta (1991) attributed the role of organic matter in enhancing P
sorption to the association of soil organic matter with Fe and Al hydroxides . This organo-
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metallic association may provide increased accessibility of orthophosphate to active
sorption sites on hydroxy-Fe and hydroxy-Al in organic matter. In this study, Kd was
significantly and positively correlated with Fe Ox. This indicates that amorphous / poorlycrystalline Fe species which is supposedly extracted by acid ammonium oxalate
(corresponding to FeOx) exhibit very high affinity for P showing greater P adsorption
capacity (corresponding to Kd) (Baldwin 1996a; Baldwin et al. 2000; Borggaard 1982;
Parfitt 1989; Patrick and Khalid 1974; Sah et al. 1989b, 1989c; Willett and Higgins 1978).

The significant positive correlation between the ratio of FeOx/FeCBD and K d may indicate
that the sediment buffer capacity decreases with increased crystallinity of Fe mineral
phases. This is most likely a reflection of lower sorption capacity in well-crystallised Fe
mineral phases in the dried sediments. Interestingly, however, in spite of considerable
contribution of LOI% and FeOX, Kd was better predicted by the ratio value of FeOx/FeCBD,
explaining more than 90% of the variability. It is conceivable, therefore, that the combined
effect of positive and negative relationships of Fe Ox and FeCBD is much more intensified
and accounted for most of the variability in sediment P sorption than did either one alone.
However, in the present study, the greatest change in increased Fe crystallinity appeared to
be between T wet and T air treatments as measured by Fe Ox. On the other hand, the greatest
change in decreased P adsorption capacity occurred between T air and T 30 treatments. See
Figure 3.3. This discrepancy between the Fe Ox and the maximum adsorption capacity
remains unexplained.

Previous studies have shown that once soil/sediment is allowed to dry, amorphous Fe
mineral phases dehydrate and their surface area or number of orthophosphate binding sites
decrease, resulting in lower sorption capacities or lower affinity towards orthophosphate
(Baldwin 1996a; Baldwin et al. 2000; Sah et al. 1989b, 1989c). Baldwin et al. (2000)
demonstrated substantially lower and almost similar maximum orthophosphate binding
capacities for both submerged and desiccated sediments from a shallow wetland (ca. 6 ,000
years old). This was attributed to the ‘ageing’ of Fe mineral phases that have undergone a
transformation as a consequence of sediment desiccation, presumably making sediment
minerals increasingly more crystalline and lowering sediments’ P sorption capacity. The
results obtained in the present study are in accordance with those of Twinch (1987) and
Qiu and McComb (2002, 1994) who found decreased P sorption capacities when the
sediments were exposed to varying degrees of in-situ and laboratory drying.

In the present study, Kd was significantly and negatively correlated with S0 and EPC0,
suggesting that Kd shares an opposing sorption property compared with S0 and EPC0. On
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the other hand, there were strong positive correlations between S 0 and EPC0, indicating
that both share a similar sorption property. The lowest EPC 0 values were estimated in the
T wet treatment, reflecting greater buffer capacity compared with the dried sediments.
Therefore, any changes in solution orthophosphate concentration are compensated for by
sediment adsorption-desorption processes maintaining a constant pore water
orthophosphate. Consequently, once T wet sediments were exposed to air drying, there was a
large increase of native sediment P in the adsorbed phase (S0) and it was more profound
under heating at 85 0C. Significant positive correlations of MgCl 2 srP with EPC0 and S0
clearly indicate that accumulated loosely sorbed P during the period of drying will be
released into the water column upon re-flooding. The MgCl 2 srP which is loosely sorbed
onto sediment surfaces is considered to be the easily released fraction, and is hence readily
exchangeable with the overlying water column (Baldwin et al. 2002). Overall, the results
suggested that dried sediments will maintain higher water column orthophosphate
concentrations compared with wet sediments and this has important implications for the
downstream aquatic ecosystems during re-flooding events after a period of drought.

3.5 Summary and conclusions
The results of this study suggest that both microbial biomass P and other organic sources
contribute to the drying-induced increased P solubility in wetland sediments. There were
significant increases of MgCl 2 srP and NaHCO3 srP fractions but significant decreases of
NaHCO3 nrP, NaOH nrP, and HCl-ash srP upon air drying and heating. These results
clearly demonstrated that previously ‘organically’ bound labile and non-labile P in wetland
sediments must have undergone drying-induced transformations and are likely to be
recovered in ‘inorganic’ P pools.

This study has clearly shown that the capacity to release or retain orthophosphate was
significantly affected during the sediment drying process. Significantly lower oxalate
extractability upon air drying and heating indicated an increased crystallisation of
amorphous Fe mineral phases (as measured by lower FeOx), confirming drying-induced
mineralogical transformation. This may lead to a lower number of sorption sites , thus
sorbing P to a lesser extent (as measured by lower CBD srP) with greater potential to
accumulate as soluble-reactive P (as measured by higher MgCl2 srP and NaHCO3 srP) in
the dried sediments. The results suggested that P sorption behaviour in floodplain wetland
sediments dominated by amorphous / poorly-crystalline Fe mineral phases are more
sensitive to the degree of iron crystallinity. Relatively higher adsorption coefficient (K d),
FeOx, the ratio of FeOx/FeCBD, and CBD srP, together with lower native P (S 0), equilibrium
phosphate concentration (EPC 0), MgCl 2 srP, and FeCBD in saturated wet sediments, suggest
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that low-land floodplain wetland sediments would probably act as sinks for orthophosphate
in the overlying floodwater. However, when the wetland sediments are exposed to drying
and heating, the dried-sediments could result in a flush of orthophosphate upon reflooding.

In conclusion, the results provided explicit experimental evidence that the severity of
sediment drying plays a vital role in determining the drying-induced changes in sediment P
dynamics. The low-land river floodplain wetlands may usually act as a net sink for
orthophosphate in the overlying water column but switch to a net source of orthophosphate
during re-flooding events, particularly after a period of drying. This may have important
implications for changes in patterns of droughts and rainfall events under global climati c
change models with a predicted shift towards higher temperatures and longer drought
periods in the future. This could have significant effects on the cycling of sediment P and ,
more importantly, significant release of P from the sediment to surface water bodies, a
possible stimulation of eutrophication problems. Therefore, the next experimental chapter
(Chapter 5) was designed to provide a greater understanding of P release dynamics when
the desiccated sediments are followed by re-flooding in laboratory microcosms with a
particular focus on changes to Fe and P speciation. However, before proceeding with the
re-flooding experiment, the dried sediments stored at room temperature (20 0C) for 6
months were re-analysed to see whether the sediments had changed during the period of
ambient dry-storage. This is the focus of the next chapter, Chapter 4.
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Chapter 4
Effect of Storage Conditions
on Phosphorus and Iron Speciation
4.1 Introduction
In the previous chapter (Chapter 3), it was clearly shown that the drying of floodplain
wetland sediments was accompanied by appreciable changes in the sediment-bound P
speciation, Fe speciation, and sediment P sorption behaviour. In the next chapter (Chapter 5),
using the same sediments but after six months of dry storage at ambient temperatures (20 0C), I
will evaluate how these dried sediments respond to re-flooding.

Re-collection and re-treating of sediments for the re-flooding experiment (Chapter 5)
necessarily involves a meticulous repetition of the previously described sample preparation
techniques. After six months period from the initial sample collection (Chapter 3), significant
and unavoidable circumstances in environmental conditions/ extreme weather conditions may
occur in the study area as previously had in Yanga National Park. The sediment sampling then
may not be realistic. Despite these disadvantages, newly sampled sediments are free from
storage effects.

When considering same stored sediments (used in Chapter 3), the impacts also include both
benefits and drawbacks. Instead of time-consuming, this saves the sample preparation time.
Since the sediments have experienced the same environmental conditions such as redox
ossilations, desiccation, re-flooding and decomposition processes, they are highly unlikely to be
different. Despite such advantages, the effect of storage conditions on sediment properties is a
matter of a major concern.

Soil is commonly stored in an air-dried state under ambient temperature for extended
periods before chemical analysis. Depending on the time of storage (from a few days to a
several months), the soil may undergo a deterioration or degradation process in terms of its
microbiological, as well as its structural and chemical condition. Bartlett and James (1980)
reported that drying and increasing time of storage tend to increase the disaggregation of
soil and destroy organic matter coatings on mineral surfaces, thereby enhancing the
continue during dry storage. Gupta and Rorison (1974) suggested that cold storage (5 0C)
is better for the preservation of soil samples than is room temperature due to the higher
likelihood of ongoing physico-chemical changes. Using tropical rain forest soils, Turner

82

and Romero (2009) demonstrated that rapid air drying and storage of initially field -moist
samples may be acceptable for some measurements (e.g., PO 4, cations, and pH), but is
unlikely to preserve the speciation of inorganic nitrogen. Zornozaa et al. (2009), on the
other hand, showed that storage of air-dried soil samples for 6 months at room temperature
had no significant effects on the various microbiological and biochemical properties.

It is more preferable to use the same stored but treated sediments for the re-flooding
experiment (Chapter 5) rather than recollecting and treating sedments for the study. However,
given the uncertainty of the effects of dry storage on sample integrity, particularly with
respect to P and Fe speciation, the re-evaluation of sediments after 6 months of dry storage
is essential in order to accurately assess the effects of re-wetting described in the next
chapter. In this chapter (Chapter 4), I investigate whether any further changes occur in P or
Fe speciation during storage at ambient temperatures. In particular, the post -storage
analyses described in this chapter are aimed at determining whether the sediments changed
during the period of ambient dry storage and to see whether the changes induced by
desiccation (Chapter 3) still remain after 6 months of ambient dry storage.

4.2 Materials and methods
4.2.1 Sediment analysis after 6 months of ambient dry storage
Laboratory dried sediment samples (T air, T 30, T 50, T85) from the previous chapter were
stored at room temperature (20 0C) on a laboratory bench top. After 6 months of storage,
each of the following chemical analyses was performed on a total of 20 samples from the
four treatment types (five replicates each).

Laboratory analyses
SEDEX P speciation was conducted according the method proposed by Ruttenberg (1992)
as modified by Baldwin (1996b) and described in detail in Chapter 2, Section 2.4. For all
extracts except citrate-bicarbonate-dithionite (CBD), the soluble reactive P (srP) in
solution was measured by the ascorbic acid method (APHA 1998). Soluble reactive P (srP)
in CBD extracts was measured using the isobutyl alcohol method (Watanabe and Olsen
1962). Total P in solution was measured after NaOH-K2S2 O8 digestion (Hosomi and Sudo
1986).

Amorphous / poorly-crystalline and well crystalline iron oxides (Fe Ox and FeCBD
respectively) were determined by sequential extraction with ammonium oxalate and
citrate-bicarbonate-dithionite respectively (see Chapter 2, Section 2.5.3 for details). Total
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Fe in solution was measured by atomic absorption spectrometry (AAS) using a Varian fast
sequential atomic absorption spectrometer (Model AA240FS).

4.2.2 Statistical analyses
Statistical analyses were performed using SPSS v21. General descriptive and exploratory
statistics were used to describe the data. Significance of storage-induced changes in
sediment P forms and Fe speciation was determined using the independent samples t-test.

4.3 Results and discussion
4.3.1 Effect of ambient dry-storage on P speciation
Phosphorus speciation data are shown in Table 4.1 for floodplain sediments after drying
(T air, T 30, T 50, and T 85; data from Chapter 3) and these same sediment samples after 6
months of storage under ambient conditions. The observed changes in P speciation were
generally small, although significant changes were detected in some species, in par ticular,
MgCl2 srP, NaHCO3 nrP, and NaOH nrP.

The distribution MgCl 2 srP (corresponding to exchangeable or loosely sorbed P) was
observed to decrease slightly (but significantly) in T 30 and T 50 sediments after dry storage.
See Table 4.1. Stored T air sediments also showed slightly lower levels of MgCl2 srP.
However, the MgCl2 srP in stored T 85 sediments increased slightly, but both changes were
non-significant. The decrease in the exchangeable P fraction was probably due to
continuous solid-state diffusive penetration of sorbed P ions into soil particles (Bramley et
al. 1992) and/or diffusion of inorganic P into the interior of small soil aggregates (Turner
2005). It is also possible that surviving microbes in T air, T 30, and T 50 sediments consumed
orthophosphate during the period of storage.

Significant (but small) changes were also observed for NaHCO 3 nrP (non-reactive P
associated with labile organic matter) during dry storage for all samples except T 50.
However, the changes were contradictory, with a decrease in NaHCO 3 nrP for T air (16.4 ±
1.1% → 13.8 ± 1.9%) and increases in NaHCO 3 nrP for T 30 and T 85 sediments (15.2 ±
0.6% → 16.6 ± 0.8% and 11.6 ± 0.4% → 13.0 ± 1.2%, respectively). Associated with these
changes were small (but significant) changes in NaOH nrP (non-reactive P associated with
non-labile organic matter), particularly for T air and T 85 sediments (8.7 ± 0.4% → 7.2 ±
1.3% and 7.9 ± 0.5% → 6.0 ± 1.2% respectively).
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Table 4.1 SEDEX P species as percentages of total P (mean ± 1SD) in non-stored (original) and stored sediment samples and significant
results of the independent samples t-test demonstrating the effect of sediment storage on P speciation (n = 5 for each treatment)

Sediment
treatment

Dry
storage
(months)

Total P
(mg P
kg soil-1)

MgCl2
srP %

NaHCO3
srP %

NaHCO3
nrP %

CBD
srP %

NaOH
srP %

NaOH
nrP %

HCl
srP %

HCl-ash
srP %

Tair
Tair

0
6

1034 ± 13
1017 ± 25

1.86 ± 0.04
1.79 ± 0.05

34.8 ± 0.6
37.5 ± 2.3

16.4 ± 1.1
13.8 ± 1.9*

25.0 ± 1.1
25.5 ± 0.9

10.3 ± 0.4
11.4 ± 1.0 *

8.7 ± 0.4
7.2 ± 1.3*

0.4 ± 0.1
0.4 ±0.1

2.5 ± 0.2
2.4 ± 0.2

T30
T30

0
6

1030 ± 10
1049 ± 25

2.15 ± 0.09
41.7 ± 0.8
**
40.7 ± 0.8
1.82 ± 0.03

15.2 ± 0.6
16.6 ± 0.8 *

21.1 ± 0.6
21.1 ± 1.3

9.8 ± 0.2
9.9 ± 1.4

7.5 ± 0.9
7.7 ± 1.6

0.3 ± 0.1
0.3 ±0.1

2.2 ±0.2
2.0 ±0.1

T50
T50

0
6

1028 ± 10
1035 ± 27

2.14 ± 0.08
42.6 ± 1.0
***
42.3 ± 1.6
1.87 ± 0.05

14.4 ± 1.4
14.2 ± 1.4

20.4 ± 0.5
21.4 ± 0.8

10.5 ± 0.1
10.6 ± 0.6

7.5 ± 0.3
7.1 ± 0.3

0.4 ±0.1
0.3 ± 0.1

1.9 ±0.1
2.3 ±0.4

T85
T85

0
6

1024 ± 9
1020 ± 11

3.53 ± 0.08

11.6 ± 0.4
13.0 ± 1.2 *

19.5 ± 0.3
19.4 ± 1.1

10.7 ± 0.5
10.4 ± 0.7

7.9 ± 0.5
0.4 ± 0.1
**
0.4 ± 0.1
6.0 ± 1.2

1.2 ±0.2
1.4 ±0.1

3.69 ± 0.16

45.1 ± 0.2
45.7 ± 1.0

Note: Significant differences between non-stored and stored samples are indicated by * p <0.05, ** p <0.01 and *** p <0.001.

85

The apparent contradictory trends can be explained by several concurrent processes. The
decrease of NaHCO 3 nrP in T air sediments is likely to be associated with the hydrolysis of
labile organic matter by surviving and regenerated sediment microbial consortia during the
dry storage period. The increased labile organic matter (NaHCO 3 nrP) in T 85 may originate
from non-labile organically bound substrates (NaOH nrP), although it is not clear why this
did not occur in T 30 and T50 samples. Consistently, using a range of pasture soils from
England, Turner (2005) showed a mean increase of 95% in NaHCO 3 nrP and a mean
decrease of 21% in NaHCO 3 srP after 3 years of storage at ambient laboratory temperature.
This was attributed to the disruption of organic matter coatings on mineral surfaces,
continuous solid-phase diffusion of phosphate into soil particles, and decomposition of
microbial cells.

In this study, even though it was not distinct, there were several inter-connected
processes occurring in the sediment during the period of dry storage. There was a
conversion of non-reactive P from non-labile organic matter to labile organic substrates,
particularly in the sediments subjected to higher temperatures. In addition, there was a
mineralisation of non-reactive P in labile organic substrates during the dry storage period.
Moreover, exchangeable P fraction or reactive P pool that is loosely sorbed onto mineral
surfaces appeared to decrease during the dry storage.

The observed changes of sediment P speciation during the period of dry storage
appeared to be very small. Apparently, there were substantial differences in sediment P
speciation when the wet sediments (T wet) were subjected to air drying (T air). See Chapter 3
for details. The effects of transition from wet sediments to dried sediments, and from dried
sediments to wet sediments, are more pronounced than are the effects of dry storage on
sediment P speciation.

4.3.2 Effect of ambient dry storage on Fe speciation
Ion speciation in floodplain soils after drying (T air, T 30, T 50, and T 85; data from Chapter 3),
and in the same samples after 6 months of storage at ambient temperature, are shown in
Table 4.2. No significant differences in the distribution of Fe Ox, FeCBD, and the ratio of
FeOx/FeCBD were observed for any of the samples, indicating that there were no significant
changes in Fe mineralogy during storage.

It is well recognised that distinct changes in Fe mineralogy are associated with the
transition from wet sediments to dry, and dry sediments to wet. In Chapter 3, it was clearly
shown that air drying substantially increased the crystallinity of Fe oxides compared with
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wet sediments. Previous studies have shown that under reducing conditions Fe(II)
accumulates in the soil solution, and under oxidising conditions rapid precipitation of
Fe(III) into amorphous Fe oxides occurs. Hence, repeated redox oscillations are predicted
to promote the accumulation of amorphous Fe oxides (Kirk 2004). Moreover, Thompson et
al. (2006) showed that Fe oxide crystallinity increases during redox oscillations. In this
study, the observation that no further changes occurred during dry storage showed that the
increase in Fe crystallinity in Chapter 3 was entirely due to the transition of sediments
from wet to dry state.

Interestingly, no significant changes in the CBD srP (corresponding to reactive P bound
to easily reducible or reactive Fe mineral phases) observed during the period of storage
was consistent with the stable Fe mineralogy.

Table 4.2 Extractable Fe species as percentages of total Fe {FeOx+FeCBD} and the ratio of
FeOx/FeCBD (mean ± 1SD) in non-stored and stored sediment samples (n = 5 for each
treatment)

Sediment
treatment

Dry
storage
(months)

Total Fe
(mg Fe
kg soil-1)

FeOX %

FeCBD %

Ratio of
FeOx/FeCBD

Tair
Tair

0
6

13688 ± 341
14384 ± 474

55 ± 2.0
57 ± 1.1

45 ± 2.0
43 ± 1.1

1.20 ± 0.10
1.31 ± 0.06

T30
T30

0
6

18336 ± 977
18687 ± 223

45 ± 1.0
46 ± 1.0

55 ± 1.0
54 ± 1.0

0.82 ± 0.03
0.85 ± 0.04

T50
T50

0
6

13892 ± 1122
15069 ± 216

50 ± 4.0
46 ± 4.0

50 ± 4.0
54 ± 4.0

0.99 ± 0.14
0.87 ± 0.13

T85
T85

0
6

14615 ± 586
15699 ± 400

45 ± 2.0
43 ± 1.4

55 ± 2.0
57 ± 1.4

0.82 ± 0.07
0.74 ± 0.04

Note: There were no significant differences for the Fe speciation.
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4.4 Summary and conclusions
P and Fe speciation were compared between the original sediments (Chapter 3) and the
sediments stored at room temperature (20 0C) on a laboratory bench top (ambient dry
storage) for 6 months. There were significant differences noted in some SEDEX P forms
(exchangeable P, non-reactive P associated with labile and non-labile organic matter) but
the changes were found to be small. In particular, there were no changes in CBD srP,
which was consistent with undisturbed Fe mineralogy.

In conclusion, there were no substantive changes in P and Fe speciation during the
ambient dry storage. Therefore, the stored sediments were comparable to the original dried
sediments in Chapter 3. This study demonstrated that the storage of dried sediments does
not change the sample integrity and confirmed that the most significant changes occur
during the wet to dry transition. Hence, the stored dried sediments can be used to study t he
effects of re-flooding on P and Fe speciation in the next chapter, Chapter 5.
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Chapter 5
Impact of Drying and Re-Flooding on Phosphorus Dynamics
in a Floodplain-Wetland Sediment
5.1 Introduction
In Chapter 3, I demonstrated that drying of sediments has a substantial effect on both
phosphorus (P) and iron (Fe) speciation in sediments from a lowland river floodplain wetland. Using the same sediments in this chapter, I will explore how these changes in P
and Fe speciation impact on P dynamics when these sediments are re-flooded, particularly
focusing on the hypotheses generated in Chapter 2.

Previous studies have reported that drying a soil or sediment and subsequent re -wetting
can lead to a substantial increase in the flux of P to the overlying water column (Baldwin
and Mitchell 2000; De Groot and Van Wijck 1993; Fabre 1988; Mitchell and Baldwin 1998;
Olila et al. 1997; Qiu and McComb 1994, 1995; Schoenburg and Oliver 1988; Sparling et
al. 1985; Twinch 1987; Watts 2000b). The rate and extent of orthophosphate release from
dried sediments to the flood water are controlled by a series of interrelated physical and
biogeochemical processes. Some studies have shown that drying increases crystallinity of
Fe mineral phases resulting in decrease of P sorption capacity (Baldwin 1996a; Baldwin et
al. 2000; Qiu and McComb 1994, 2002; Sah et al. 1989b, 1989c) (Chapter 3). More
mobilisable inorganic P may accumulate in desiccated sediments as a result of dryingenhance solubilisation and mineralisation of organic matter (Qiu and McComb 1994; Vink
et al. 2007) (Chapter 3). Hydrolysis of organic P through activation of P mineralising
enzymes (extracellular phosphatase activity) (Newman and Reddy 1993; Pant et al. 2002;
Pant and Warman 2000; Song et al. 2007) and/or abiotically by Al, Fe, and Mn mineral
phases (Baldwin et al. 1995) could result in large P flux to the overlying water column.

Conversely, several researchers have reported decreased P concentrations in the overlying water column of air-dried sediments and this was attributed to increased P adsorption
capacities of the dried sediments (Barrow and Shaw 1980; Haynes and Swift 1985; Jacoby
et al. 1982; Olsen and Court 1982).

Even though it is widely accepted that fluctuations in water level may greatly influence
P dynamics in floodplain wetland sediments, the detailed mechanisms involved in
mobilisation of different P species to the overlying water column and the relative
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distribution of various P pools, their stability and mineralogical transformations are far
from certain. This study aims to fill such knowledge gaps about how sediment changes as a
consequence of re-flooding following desiccation.

In this chapter I report on two separate laboratory experiments that examine changes to
P and Fe speciation in (1) the water column and (2) the sediments following re-flooding of
sediments that had previously been dried under different temperature regimes (Chapter 3) –
air dried (T air) and oven dried at 30 0C (T 30), 50 0C (T 50), and 85 0C (T 85).
Specific objectives of this study were:



to quantify the changes of different forms of P and Fe species in the overlying
water column of re-flooded dried sediments over a long term (for days) and over a
rapid short term (within hours) to identify the specific mechanisms involved in
drying-induced P release.



to quantify the changes of sediment P and Fe speciation in re-flooded dried
sediments over a long term (several weeks) to identify the specific mechanisms
involved in drying induced P release and to see the potential to reverse the
desiccated sediments to their original state.



to correlate the drying-induced changes in water column P forms and the sediment
characteristics to determine the potential source/sources responsible for a flush of P
upon re-flooding the dried sediments.

5.2 Materials and methods
5.2.1 Water column experiment
Flooded sediment microcosms (four treatments with three replicates in each treatment; 12
microcosms) were established by combining 100 g of soil (dry weight) and 600 ml of
Milli-Q water (adjusted to a conductivity of 300 µS/cm with NaCl) in one-litre HDPE
containers (see Chapter2, Section 2.2.7 for details). Blanks that contained water but no soil
were also included. P release was expressed as the difference between P released int o the
overlying water column at a certain sampling time and at 0 hours. The overlying water in
each microcosm was sampled immediately upon filling (0 hours) and then at 1, 3, 5, 8, 24,
48, 96, 192, 408, and 576 hours. The total number of samples was 120: four treatments ×
three replicates × 10 sampling time points. Sampling was performed as previously
described in Chapter 2, Section 2.2.7, taking precautions to sample midway in the water
column. Water samples were filtered through 0.45 μm cellulose-acetate membranes
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(Millipore™). Filtered and unfiltered water samples were immediately frozen and later
analysed for P species. The water column level was maintained after sampling by carefully
injecting ~ 80 ml of Milli-Q water (adjusted to a conductivity of 300 µS/cm with NaCl)
into each microcosm. Water column pH was measured at each sampling event throughout
the incubation period. Flooded microcosms were never stirred.

5.2.1.1 Water column P speciation
Water column P speciation was evaluated on the basis of operational procedures that
involve chemical and physical fractionations (APHA 1998; Haygarth and Sharpley 2000;
Leinweber et al. 2002) (Figure 5.1). Both filtered and unfiltered water samples were
analysed for P speciation. Water samples that had passed through a 0.45 µm filter were
operationally defined as the filterable fraction, while unfiltered samples represented the
total P concentration. The filtered fraction is generally considered to be dissolved P, and
the difference between P amounts in the filtered and unfiltered samples is taken to be
particulate P. Molybdate-reactive P (Mo-reactive P) in solution was measured by the
ascorbic acid method (APHA 1998). Total P (TP) was measured after NaOH-K2S2O8
digestion (Hosomi and Sudo 1986) on 10 ml of solution. Molybdate-unreactive P (Mouneactive P) was estimated by the difference between total P and molybdate -reactive P in
the filtered and unfiltered samples.

5.2.1.2 Water column Fe speciation
Sub-samples from the 0.45 µm filtered samples were acidified with 1 drop of 50% v/v
solution of concentrated HCl in Milli-Q water and then immediately frozen. Total
dissolved Fe in the filtered samples was measured by fast sequential atomic adsorption
spectroscopy (Varian AA240FS). Fe(II) concentrations in the filtered samples were
measured by the bathophenan-throline method immediately after sampling (APHA 1998).
Fe(III) was calculated from the difference between total dissolved Fe and Fe(II).

5.2.2 Sediment experiment
Separate from the water column experiment described above, a sacrificial microcosm
experiment was conducted to evaluate sediment chemistry changes upon re -flooding. All
laboratory sacrificial microcosms (four treatments with three replicates per each treatment
for seven sampling times: 84 microcosms) were established by combining 30 g of sediment
(dry weight) and 180 ml of Milli-Q water (adjusted to a conductivity of 300 µS/cm with
NaCl) in 250 ml Thermo Scientific Nalgene (HDPE) centrifuge bottles, capped by cotton
plugs and kept in the dark at 20 0C.
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Figure 5.1 Conceptual flow diagram for the analysis of operationally defined P
fractions in the overlying water column showing directly determined fractions
(in shaded boxes) and fractions determined by the difference (modified after
APHA 1998 and Leinweber et al. 2002).
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Sacrificial microcosms were harvested immediately upon filling (0 hours) and then at
24, 96, 192, 408, 576 and 2,160 hours. On each sampling occasion, the water column was
removed using a syringe fitted with an 18-gauge needle, and the remaining material was
transferred to 50 ml acid-washed screw cap polypropylene centrifuge tubes. The tubes
were then centrifuged (10,000 rpm, 20 min, 5 0C) (Beckman Avanti). The isolated
sediment was used in geochemical analyses, all conducted within 24 hours of sampling. All
results are expressed on a dry weight basis by taking into account the moisture content.
Sediment pH was determined as in Chapter 2, Section 2.2.4.

5.2.2.1 Sediment P speciation
Sediment P speciation was carried out to determine microbial biomass P (MBP) (as
previously described in Chapter 3, Section 3.2.3.1) and SEDEX P fractions (as outlined in
Chapter 3.2.3.3).

5.2.2.2 Sediment Fe speciation
Acid extractable Fe(II) was determined as a measure of the total extent of Fe(III)
reduction. Samples containing 0.5 g (dry weight) of sediment and 25 ml of 0.5 M HCl in
50 ml acid-washed centrifuge tubes were shaken on an orbital shaker (BIO LINE, 30-200
speed) for 1 hour at 20 ± 1 0C. The tubes were then centrifuged (3,500 rpm, 10 min, 5 0C)
(Allegra X-15R Beckman Coulter) and the supernatants filtered through 0.45 µm celluloseacetate membranes (Millipore™). Fe(II) in solution was measured by the
bathophenanthroline method (APHA 1998).

Amorphous / poorly-crystalline and crystalline Fe oxides (Fe Ox and FeCBD respectively)
were determined by sequential extractions using ammonium oxalate and citrate bicarbonate-dithionite respectively (see Chapter 2, Section 2.2.5 for more details). Total Fe
in solution was measured by fast sequential atomic adsorption spectroscopy (Varian
AA240FS).

The EXAFS experiment was conducted on freeze-dried re-wetted samples as previously
outlined in Chapter 3, Section 3.2.3.6. It was assumed that freeze drying did not modify the
mineralogy of the sediments, unlike air drying which clearly does (see Chapter 3, Section
3.4.2 for more details).
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5.2.3 Statistical analyses
Statistical analyses were performed using SPSS v21. General descriptive and exploratory
statistics were used to describe the data. Significant changes of water column P/Fe species
and sediment-bound P/Fe species in different sediment treatments over the course of
incubation were analysed using two-factor repeated measures ANOVA coupled with post
hoc comparisons. Here, ‘sediment treatment’ and ‘sampling time’ were treated as two
within-subject factors. In addition, where a significant interaction was found, simple main
effects were examined by pairwise comparisons. All samples were assessed for normality
and homogeneity of variance. The degrees of freedom were corrected using the
Greenhouse-Geisser measure where sphericity assumptions were violated. Relationships
between variables were identified using Pearson’s product moment correlation coefficients.

5.3 Results
5.3.1 Water column experiment
5.3.1.1 Changes in water column pH
The water column pH in the midway between the soil surface and the top of the water
column increased from about 6.0 to 7.5 after 408 hours, and then declined to about 7.00 by
the end of the experiment, with no substantive differences between treatments . Refer to
Appendix 5.1.

5.3.1.2 Changes in water column P speciation
Figure 5.2 shows the mean concentrations of filterable P (FRP(< 0.45), FUP(< 0.45)) and
particulate P (PRP, PUP) (µg P l-1) (mean ± 1SD) representing the initial flush of P from
the sediment at 1 hour after re-flooding. Mean concentrations of TP, TRP, TUP, FTP,
FRP(< 0.45), FUP(< 0.45), PTP, PRP, and PUP (refer to Figure 5.1, Section 5.2.1.1 for
details) over 576 hours of incubation are shown in Figures 5.3.1 and 5.3.2. Within the first
hour of flooding, there was a spike of TP in all the sediment microcosms. See Figures 5.2
and 5.3.1(a). In all treatments, the majority of this initial spike was PRP with a lesser
contribution from PUP. See Figure 5.2. In the T 85 treatment, there were also contributions
from FRP and FUP. After 8 hours, this initial spike in TP had declined and TP in all the
treatments except T 85 remained at relatively low levels (~ 50 µg P l-1) for the remainder of
the experiment. In the T 85 treatment, TP levels fell to around 150 µg P l-1 at 200 hours and
then proceeded to increase over the remainder of the experiment, reaching a maxi mum
concentration of 544 ± 8 µg P l-1. Most of the P in solution between 1 hour and 200 hours
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Figure 5.2 Mean concentrations of filterable P (FRP(< 0.45) and
FUP(< 0.45)) and particulate P (PRP and PUP) (µg P l-1) (mean ± 1SD)
representing the initial flush of P from the sediment at 1 hour after reflooding (n = 3 for each treatment).

in the T 85 treatment was FUP. See Figure 5.3.1(f). After 200 hours, almost all of the P in
solution in the T 85 treatment was FRP. See Figure 5.3.1(e).
The P release from sediments was significantly affected by the re-flooding event
(source of variation: Time) and there was a significant interaction between sediment drying
and re-flooding on P release (Repeated measures ANOVA; Table 5.1). The water column
TP was significantly correlated with PRP, r = 0.960, N = 120, p < 0.001 and with FRP,
r = 0.916, N = 120, p < 0.001.
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Figure 5.3.1 Mean concentrations of TP, TRP, TUP, FTP, FRP(< 0.45) and FUP(< 0.45) (µg P l-1) (mean ± 1SD) in the overlying water column of
laboratory microcosms (T air, T30, T50, T85) over 576 hours of incubation (n = 3 for each treatment).
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Figure 5.3.2 Mean concentrations of PTP, PRP and PUP (µg P l-1) (mean ± 1SD) in the overlying water column of laboratory microcosms (T air, T30,
T50, T85) over 576 hours of incubation (n = 3 for each treatment).
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Table 5.1 Repeated measures ANOVA table for the P speciation in the
overlying water column of laboratory microcosms (Tair, T30, T50, T85)
over 576 hours of incubation (n = 3 for each treatment)

Water column
P species

Source of variation

df

F-value

p-value

TP

Treatment
Time
Treatment × Time

1.045
1.226
1.877

4473
2209
667

0.001
0.001
0.001

TRP

Treatment
Time
Treatment × Time

1.022
1.433
1.474

6543
2703
1028

0.001
0.001
0.001

TUP

Treatment
Time
Treatment × Time

1.397
1.505
1.932

414
282
134

0.001
0.001
0.001

FTP

Treatment
Time
Treatment × Time

1.022
1.205
1.312

3704
837
624

0.001
0.001
0.001

FRP(<0.45)

Treatment
Time
Treatment × Time

1.360
1.077
1.331

18701
1666
1200

0.001
0.001
0.001

FUP(<0.45)

Treatment
Time
Treatment × Time

1.690
1.611
1.748

2290
370
176

0.001
0.001
0.001

PTP

Treatment
Time
Treatment × Time

1.043
1.762
1.824

158
1808
124

0.001
0.001
0.001

PRP

Treatment
Time
Treatment × Time

1.092
1.94
1.434

615
2242
212

0.001
0.001
0.001

PUP

Treatment
Time
Treatment × Time

1.289
1.829
1.981

5
125
58

NS
0.001
0.001
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5.3.1.3 Changes in water column Fe speciation
There was no release of Fe(II) into solution from the T air treatment and only a small
amount of Fe(II) release for the T 30 and T 50 treatments, both after a delay of about 100
hours. See Figure 5.4(a). The concentrations of Fe(II) in T 30 and T 50 declined at 400 hours.
After a 48 hour lag period, the Fe(II) in the T 85 treatment rapidly increased up to 13,760 ±
139 µg l-1 at 200 hours, then sharply declined.
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Figure 5.4 Changes of water column Fe(II) (a) and Fe(III) (b) concentrations
(µg Fe l-1) (mean ± 1SD) of laboratory microcosms (Tair, T30, T50, T85) over 576
hours of incubation (n=3 for each treatment).
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In all treatments, there was a maximum in the Fe(III) profiled between 50 and 100 hours
with the concentration in solution in the T 50 and T 85 treatments higher than that for T 30 and
T air. See Figure 5.4(b). In all treatments, the concentrations of Fe(III) subsequently
declined. The amounts of Fe(III) in the T air and T 30 treatments were then low throughout
the remainder of the experiment. However, the Fe(III) increased with heating treatment
over the series T air, T 30, T 50, and T 85. The T 50 and T 85 treatments showed a second increase
in Fe(III) (at 200 hours and 400 hours respectively) and this was most obvious in T 85. The
concentration of Fe(III) in T 85 increased from about 100 µg l-1 at 200 hours to about 9,000
µg l-1 at the end of the experiment. (There was an apparent conversion of Fe(II) to Fe(III),
started at 200 hours, particularly in the T 85 treatment, but also evident in T 50).

5.3.1.4 Changes in the ratio of Fe(II)/FRP
In the initial phase, there were minute levels of the molar ratio of released Fe (II) to
released FRP (the ratio of Fe(II)/FRP) in all the treatments. See Figure 5.5. This ratio
tended to increase from maximum values of about 5 in T air to 67 in T 85 at 192 hours. After
this time, the ratio of Fe(II)/FRP declined in all treatments.
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Figure 5.5 Changes in the ratio of Fe(II)/FRP (mean ± 1SD) of laboratory
microcosms (Tair, T30, T50, T85) over 576 hours of incubation (n = 3 for each
treatment).
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5.3.2 Sediment experiment
5.3.2.1 Changes in sediment pH
The sediment pH increased in all treatments over the first 400 hours from ~ 4.5 to ~ 7.0,
and then declined to ~ 6.5 at 600 hours. This was followed by a slight increase by the end
of incubation, with no substantial differences between the treatments except T 85. The pH of
T 85 was significantly lower over the first 600 hours, and it was then markedly higher
throughout the remainder of the experiment. Refer to Appendix 5.2.

5.3.2.2 Changes in SEDEX P speciation
Total extractable P (sum of all the SEDEX fractions) was calculated at ~ 1000 mg P kg
soil-1 in all treatments and there were no substantial changes during the re-flooding event.
Refer to Figure 5.6.
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Figure 5.6 Changes of total extractable P (sum of all the SEDEX P fractions)
(mg P kg soil -1) (mean ± 1SD) in re-flooded dried sediments (T air, T30, T50, T85)
over 2160 hours of incubation (n=3 for each treatment).

Figures 5.7.1 and 5.7.2 show the changes in sediment P speciation as percentages of
total P (mean ± 1 SD) over 2,160 hours of incubation. MgCl 2 srP in all the treatments
sharply declined during the first week with the lowest levels (~ 1%) detected at 192 hours.
Refer to Figure 5.7.1(a). The largest change was observed for the T 85 treatment, decreasing
from ~ 4% to ~ 1%. This initial decrease was followed by a gradual increase for the
remainder of the incubation in all treatments. After 2,160 hours, the T air and T 30 treatments
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Figure 5.7.1 Changes of SEDEX P species as percentages of total extractable P (MgCl2 srP %, NaHCO3 srP %, NaHCO3 nrP %, CBD srP %) (mean ±
1SD) in re-flooded dried sediments (T air, T30, T50, T85) over 2160 hours of incubation (n=3 for each treatment).

102

30

30

P distribution (% of total P)

Tair

NaOH srP % (a)

25

NaOH nrP % (b)

25

T50
20

20

15

15

10

10

5

5

0

T85

0
0

100

200

300

400

500

600

2150

2155

2160

0

100

200

300

Time (hours)

400

500

600

2150

2155

2160

2150

2155

2160

Time (hours)
7

1

P distribution (% of total P)

T30

HCl srP % (c)

HCl-ash % (d)

6

0.8
5

0.6

4

3

0.4

2

0.2
1

0

0
0

100

200

300

400

500

600

2150

2155

2160

0

100

200

300

400

500

600

Time (hours)
Time (hours)
Figure 5.7.2 Changes of SEDEX P species as percentages of total P (NaOH srP %, NaOH nrP %, HCl srP %, HCl-ash srP %) (mean ± 1SD)
in re-flooded dried sediments (T air, T30, T50 , T85) over 2160 hours of incubation (n=3 for each treatment).
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had significantly lower values than did the T 50 and T 85 treatments, but all the treatments
produced substantially higher values than the original T wet sediments at 0.5 ± 0.1% (see
Chapter 3).

There were no changes in NaHCO 3 srP in any of the treatments over the first 600 hours.
See Figure 5.7.1(b). Between 600 and 2,160 hours, there was a decrease in all treatments
and this was most pronounced in T air and T 30. In all treatments, and at all times, NaHCO3
srP levels were significantly higher than those observed in the original T wet sediments
(14.5 ± 1.0%; see Chapter 3).

NaHCO3 nrP decreased in all treatments over the first 400 hours from ~ 15% to ~ 5%.
See Figure 5.7.1(c). The rate of decrease was faster for T 85 compared with other
treatments. After 400 hours, the levels of NaHCO 3 nrP increased in all treatments to values
in the range 5–10%. All treatments had significantly lower NaHCO 3 nrP levels than the
original T wet sediments (31.2 ± 0.7%; see Chapter 3).
CBD srP decreased from values in the range 20–25% to ~15% in the first 400 hours in
all treatments. See Figure 5.7.1(d). Between 400 hours and the end of incubation (2,160
hours), the proportion of P detected as CBD srP increased to values close to that observed
at the beginning of the incubation. Throughout the incubation, the proportion of CBD srP
was less than that observed for T wet sediments (28.4 ± 0.8%; see Chapter 3).
NaOH srP increased in all treatments over the first 400 hours from initial values of ~
10% to a range of 15–20%. See Figure 5.7.2(a). The increase was faster for T 85 compared
to the other treatments. After 400 hours, the proportion of P extracted as NaOH srP
decreased to ~ 10% in all treatments, ultimately increasing to ~ 20%) in T 50 and T 85
treatments, but remaining at ~ 10% for the T air and T 30 treatments. In all treatments, and
at all times, the proportion of P present as NaOH srP was at least as great as that measured
for the original T wet sediments (9.7 ± 0.2%; see Chapter 3).
The P proportion as NaOH nrP increased from initial values in the range 5 –10% to
maximum levels in the range 12–18% over the first 400 hours. See Figure 5.7.2(b). After
600 hours, the proportion of P present in this form decreased to levels similar to that
observed at the start of the incubation. Between 600 and 2,160 hours, the proportion of
NaOH nrP increased in T air and T 30 treatments to between 14 and 18%, and decreased in T 50
and T 85 to between 0 and 2.5%. NaOH nrP in the original T wet sample was 12.7 ± 0.3%
(see Chapter 3), so, depending upon the treatment, levels both above and below this
original value were observed throughout the incubation.

104

(There was an apparent conversion of MgCl 2 srP, NaHCO3 nrP, and CBD srP to NaOH
srP and NaOH nrP forms since they were the only fractions that showed an increase in the
first 600 hours).

In the first 600 hours, HCl srP values were ~ 0.4% in all treatments. See Figure 5.7.2(c).
After this time, the proportion extracted as HCl srP increased in the T 50 and T 85 treatments
to ~ 0.7% at 2,160 hours, but remained constant in the T air and T 30 treatments. There were
no substantial differences compared with the original T wet sediments in any of the
treatments or at any time during the incubation (0.52 ± 0.04%; see Chapter 3).

There were no substantial changes in HCl-ash srP in any of the treatments over the first
600 hours. See Figure 5.7.2(d). Between 600 and 2,160 hours, the proportion of HCl-ash
srP increased significantly in the T air, T 30, and T 50 treatments to ~ 6%, whereas T 85 was
unchanged. At the end of the incubation, the levels of HCl-ash srP in T air, T 30, and T 50 were
significantly higher than that in the original T wet sediments (2.5 ± 0.1%; see Chapter 03).
As revealed by repeated measures two-way ANOVAs, the distributions of all SEDEX P
fractions were significantly affected by re-flooding (source of variation: Time). See Table
5.2. Overall, there was a significant interaction between the drying regimes and the re flooding event on most of the P forms. However, there were no significant differences
either in CBD srP or in HCl srP among the treatments over the course of the incubation
(source of variation: Treatment).
5.3.2.3 Changes in sediment microbial biomass P (MBP)
Changes of microbial biomass P (mean ± 1SD) over 2,160 hours of incubation are shown
in Figure 5.8. In all treatments, there was an initial gradual increase over the first 200
hours followed by a more rapid increase between 200 and 400 hours (up to maximum
levels of ~ 50 mg P kg soil -1). Substantially higher MBP maxima were observed in T 30 and
T 50 treatments compared with T air and T 85. After 600 hours, there was a marked decline in
MBP in all treatments to values ~ 3 mg P kg soil -1. Between 600 and 2,160 hours, there
was a small (but significant) increase in MBP for Tair and T 30 and a slight decrease in MBP
for T 50 and T 85 treatments. Initial and final MBP values were significantly lower than for
the original T wet sediments (20.30 ± 1.83 mg P kg soil -1; see Chapter 3), whereas the
maximum values were similar or higher.

The sediment microbial biomass P (MBP) was significantly affected by re -flooding
(source of variation: Time) and there was a significant interaction between sediment drying
treatments and re-flooding on MBP (repeated measures two-way ANOVA; Table 5.2).
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Table 5.2 Repeated measures two-way ANOVA table for the SEDEX P
species (as percentages of total P) and for the microbial biomass P
(MBP) in re-flooded dried sediments over 2,160 hours of incubation
(n = 3 for each treatment)

Sediment P
species

Source of variation

df

MgCl 2 srP %

Treatment
Time
Treatment × Time

1.536
1.467
1.410

168
229
41

0.001
0.001
0.009

NaHCO3 srP %

Treatment
Time
Treatment × Time

1.624
1.644
1.847

43
149
11

0.005
0.001
0.028

NaHCO3 nrP %

Treatment
Time
Treatment × Time

1.459
1.556
1.907

30
128
16

0.012
0.001
0.014

CBD srP %

Treatment
Time
Treatment × Time

1.060
1.847
1.969

3
228
6

NS
0.001
NS

NaOH srP %

Treatment
Time
Treatment × Time

1.159
1.990
1.691

190
107
17

0.003
0.001
0.018

NaOH nrP %

Treatment
Time
Treatment × Time

1.304
1.531
1.739

152
80
29

0.002
0.002
0.007

HCl srP %

Treatment
Time
Treatment × Time

1.071
1.267
1.683

4
36
7

HCl-ash srP %

Treatment
Time
Treatment × Time

1.518
1.525
1.300

12
133
2

NS
0.014
NS
0.037
0.001
NS

Microbial P
(MBP)

Treatment
Time
Treatment × Time

1.115
1.532
1.595

35
127
12
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F-value p-value
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0.036
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Figure 5.8 Changes of microbial biomass P (MBP) (mg P kg soil-1) (mean ±
1SD) in re-flooded dried sediments (Tair, T30, T50, T85) over 2160 hours of
incubation (n=3 for each treatment).

5.3.2.4 Changes in sediment porewater Fe speciation
The distribution of total porewater Fe concentrations over 2,160 hours of incubation is
shown in Figure 5.9(a). In all treatments, there was a marked increase over the first 600
hours from initial values of ~ 7000 mg Fe kg soil -1 to ~ 12, 000 mg Fe kg soil -1. Between
600 to 2,160 hours, total porewater Fe concentrations reached maximum levels in the range
12,000–14,000 mg Fe kg soil -1.

Sediment porewater Fe speciation during the incubation experiment is shown in Figures
5.9(b) and 5.9(c). Fe(II) concentrations in the porewaters increased markedly over the first
600 hrs of the experiment, to values ~ 60%, after which the levels reached their maximum
values in the range 60–80%. See Figure 5.9(b). In contrast, Fe(III) concentrations
decreased over the same time period, from maximum values ~ 90% to final values in the
range 20–40%. See Figure 5.9(c).
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Figure 5.9 Changes of sediment porewater Fe species (mean ± 1SD) (Tair, T30, T50, T85) over 2160 hours of incubation (n=3 for each treatment).
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5.3.2.5 Changes in sediment Fe speciation
Figure 5.10(a) shows the distribution of total extractable Fe content (sum of Fe Ox and
FeCBD) over 2,160 hours of incubation. In all sediments, the total Fe levels decreased from
initial values in the range 15,000–19,000 mg Fe kg soil -1 to ~ 12,000 mg Fe kg soil -1 over
the first 400 hours. Between 400 and 600 hours, the total Fe levels rapidly increased (up to
~ 15,000 mg Fe kg soil-1), after which the levels increased slightly with no significant
differences among the treatments.

Sequential Fe extraction data for the incubated sediments is shown in Figures 5.10(b)
and 5.10(c). In all treatments, Fe Ox levels markedly increased from initial values in the
range 40–60% to ~ 80% over the first 600 hours, after which the levels remained relatively
constant. See Figure 5.10(b). Conversely, Fe CBD decreased throughout the incubation. See
Figure 5.10(c). Therefore, the lowest values were observed during the later stages of
incubation with no significant differences among the treatments.

The final values of Fe Ox and FeCBD were similar to those of the original T wet sediments
described in Chapter 3.

5.3.2.6 Changes in the ratio of Fe Ox/FeCBD
In all treatments, the ratio of FeOx/FeCBD increased from an initial value of ~ 1 to a
maximum value of ~ 5 after 600 hours with a further slight decline between 600 and 2,160
hours. See Figure 5.11. There were no substantial differences among the treatments by the
end of incubation with the exception of the T 50 treatment which decreased significantly to
a final value of ~ 4. The final value of the Fe Ox/FeCBD ratio was similar to that of the
original T wet sediments. Refer to Chapter 3.

Porewater and sediment Fe speciation was significantly affected by re-flooding (source
of variation: Time) (Repeated measures two-way ANOVA; Table 5.3). Fe(II) in the
sediment porewater was significantly correlated with Fe Ox, r = 0.879, N = 84, p < 0.001,
with the ratio of Fe Ox/FeCBD, r = 0.905, N = 84, p < 0.001 and with FRP, r = 0.667, N =
84, p < 0.01.
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Figure 5.10 Changes of sediment Fe species (mg Fe kg soil-1) (mean ± 1SD) (Tair, T30, T50, T85) over 2160 hours of incubation (n=3 for
each treatment).
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Figure 5.11 Changes of the ratio of Fe Ox/FeCBD (mean ± 1SD) in re-flooded
dried sediments over 2,160 hours of incubation (n=3 for each treatment).

Table 5.3 Repeated measures two-way ANOVA table for the percent Fe species
and for the ratio of FeOx/FeCBD in re-flooded dried sediments (Tair, T30, T50, T85)
over 2,160 hours of incubation (n=3 for each treatment)

Fe species

Source of variation

df

F-value

p-value

Fe(II) % of
total Fe {Fe(II)+Fe(III)}

Treatment
Time
Treatment × Time

1.136
1.500
1.742

11
1623
14

NS
0.001
0.022

Fe(III) % of
total Fe {Fe(II)+Fe(III)}

Treatment
Time
Treatment × Time

1.136
1.500
1.742

11
1623
14

NS
0.001
0.022

FeOx % of
total Fe {FeOx+FeCBD}

Treatment
Time
Treatment × Time

1.356
1.667
1.623

15
1775
15

0.037
0.001
0.025

FeCBD % of
total Fe {FeOx+FeCBD}

Treatment
Time
Treatment × Time

1.356
1.667
1.623

15
1775
15

0.037
0.001
0.025

Ratio of FeOx/FeCBD

Treatment
Time
Treatment × Time

1.547
1.668
1.541

7
1393
6

NS
0.001
NS
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5.3.2.7,l’.? EXAFS studies
Fe-Fe numbers of neighbours extracted from Fe k-edge EXAFS of re-wetted sediments are
shown in Figure 5.12, along with the numbers of neighbours after drying treatment (data
from Chapter 3). The distance of 3.05 Å corresponds to edge-sharing FeO6 octahedra and
that of 3.45 Å corresponds to double-corner-sharing FeO6 octahedra (Manceau and Drits
1993). For all samples there was a decrease in the number of edge-sharing neighbours,
although the decrease was much less pronounced for the T 30 treatment. Numbers of doublecorner-sharing neighbours also decreased for all treatments after re-wetting, although this
decrease was significant for only T 50 and T 85 treatments.

1.1

3.05 A (re-wet)

Coordination number (N)

1
3.45 A (re-wet)
0.9
3.05 A (dry)
0.8
3.45 A (dry)
0.7
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0.5
0.4
Tair

T30

T50

T85

Drying regimes
Figure 5.12 Fitted numbers of neighbours at 3.05 Å and 3.45 Å for re-wetted
sediments (closed symbols) and for sediments after laboratory drying (open
symbols; data from Chapter 3) (n=3 for each treatment).
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5.4 Discussion
This study was designed to investigate the changes in P and Fe speciation in the water
column and in re-flooded sediments previously dried under different temperatures. Special
emphasis was given to explore the extent which water column and sediment characteristics
respond to the re-flooding event. By combining the results of the water column and
sediment experiment, it will enhance our understanding of biogeochemical processes and
mechanisms and of the underlying outcomes of re-flooding the dried sediments on P
dynamics.

Processes that occur in the water column and in the sediment
In the present study, greater P release due to drying and re-flooding is consistent with the
results of other studies in which re-wetting under aerobic/anaerobic conditions has been
investigated (Baldwin 1996a; De Groot and Van Wijck 1993; Fabre 1988; Olila et al 1997;
Qiu and McComb 1994, 1995; Schoenberg and Oliver 1988; Song et al. 2007; Young and
Ross 2001; Watts 2000b). Turner and Haygarth (2001) found increased levels of water-TP
[TP(<0.45)] in 29 UK lowland pasture soils upon air-drying at 30 0C for 7 days.

5.4.1 Higher particulate and Mo-reactive P measured at 1 hour
In this study, at 1 hour after re-flooding, most of the initial water column P in all
microcosms was dominated by particulate P (> 0.45 µm). A large amount of particulate
fraction presented in the initial spike indicates that the likely mechanism of P release is
simple physical detachment of particles from the walls of sediment macro-pores upon reflooding (Turner and Haygarth 2000).

On the other hand, over-lying floodwater of all the treatments was chemically
dominated by Molybdate-reactive P (Mo-reactive P). The initial large increases in Moreactive fraction in unfiltered water samples (TRP = FRP + PRP) may include not only
orthophosphate but also colloidal and particulate organic P hydrolysed during the Mo reactive P assay thus over-estimate the release of Mo-reactive P. It is now accepted that
even < 0.45 µm fraction does not represent dissolved P only (Haygarth et al. 1997; Shand
et al. 2000). The mechanisms responsible for the changes in Mo-reactive P were thought to
be a complex interaction between biological (microbial incorporation/release), chemical
(adsorption/desorption and hydrolysis), and physical (presence/absence of particle
material) factors (Haygarth et al. 1995). Identification of the various water column P forms
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is complicated by the changes occurring within the water column after release from the soil
(Sharply et al. 1981).

5.4.2 Higher FRP measured at 1 hour
In general, the severity of sediment drying substantially increased the filterable fraction
(FRP and FUP) but decreased the particulate fraction in the initial flux within the first
sampling hour.

Higher levels of FRP found in the initial spike of sediments that had been dried at
higher temperatures can be partly attributed to a rapid release of a larger proportion of
exchangeable / loosely sorbed P (MgCl2 srP). This particular P pool may have accumulated
during the period of desiccation. The FRP levels gradually increased across T air, T 30, and
T 50, after which the levels substantially increased in the T 85 treatment (~ 13, ~ 17, ~ 20,
and ~ 33 µg P l-1 respectively). Concomitantly, MgCl 2 srP slightly decreased in T air, T 30,
and T 50 with a marked decrease in the T 85 treatment at 24 hours (~ 4, ~ 5, ~ 3, and ~ 13 mg
P kg soil -1 respectively). MgCl 2 srP would be easily flushed away from the desiccated
sediments upon re-flooding and might be directly released into the overlying water
column. Baldwin (1996b) suggested that this fraction would be readily available to the
biota or expected to be easily complexed with Fe, Al, Ca, or humic substances. This may
be a plausible explanation for the observed relatively lower order of water column FRP
compared with the greater loss of MgCl 2 srP. Furthermore, since this fraction is readily
desorbable, it would be an important source of P in the overlying water column and hence
is of ecological significance (Baldwin et al. 2002).

An alternative explanation is possible. Before the re-flooding event (at 0 hour), there
were relatively lower amounts of microbial biomass P (MBP) measured in T 50 and T 85
compared with T air and T 30 treatments. Therefore, lesser immobilisation potential due to
the lower levels of microbial biomass in the sediments dried at higher degrees may have
increased the water column FRP in the initial flux.

Moreover, it was shown that some of the Fe mineral phases in desiccated sediments
may have undergone irreversible changes, decreasing sediment’s ability to sorb water
column FRP (Chapter 3). Before re-flooding (at 0 hour), relatively lower oxalate
extractability of T 50 and T85 treatments is an indication of the presence of a greater amount
of well-crystallised iron mineral phases of lower sorption capacity compared with T air and
T 30 treatments. Crystallisation of Fe mineral phases enhanced by heating at higher degrees
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(50 0C and 85 0C) significantly lowered the ratio of FeOx/FeCBD. This ratio has been used to
assess the degree of crystallisation that is related to surface morphology of iron mineral
phases, particle stability, and P sorption behaviour (McComb and Qiu 1998). Twinch
(1987) reported that air drying decreased phosphate buffering capacity with a concurrent
increase in the phosphate equilibrium concentration in the overlying water column leading
to an increased phosphate release potential of dried sediments.

Consistent with the studies of Haygarth et al. (1995), FRP measured in the overlying
water column of all treatments considerably declined and stabilised within 8 hours of re flooding. This may have occurred as a result of the amount re-adsorbed onto abiotic
surfaces, and the amount immobilised by rapidly increased sediment microbial population
following re-flooding is similar to that mineralised from labile organic matter.

5.4.3 Higher FUP measured at 1 hour
There were significantly higher levels of FUP in T air and T 85 treatments in the initial spike
at 1 hour. Greater increase of FUP in T air sediments (~ 32 µg P l -1) may be largely derived
from microbial cell lysis because there were larger quantities of microbial biomass P in the
T air treatment compared with T 30, T 50, and T 85 before the re-flooding event (~ 10 mg P kg
soil-1 at 0 hour). Substantial levels of FUP in T 85 may have come from soluble labile
organic matter. Concurrently, NaHCO3 nrP (corresponding to non-reactive P associated
with labile organic matter) markedly decreased from ~ 127 mg P kg soil -1 to ~ 72 mg P kg
soil-1 in the T 85 treatment over first 24 hours of sampling. This was an indication of an
apparent solubalisation of sediment-bound labile non-reactive P which started at the initial
stages of incubation.

Previous studies have shown substantial increases of water extractable Mo-unreactive P
upon air-drying of Australian pasture soils (Turner et al. 2003; Turner et al. 2002).
Nevertheless, the composition of this fraction has not yet been fully determined. Numerous
studies have shown that soil drying followed by rapid re-wetting can kill a large amount of
viable microbial biomass that has been attributed to microbial cell lysis which is likely to
be induced by osmotic shock upon rapid rewetting. This may lead to release of Pcontaining compounds such as nucleic acids and phospholipids (Fierer and Schimel 2003;
Kieft et al. 1987; Nguyen and Marschner 2005; Salema et al. 1982; Turner et al. 2003; Van
Gestel et al. 1993). Several researchers inferred that the sources of mineralisation flushes
were partly biomass killed by drying and partly non-biomass organic residues (Van Gestel
et al. 1993; Wu and Brookes 2005). Turner et al. (2002) showed similar proportions of

115

both non-biomass myo-inositol hexakisphosphate and microbially derived phosphate
diesters in water extracts of air-dried pasture soils.

5.4.4 Initial P flux at 1 hour
In the present study, corresponding changes of sediment characteristics were not detected
at initial stages (within hours), and therefore there is not enough evidence for the precise
source of this initial P flux. Overall, the results demonstrated that the initial P flux from re flooded dried sediments might be extremely rapid, occurring almost completely within the
first 8 hours. Since the severity of the drying process significantly increased the initial P
flux, it is reasonable to assume that both biomass and non-biomass organic substrates are
highly likely to be responsible. In Chapter 3, it was suggested that the increased ‘organic’
P solubility upon air drying occurred as a result of microbial cell lysis, and heating at 50
0

C and 85 0C magnified the ‘organic’ P solubility presumably by releasing previously

protected organic substrates and subsequent solubilisation. The initial P flux in this
laboratory microcosm study is consistent with the the Birch effect.

5.4.5 Higher FUP measured between 1 hour and 200 hours
Between the initial spike at 1 hour and 200 hours, the T air, T 30, and T 50 treatments resulted
in about a 1 : 1 ratio of FRP : FUP, while T 85 was found to generate almost all the FTP as
FUP (~ 175 µg P l-1 at 200 hours) . Concurrently, there was a sharp reduction in the labile
non-reactive P pool (NaHCO 3 nrP) in T 85 over first 200 hours of sampling (~ 80 mg P kg
soil-1). The increased FUP may have derived from labile organic matter rendered soluble
during the desiccation event under higher temperatures. Bartlett and James (1980)
suggested that soil organic matter rendered soluble by the drying process may release
associated dissolved organic P (FUP).

5.4.6 Water column Fe(II) and Fe(III)
In the present study, there was an initial flux of Fe(III) in all treatments but was most
noticeable in the sediments heated at the higher degrees of 50 0C and 85 0C. Since Fe(OH) 3
solubility at pH 7 is ~ 10 -10 M (0.01 μg/l), the higher proportion of Fe(III) in the water
column and porewaters at neutral pH in this study may have existed as fresh iron particles
(nanoparticular). This phenomenon was observed as lustrous silvery-gray coloured
particles on the surface of water in all treatments. This was followed by a flux of Fe(II) at
200 hours which was an indication of a development of an anoxic water column. The
anaerobic environment appeared to switch to aerobic after 200 hours (in T 85) and 400 hours
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(in T 50 and T 30). This was evident given the substantial reduction of water column Fe(II)
with a concurrent increase of water column Fe(III).

5.4.7 Higher FRP in T 85
In all treatments, the increased oxic condition in the water column (between 200 and 600
hours) may enhance dissolved ‘organic’ P hydrolysis, in turn partly increasing FRP
concentrations over the remainder of the experiment (marked levels were observed in T 85;
~ 400 µg P l-1 at 600 hours).

Concurrently, in all treatments, the lowest levels of labile non-reactive P (NaHCO 3 nrP)
were measured at 400 hours of sampling (~ 26 mg P kg soil -1), and this was a net reduction
of ~ 101 mg P kg soil -1. Therefore, an apparent mineralisation of sediment-bound labile
organic matter appeared to occur between 200 and 600 hours in the sediment column. This
process is most likely driven by sediment microbial biomass since there was a concurrent
increase in microbial biomass P (MBP) in all treatments and the maxima were observed at
400 hours (see Section 5.4.13 below).

It is highly likely that mineralisation exceeds immobilisation, and this resulted in the
substantial FRP release in theT 85 treatment. Apparently, Fe(II) and the lower amount of
microbial biomass in theT 85 treatment did not sufficiently remove the substantial levels of
water coulumn FRP compared with T air, T 30, and T 50 treatments. A greater proportion of
Fe(II) released from T 85 may be partly used in the formation of fresh iron particles. On the
other hand, most of the amorphous / poorly-crystalline Fe mineral phases in T 85 may have
undergone ‘mineral ageing’, resulting in a loss of sorption for water column FRP (see
Chapter 3 for more details).

5.4.8 Higher ratio of Fe(II)/FRP
The correlation results suggest that FRP release potential depended on the ratio of
Fe(II)/FRP. Gachter et al. (1988) pointed out that increased dissolved reactive P release
from anaerobic sediments at a 1:1 molar ratio indicates a complete bacterial metabolism
rather than reduction of ferric mineral phases as the ratio should be > 1 in ferric minerals.
In this study, the ratio of Fe(II)/FRP > 1 may indicate that released FRP and Fe(II) have
partly originated from reductive dissolution of amorphous ferric mineral phases (see
Section 5.4.13 below).
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5.4.9 Water column FRP fixation
There were no significant differences in water column FRP in T air, T 30, and T50 treatments
at most of the sampling times over 600 hours of incubation (and very low levels of FRP
were measured). In the present study, much of the FRP in the overlying water column of
sediments dried under lower degrees may have been rapidly immobilised by the sediment
microbial consortium and later may have been fixed by the amorphous Fe mineral phases.

Microbial biomass P (MBP) increased upon re-flooding, indicating that the surviving
microbial biomass was initially stimulated by the re-flooding event. Previous studies have
shown that bacterial cells damaged by soil drying can be repaired within an hour of
rehydration and appreciable synthesis of ATP had occurred six hours after initial rewetting (Bushby and Marshall 1976; De Nobili et al. 2006). Furthermore, Sparling and
Ross (1988) suggested that soil desiccation may kill some microorganisms, thus providing
a source of readily available carbon for the respiration of surviving microbes. It is highly
likely that drying-induced increased dissolved labile organic carbon released from
sediments and diffused into the water column thus serve as a substrate for microbial
production.

Zak et al. (2004) found that a ratio of Fe(II)/FRP greater than 3 in initial anaerobic pore
water in wetland soils indicates greater P retention capacity. They showed that initially
high P concentrations in the anaerobic pore water decreased to concentrations below 1 μM
under aerobic conditions. Consistent with the studies of Zak et al. (2004), in the present
study, Fe(II) and FRP in the water column would have diffused upward to the oxidised
layer and some may have re-precipitated as amorphous Fe(III)phosphates and/or been readsorbed onto newly formed amorphous Fe(III)(oxy)hydroxides on the sediment surface
serving as an effective sink for water column FRP. This was evident given the marked
increase in oxalate-extractable Fe (FeOx) and the substantial levels of P bound to easily
reducible / reactive Fe mineral phases (CBD srP), between 400 and 600 hours.

Previous studies have shown that transformation of Fe(III)(oxy)hydroxide to
Fe(II)hydroxide (Fe(OH) 2) apparently results in more sorption sites, and this may explain
greater P sorption in saturated soils under reduced conditions relative to oxidized
conditions (Khalid et al. 1977; Patrick and Khalid 1974). Freshly precipitated Fe(OH) 2
would be in amorphous form and have a greater surface area, resulting in greater P
sorption capacity (Holford and Patrick 1979; Patrick and Khalid 1974; Ponnamperuma
et al. 1967).
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5.4.10 Water column pH
In the present study, the corresponding water column pH (< 7.5) measured during the
period of incubation was not in the sensitive range that P or Fe release occurs. Therefore, it
is highly unlikely to be the major cause of increased FRP release.

Previous studies have demonstrated positive correlations between orthophosphate
release and water column pH. In Drake and Heaney’s studies, the maximum rate of release
of P occurred at pH = 10.5 in a productive English lake (Drake and Heaney 1987).
Lijklema (1977) demonstrated that a considerable liberation of P adsorbed onto Fe(OOH)
which was attributed to a competitive re-adsorption of OH - over PO4 -3 with increasing
water column pH. Furthermore, Moore and Reddy (1994) and Moore et al. (1991) pointed
out that the effect of pH on sediment surface charge and the relative sorption capacities of
different metal oxides are the most likely reasons for the increased water column soluble
reactive P under elevated pH levels.

5.4.11 Sediment pH
In this study, sediment pH gradually started to rise upon re-flooding, probably as a result
of sediment buffering capacity. Drake and Heaney (1987) observed strong gradients of pH
near the sediment water interface of a productive English lake which they attributed to the
marked buffering capacity of the littoral sediments. The increase in pH in the present study
may be attributed to the reduction processes that generate alkalinity, presumably due to the
general tendency of proton consumption during microbial reduction of Fe(III)
(Ponnamperuma 1972).

5.4.12 Transformation of sediment-bound P
There was a sharp reduction in NaHCO 3 nrP (corresponding to labile non-reactive P) and
CBD srP (corresponding to P bound to easily reducible or reactive Fe mineral phases) in
all treatments over first 400 hours of sampling (~ 100 mg P kg soil -1 and ~ 75– ~ 100 mg P
kg soil -1, respectively). Concurrently, NaOH srP (corresponding to reactive P associated
with Al) and NaOH nrP (corresponding to non-labile organically bound P) markedly
increased in all treatments over first 400 hours (in the range of ~ 50– ~ 75 mg P kg soil -1
and ~75– ~ 100 mg P kg soil -1 respectively). There was an apparent conversion of P from
labile organic matter and Fe mineral phases to non-labile organics and Al phases over first
400 hours. There was also a marked synchronism between the NaOH srP, NaOH nrP, and
CBD srP pools between 400 and 600 hours. Obviously, sediment-bound P was transformed

119

from non-labile organics and Al phases to more reactive Fe phases, markedly increasing
the CBD srP pool.

Al-bound P is likely to be stable under anoxic conditions as Al(III) is redox inactive but
is affected by changes in pH (Darke and Walbridge 2000; Reddy et al. 1995). In this study,
increased competition of DOM for adsorption sites on Al(III) mineral phases ove r Fe(II)
could enhance the dissolution of Al(III)-bound P possibly during the anoxia. Jansen et al.
(2003) demonstrated that metal binding to dissolved organic matter (DOM) decreased in
the order Fe(III) > Al(III) > Fe(II) in acidic forest soils under the reduced environment.
However, Chacon et al. (2006) reported that Al(III) can sorb P released under reduced
conditions, minimising P dissolution, and this is a plausible explanation for the increased
NaOH srP between 200 and 400 hours.

At the end of incubation, substantially higher levels of HCl-ash srP (corresponding to
refractory organic P) were detected in T air, T 30, and T 50 treatments, while T 85 treatment
exhibited the least increase. Perhaps the experimental drying and re-flooding process
induced transformation of some of the sediment-bound P, resulting in conversion of some
labile / non-labile P pools into more refractory P. However, the extent of transformation is
significantly reduced with the severity of the drying process. An internal transforma tion or
redistribution of sediment P pools was further evident by almost similar levels of total
extractable P content found in all treatments during the course of incubation.

None of the re-flooded dried sediments were returned to their original CBD srP levels
exhibited in the T wet sediments, reflecting lower P sorption potential, perhaps due to
increased net crystallinity in Fe mineral phases brought about by the drying process. These
findings suggest that oxidation-reduction changes in waterlogged wetland sediments can
significantly alter the sediment-bound P speciation.

Baldwin (1996b) showed that NaOH nrP may have originated from organic P associated
with polyphosphates, most probably of bacterial origin. In this study, similar to NaOH nrP,
microbial biomass P values also rapidly increased and the MBP maxima were observed at
400 hours (in the range of ~ 25– ~ 50 mg P kg soil -1 ). On the other hand, both NaOH nrP
and MBP values rapidly declined between 400 and 600 hours (in the range of ~ 80– ~ 130
mg P kg soil -1 and ~ 25– ~ 50 mg P kg soil -1soil-1, respectively).
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5.4.13 Reductive dissolution, anaerobic mineralisation and FRP release
In the present study, a gradual development of a reduced environment in the sediment was
evident by a substantial increase of sediment porewater total Fe and Fe(II) levels with a
concurrent decrease in Fe(III) values. There was a marked synchrony between Fe(II), Fe Ox,
and CBD srP levels between 200 and 400 hours. It appears that reductive dissolution of Fe
occurred at the end of first 200 hours. This was evident given that FeOx and CBD srP
values declined and Fe(II) rapidly increased in all treatments. Concurrently, the lowest
levels of labile non-reactive P (NaHCO 3 nrP) in all treatments were measured at 400 hours
of sampling. Therefore, the reductive dissolution of Fe mineral phases coupled with an
anaerobic mineralisation of sediment-bound labile organic matter appear to be responsible
for the increased FRP concentrations in the water column of all the treatments. Fros sard et
al. (1998) demonstrated increased P concentrations in the water column of a waterlogged
soil which was attributed to the mobilisation of P associated in clay-humic complexes via
reduction of the Fe(III) bridge.

5.4.14 Role of iron and role of microbiota
Consistent with previous studies (Kuo and Mikkelsen 1979; Patrick and Khalid 1974; Sah
and Mikkelsen 1986c), the results of this study suggest that crystalline Fe mineral phases
(FeCBD) in all waterlogged sediments might partly be transformed into amorphous / poorlycrystalline phases (FeOX) due to extended re-flooding. These findings are supported by
highly significant correlations found between Fe Ox, FeCBD, and the ratio of FeOx/FeCBD.
EXAFS studies further confirmed that chain building can be reversed, so adsorption
capacity may increase upon re-flooding. Therefore, it is reasonable to assume that
extended re-flooding has some potential to reverse the crystalinity of sediment Fe mineral
phases.

The mineralogical transformation was thought to be a prerequisite for reduction of
Fe(III) in crystalline Fe(III)oxides mediated by soil microorganisms (Wahid and Kamalam
1993). Previous studies have demonstrated that waterlogged soils/sediments may undergo
reduction processes during the early stages of anaerobic metabolism and this was attributed
to bacterial Fe(III)oxide reduction on greater reactive surface size density of amorphous /
poorly-crystalline Fe-oxides (Lovely 1991; Lovley and Phillips 1987). Even though
amorphous / poorly-crystalline Fe-oxides are thought to be more reducible than crystalline
phases (Roden 2003; Zachara et al. 2001), in soils where crystalline Fe(III) oxides are
more abundant than amorphous phases, crystalline Fe(III) bio-reduction may contribute
substantially to Fe(II) generation (Roden and Urrutia 2002; Roden and Zachara 1996).
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Lovely (1991) suggested that Fe(III) reduction in sediments is almost entirely mediated by
bacteria.

In the present study, it appeared that reductive dissolution of Fe(III) occurred (at 200
hours) prior to sulphate reduction and/or methane production in all the treatments (since
characteristic foul odour—also known as ‘swamp gas’ or ‘rotten egg gas’—emanated at
400 hours). Previous results from studies have suggested that Fe(III)-reducing bacteria can
outcompete sulphate-reducing bacteria and methanogens for organic substrates (Lovely
and Phillips 1986b). Therefore, the predominant mechanism might be microbial
dissimilatory Fe(III)oxide reduction. In this study, it is highly likely that a greater d egree
of amorphous Fe mineral phases that was transformed during the re-flooding process
presumably stimulate Fe(III)-reducing bacteria in favour of microbial dissimilatory
Fe(III)oxide reduction. Even though active sulphate reduction and iron sulfide (FeS )
formation were not demonstrated in this study, the remarkable coexistence of a distinct
decline of water column Fe(II) and the foul odour accompanied by the characteristic
intense blackening of sediment surface suggested that Fe(III) reduction may partly be
driven by H2S. Obviously, H 2S is formed by the microbial dissimilatory sulfate reduction
with subsequent precipitation of insoluble jet black FeS. Baldwin et al. (2000) showed that
sulphate reducers could survive without an obvious decrease in numbers when sediments
were exposed to the atmosphere and dried for an extended period.

5.4.15 Lack of recovery of microbiota
There was a notable reduction of microbial biomass P (MBP) by 600 hours. This may be
an indication of loss of obligate and facultative anaerobic bacteria presumably due to the
development of oxic conditions in the water column. However, a significant net increase
was detected in T air and T 30 compared with T 50 and T 85 treatments by 2,160 hours. Thus,
relatively faster recovery of MBP in the former can be attributed to a better survival
capacity of the sediment microbial biomass due to less physiological water stress in T air
and T 30 compared with T 50 and T 85 treatments. It is interesting to see the low or non
recovery of microbial biomass in T 50 and T 85 treatments even after a period of 3 months of
water logging. The most plausible explanation is not only that the amount of microbial
biomass had been substantially reduced but also the most essential microbial community
structure had been diminished during the process of heating at higher temperatires.
Therefore, the sediments heated at 50 0C and 85 0C may need more time to recover and reestablish their microbial biomass community and activities. Another plausible explanation
is substrate exhaustion due to heating at higher degrees. However, none of the re-flooded
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dried sediments returned to their original MBP values exhibited in the original T wet
sediments (Chapter 3), clearly reflecting a lack of recovery in the microbial consortium
due to drying.

Previous studies have shown that different groups of microorganisms react differently
to varying temperatures as well as duration and frequency of sediment drying, all affecting
their survival rate upon desiccation (Orchard and Cook 1983; Sparling and Cheshire 1979).
The dominant species are likely to affect the quantity and form of biomass P release upon
rehydration (Blackwell et al. 2010; Bunemann et al. 2008; Fierer et al. 2003). Further,
Rees et al. (2006) showed that sediment drying significantly changed the microbial
community structure in a semi-permanent stream in south eastern Australia.

Although the mechanisms causing these changes are not precisely known, the reasons
for the observed changes are complex and may involve a series of physicochemical and
biogeochemical processes including precipitation/sorption/desorption reactions and
enhanced/supressed microbial activity coupled with changes occurring in the sediment
structure.

5.5 Summary and conclusions
In this study, although the rate of P release exceeded the rate of P retention in sediments
heated at higher degrees, the extent of P release may be underestimated since some of the
mobilised P was simultaneously immobilised by sediment microbial consortia and/or re adsorption onto amorphous Fe mineral phases. Re-flooding of sediments heated at 85 0C
degrees showed substantial decomposition/mineralisation of labile and non -labile organic
matter compared with sediments heated at lower degrees. The experimental drying and re flooding process induced transformation of some of the sediment-bound P into more
reactive srP pools or/and into refractory P. Anaerobic organic matter mineralisation
accelerated microbially mediated Fe(III) reduction, in turn inducing redistribution of some
sediment-bound P forms (also increasing water column FRP). Similarly, crystalline Fe
mineral phases were partly transformed into amorphous / poorly-crystalline phases during
the period of incubation.

In conclusion, this study has explicitly demonstrated that desiccated wetland sediments
can act as a net source of P to the overlying water column upon re-flooding. Coincident
with drying-induced increased crystallinity of Fe mineral phases—with concurrent reduced
P sorption capacity and the constituent increases in sediment-bound ‘inorganic’ P after

123

desiccation—there were markedly elevated rates of filterable reactive P release upon reflooding. Depending on the severity of the drying process, P release can occur extremely
rapidly and extensively. Therefore, the degree and the duration of sediment drying were
found to be equally important. It is anticipated that desiccation might result in a significant
release of P to the overlying water column, potentially decreasing floodplain wetland’s
buffer capacity. The resultant initial P flux has a greater ecological significance
(eutrophication). Thus, the Birch effect, as already observed in wetland sediments in south
eastern Australia, may be applicable to the extensive range of wetland ecosystems in other
semi-arid regions of the world that are expected to be affected by global climate change.
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Chapter 6
Synthesis: Impact of Drying and Re-Flooding of Soils and
Sediments on Phosphorus Dynamics in a Floodplain Environment
6.1 Introduction
Floodplain environments are dynamic natural ecosystems that alternate between wet and
dry phases. For most of the time they are in a dry phase which, at least superficially, is not
substantially different from other surrounding terrestrial ecosystems. As the hydrological
regimes strongly controls nutrient dynamics and transformation processes, floodplains are
very sensitive to hydrological changes whether induced by flow regulation or climate
change patterns. Flood regimes in the Murray-Darling Basin have been modified because
of river regulation and over-extraction of water. Consequently, the ecosystems that rely on
floods are often adversely affected. In particular, a decrease in the frequency, duration, and
extent of floods is often cited as the driver of the decline of floodplain ecosystems
(Baldwin 2011).

The overall aim of this study was to improve our understanding of how floodplain
wetland soils and sediments change during drying and how these desiccated soils and
sediments respond to re-flooding—with a particular focus on sediment phosphorus (P)
dynamics.

In Chapter 2, I examined the orthophosphate dynamics in floodplain soils along a
chronosequence that encompassed soils that were inundated at the time of sampling
through to soils that had not been inundated for 9 years. Statistical analyses showed a
significant effect of time-since-last flood on metal speciation, reactive P pools, and
orthophosphate release parameters. As the soils were exposed to increasing periods without
inundation, there were decreased levels of organically bound Fe (Fe pyro) and amorphous /
poorly-crystalline Fe mineral phases (Fe Ox) and increased levels of more crystalline Fe
mineral phases (Fe CBD). Moreover, in-situ desiccation substantially increased the
proportion of MgCl 2 srP (which corresponds to exchangeable / loosely sorbed P) and
NaHCO3 srP (which has been associated with labile organic matter) and significantly
lowered the levels of CBD srP (corresponding to reactive P associated with easily
reducible Fe mineral phases) and NaOH srP (corresponding to reactive P sorbed to clay
minerals and oxides or from P bound to Al). HCl srP (corresponding to Ca bound P) was
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not substantially affected. Substantially higher orthophosphate concentrations were
measured in the water column when these desiccated soils were artificially inundated.

In Chapter 3, I explored the mechanisms underlying the impact of extended desiccation
by artificially drying wetland sediments in the laboratory under increasingly severe
conditions. As sediments were exposed to increasing severity of drying, organic matter
(LOI %) and microbial biomass P substantially decreased. When these sediments were
extracted with water, there were increased levels of water-extractable total P (water-TP),
water-extractable molybdate reactive P (water-MRP), and water-extractable molybdate
unreactive P (water-MUP) with increased severity of drying. Sequential extraction of
sediments showed that while there were no substantial differences in total extractable P
content under different drying regimes, there were increased levels of MgCl 2 srP and
NaHCO3 srP with concurrent decrease in CBD srP, NaHCO3 nrP (corresponding to nonreactive P associated with labile organic matter), NaOH nrP (corresponding to non-reactive
P associated with non-labile organics), and HCl-ash srP (corresponding to refractory
organic P pools) as the severity of drying increased. NaOH srP and HCl srP were not
affected by drying. There was also lower Fe Ox and higher Fe CBD with increased severity of
drying. In an orthophosphate sorption experiment, lower orthophosphate affinity in the
desiccated sediments was coincident with substantially lower Kd (linear adsorption
coefficient), S 0 (native P), and EPC 0 (equilibrium phosphate concentration).
In Chapter 5, the same sediments that were exposed to varying degrees of drying were
re-inundated in laboratory microcosms (after first demonstrating in Chapter 4 that storage
in the laboratory had only a marginal effect on P and Fe speciation). Upon re-inundation,
within the first hour of flooding there was a spike of total P in all of the sediment
microcosms. The initial spike for the sediment that was air dried contained higher levels of
particulate fractions but relatively lower levels of filterable fractions. Conversely, in the
sediment subjected to extreme desiccation (T 85) there were substantially higher levels of
filterable forms but lower levels of particulate forms. By the end of incubation, almost all
of the P in solution in sediment dried at 85 0C (T 85) was filterable reactive P. As the
inundation period proceeded, the ratio of Fe(II)/FRP in the water column increased from
below 1 for the air-dried sediment to 67 for the sediment that was dried at 85 0C. By the
end of incubation, there was a net increase of FeOx with no substantive differences among
the treatments. This was coincident with a net decrease in FeCBD. During the later stages of
incubation, there was relatively higher MgCl 2 srP and NaHCO3 srP and lower NaHCO 3 nrP
and NaOH nrP in T 50 and T 85 sediments compared with T air and T 30. In all the treatments,
CBD srP increased while HCl srP was not substantially affected. By the end of incubation,
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substantially higher HCl-ash srP was detected in T air, T 30, and T 50, while T 85 sediments
exhibited only a small increase. There was a significant increase of microbial biomass P
(MBP) in T air and T 30 compared with T 50 and T 85 sediments by the end of incubation, and
overall a net decline was detected in all the treatments compared with the original wet
sediments in Chapter 3.

The results are summarised using schematic representations illustrating (1) the changes
in biogeochemical parameters in wetland soils and sediments under increased severity of
drying (TSF = 0, 2, 4, 9 and T air, T 30, T 50, T 85), refer to Figure 6.1; (2) the changes in
biogeochemical parameters on re-flooding following mild to moderate drying (TSF = 2 and
T air, T 30, T 50), refer to Table 6.1; and (3) the changes following extreme desiccation (TSF =
9 and T 85), refer to Table 6.2.
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Figure 6.1 Schematic representation of changes in biogeochemical parameters in wetland soils and sediments under
increased severity of drying (TSF - Time-since-last-flood).
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T85

Table 6.1 Schematic representation of changes in biogeochemical parameters on re-flooding following mild to moderate drying
(TSF = 2 and Tair, T30, T50) (TSF - Time-since-last-flood)
TSF = 2 compared with TSF = 9
Nutrient release experiment
(Chapter 2)

Tair or T30 or T50 compared with T 85
Water column experiment
(Chapter 5)
Upon re-flooding
After 576 hours

Sediment experiment
(Chapter 5)
After 2,160 hours

Lower [orthophosphate] max in the water column ([PO4-3] max)

Higher particulate reactive P

Higher NaHCO 3 nrP

Lower first-order rate constant (k)

Higher particulate unreactive P

Higher NaOH nrP

Lower initial rate of release of orthophosphate (υ0)

Lower filterable reactive P
Lower filterable unreactive P
Lower Fe(II) and Fe(III)
Lower ratio of Fe(II)/FRP

All water
column

Higher CBD srP
Higher HCl-ash srP

P and Fe

Higher MBP

species

Higher Fe Ox

fall back
to minute
levels………

Lower MgCl 2 srP
Lower NaHCO 3 srP
Lower NaOH srP
Lower Fe CBD
HCl srP not affected
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Table 6.2 Schematic representation of changes in biogeochemical parameters on re-flooding following extreme desiccation
(TSF = 9 and T85) (TSF - Time-since-last-flood)
TSF = 9 compared with TSF = 2
Nutrient release experiment
(Chapter 2)
Higher [orthophosphate] max in the water column ([PO4-3] max)
Higher first-order rate constant (k)
Higher initial rate of release of orthophosphate (υ0)

T85 compared with Tair or T30 or T50
Water column experiment
(Chapter 5)
Upon re-flooding
After 576 hours
Higher filterable reactive P
Continual rise
Higher filterable unreactive P
of filterable

Sediment experiment
(Chapter 5)
After 2,160 hours
Lower NaHCO3 nrP

Higher Fe(II) and Fe(III)

Lower CBD srP

reactive P……

Higher ratio of Fe(II)/FRP
Lower particulate reactive P
Lower particulate unreactive P
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Lower NaOH nrP

Lower HCl-ash srP
Other water

Lower MBP

column

Lower FeOx

P and Fe

Higher MgCl2 srP

species

Higher NaHCO3 srP

fall back

Higher NaOH srP

to low-minute

Higher FeCBD

levels………

HCl srP not affected

6.2 Synthesis of findings
In Chapter 2, the space-for-time investigation identified that the increased orthophosphate
release upon re-flooding was an indirect result of extended periods of soil drying. Dryinginduced decomposition of organic substrates in the soils subjected to extended periods of
drought resulted in a higher accumulation of soluble reactive P in the pools such as
exchangeable or loosely sorbed P (MgCl 2 srP) and reactive P associated with labile organic
matter (NaHCO3 srP). There were decreased levels of reactive P sorbed to easily reducible
or reactive Fe compounds (CBD srP) with increased periods of time since the last flood
event. This probably reflects reduced sorption capacities due to increased crystallinity of
Fe mineral phases in the soils subjected to prolonged droughts. Overall, the re-flooding of
soils dried for prolonged periods was found to significantly increase the rate of release of
orthophosphate and to ultimately increase the orthophosphate concentration in the
overlying water column.

Several interconnected processes and mechanisms were identified as being particularly
important during the drying process. Furthermore, it was shown that severity of sediment
drying plays an important role in determining the drying-induced changes in sediment P
dynamics (Chapter 3).

Sequential extraction data (SEDEX scheme) revealed that an internal transformation or
redistribution of sediment P pools occurred during the drying process (Chapter 3). When
saturated sediments were exposed to varying degrees of drying, it appeared that
sedimentary P from fractions that were initially associated with labile ‘organic’ substrates
was transformed into phases that were ‘inorganic’. The non-labile organic fractions were,
in turn, shifted toward labile organic status. It was shown that exchangeable P or loosely
sorbed P (MgCl 2 srP) and reactive P associated with labile organic substrates (NaHCO 3
srP) substantially increased, while labile and non-labile organic P (NaHCO 3 nrP and NaOH
nrP respectively) decreased during the early stages of the drying process. Both biomass
and non-biomass organic substances were involved in the mineralisation process and
transformed into soluble reactive P (MgCl 2 srP and NaHCO3 srP pools) in the dried
sediments. The decrease in NaHCO 3 nrP and NaOH nrP with drying was attributed to an
increased rate of mineralisation of relatively labile / non-labile organic substrates and to a
death of sediment microbial biomass and subsequent release of orthophosphate. There was
a sharp reduction in P sorbed to easily reducible or reactive Fe mineral phases (CBD srP)
upon air drying, indicating that P sorption capacity of the sediments started to decrease in
the early stages of drying. Extreme desiccation was found to accelerate these processes.
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The overall interpretation is that drying-induced changes in P speciation in wetland
sediments occur through redistribution of sedimentary P via biotic and abiotic organic P
mineralisation and drying-enhanced solubility of organic substrates, coupled with changes
in sediment Fe mineral phases.

It was shown that a greater accumulation of water soluble reactive P in the sediments
during the period of drying and the processes, and mechanisms responsible for the dryinginduced mineralisation of organic matter, were influenced by the severity of the drying
process (Chapter 3). It was inferred that under mild to moderate drying, organic substrate
decomposition was mainly driven by biotic processes, and under extreme desiccation
abiotic processes dominated. During the early stages of drying (mild to moderate drying),
there was a substantial decomposition/mineralisation of organic matter which was
attributed to the stimulating effect of bacterial activity. Under extreme desiccation, there
was a greater degree of bacterial mortality. However, an increased organic matter
oxidation/hydrolysis was found, which was predominantly driven by abiotic processes.

It was shown that the drying of previously saturated sediments increased P solubility
and was affected by the severity of the drying process (Chapter 3). From this, it was
inferred that substantial levels of water-soluble unreactive P in the air-dried sediments was
largely derived from microbial cell lysis. This suggests that sediment organic matter
rendered soluble during the extreme desiccation process may accumulate larger quantities
of water soluble unreactive P.

Since P sorbed to easily reducible or reactive Fe mineral phases (CBD srP) was one of
the major P fractions in floodplain wetland sediments of south eastern Australia ( Chapters
2 and 3), Fe(III)(oxy)hydroxide mineral phases play an important role in P sorption and are
likely to be affected by the drying process. Thus, it is reasonable to assume that dryinginduced changes in P sorption characteristics may be related to changes in Fe properties.
During the drying process, an increased crystallisation of amorphous Fe mineral phases
was detected (Chapter 3). A sharp reduction of Fe Ox and a large quantity of FeCBD
measured in the air-dried sediments suggests that drying-induced increases in Fe
crystallinity started during early stages of drying. Moreover, the crystallinity of Femineral
phases was found to be accelerated by oven drying. Consistent with this interpretation,
EXAFS data revealed an increased crystallinity with increased drying, and this coincided
with a decreased sorption capacity.
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There was a decrease in orthophosphate affinity upon air drying, with a further
substantial reduction after oven drying (Chapter 3). The linear adsorption capacity (K d),
which indicates buffer intensity for P sorption, significantly and substantially decreased
upon air drying and was magnified under extreme desiccation (oven drying) conditions.
Likewise, the equilibrium phosphate concentration (EPC 0) significantly increased,
reflecting the poorer P-buffering capacities of the dried sediments. Correlational analysis
further supported the fact that increased sediment drying can significantly lower the
sediment’s phosphate adsorption capacity, in turn reducing the amount of soluble reactive
P bound to easily reducible Fe mineral phases due to drying-induced increased
crystallisation of amorphous / poorly-crystalline Fe mineral phases. Further, it clearly
indicated that exchangeable or loosely sorbed orthophosphate has a greater potential to
accumulate when floodplain wetland sediments were exposed to varying degrees of drying,
and to release P into the overlying water column upon later re-flooding events.

Re-flooding following drying sediments led to an enhanced P release (also known as the
Birch effect) and the extent of P release was shown to rise with the severity of the drying
process (Chapter 5). It was shown that the degree of sediment drying substantially
increased the filterable fractions (filterable reactive and unreactive P) and decreased the
particulate forms (particulate reactive and unreactive P) in the water column . In the initial
P flush (1 hour after re-flooding), the substantially increased filterable reactive P fraction
likely originated from larger quantities of exchangeable / loosely sorbed P pool (MgCl2
srP) which accumulated in the sediment during the period of desiccation. It was inferred
that the initial P flush carries biomass and non-biomass organic compounds, both after
being solubilised. The results indicated that the mineralisation and/or solubilisation of
different P species in this initial flush was caused, to a great extent, by the drying process.
Drying caused an increase in the crystallinity of Fe mineral phases in desiccated sediments,
decreasing the sediment’s P sorption capacity (Chapters 3 and 5). The decreased buffer
intensity for P sorption significantly reduced the orthophosphate affinity in the dried
sediments (Chapter 3), and led to an increased P concentration in the overlying water
column. The initial P flush was extremely rapid, but sharply declined and stabilised within
first 8 hours on re-flooding. At that time, the amount of P re-adsorbed onto abiotic mineral
surfaces and/or immobilised by increased biomass (P uptake) is similar to that mineralised
from labile organic substrates and/or the amount of P released from loosely sorbed and
labile inorganic pools (P release). Therefore, it is likely that the water column P
concentration within first few hours of re-flooding was less than the actual P flush that
could potentially have occurred. The initial P flush would be available not only for
sediment microbial biomass but also for plant uptake and leaching with the soil water.
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Thus, the extremely rapid nature of this initial P flush has considerable implications for
water quality, increasing the risk for leaching or runoff to groundwater and surface waters
with the potential for eutrophication.

The P release from re-flooded dried sediments under an oxic environment lasted only
for the first few days. Therefore, aerobic P release or retention was generally transient
(Chapter 5). During this period of time, larger quantities of water column filterable
unreactive P was released, which highlights the substantial organic P solubility. Extreme
desiccation was found to accelerate the organic matter solubility as almost all the filterable
fraction existed as unreactive P.

The anaerobic environment had been initiated by the end of the first week with a
gradual rise of Fe(II) and pH in the water column (Chapter 5). Under the anaerobic
environment, most of the released P from all the sediment microcosms was accompanied
by a much larger Fe release. The P release in the present study depended on the molar ratio
of released Fe(II) to released FRP. The ratio of Fe(II)/FRP > 1 suggested that released FRP
and Fe(II) may have partly originated from reductive dissolution of amorphous ferric
mineral phases. However, it appeared that the increased labile organic matter rendered
soluble by the sediment drying process significantly stimulated anaerobic microbial
activity in all of the drying regimes. The transformation of crystalline Fe mineral phases
into amorphous / poorly-crystalline phases might stimulate iron reducing bacteria in favour
of microbial dissimilatory Fe(III)oxide reduction (during the period of anoxia). It was
inferred (from the presence of blackish sediment and the characteristic foul odour) that
Fe(III) reduction and subsequent P release in re-flooded dried sediments were partly driven
by H2S which is formed by the microbial dissimilatory sulfate reduction.
Extreme desiccation substantially increased dissolved organic P hydrolysis, particularly
during the later stages of re-flooding after the anaerobic environment switched to aerobic
(Chapter 5). Sequential extraction data indicated that substantial mineralisation of
organically bound labile and non-labile P pools (NaHCO3 nrP and NaOH nrP respectively)
occurred under extreme desiccation compared with mild drying. Also, the mineralisation of
labile organic matter occurred relatively early in the re-flooding process. There appeared to
be an accumulation of loosely sorbed P (MgCl 2 srP) and reactive P bound to labile organic
matter (NaHCO3 srP) in these sediments partly due to loss of P sorption potential in
sediment Fe mineral phases. Also, the loss of P sorption capacity in extremely desiccated
sediments lowered the sediment’s affinity toward filterable reactive P in the water column
upon re-flooding. Therefore, it is reasonable to assume that higher organic P mineralisation
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compared with lower P immobilisation resulted in a substantial increase of filterable
reactive P in the water column of these desiccated sediments.

More moderate drying had a lesser effect on sediment P release or retention, with no
substantial changes in the water column P concentrations (Chapter 5). This was partly due
to the higher capacity of the sediment microbial biomass to assimilate the released P. The
most plausible explanation is that the water column Fe(II) diffused upward and been
oxidized at the interface to Fe(III)(oxy)hydroxides, leading to re-adsorption of water
column P. The results suggested that crystalline Fe mineral phases (Fe CBD) in all
waterlogged sediments might partly be transformed into amorphous / poorly-crystalline
phases (Fe OX). EXAFS studies confirmed that re-flooding has some potential to reverse the
increased crystallinity of sediment Fe mineral phases that occurred during drying. Thus,
sediments subjected to moderate drying still have the potential to remove water column P,
increasing CBD srP (P sorbed to easily reducible or reactive Fe mineral phases), under
extended waterlogged conditions.

Interestingly, the transformation of some labile/non-labile P pools into more refractory
P (HCl-ash srP) significantly decreased with the increased drying. None of the re -flooded
dried sediments returned to their original microbial biomass P (MBP) values observed in
the original wet sediments, reflecting a lack of recovery in the microbial consortium. The
relatively faster recovery of MBP in the sediments subjected to mild drying can be
attributed to a higher survival of the sediment microbial biomass due to lower
physiological stress.

Taking these results together, some conceptual models have been developed outlining
the dominant factors operating on P dynamics upon drying and re-inundation of floodplain
soils and sediments. See Figures 6.2 and 6.3. These models contrast the relative importance
and magnitude of biogeochemical parameters, processes, and mechanisms that occur
during the drying process and during re-flooding following desiccation.
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(+)
Response

Crystalline Fe mineral phases

(-)

Fe bound P
Amorphous Fe mineral phases
P sorption capacity
Degree of Fe crystallinity

Transformation of amorphous and crystalline Fe phases
Increased severity of drying

Organic matter oxidation / mineralization

(+)

Organic matter solubility

Response

‘Inorganic’ P forms

(-)

‘Organic’ P forms
Microbial biomass and activity

Redistribution of organic and inorganic P forms
Increased severity of drying

Figure 6.2 Conceptual model of phosphorus biogeochemical cycling in a wetland sediment
under increased severity of drying.
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(+)
Response

Crystalline Fe mineral phases

(-)

Fe bound P
Amorphous Fe mineral phases
P sorption capacity
Degree of Fe crystallinity

Transformation of amorphous and crystalline Fe phases
Increased severity of drying

Initial flux of orthophosphate and soluble reactive P

(+)

Organic matter mineralization

Response

Inorganic P forms
Water column soluble reactive P
Organic P forms

(-)

Microbial biomass and activity
Initial flux of particulate P

Redistribution of organic and inorganic P forms
Increased severity of drying

Figure 6.3 Conceptual model of phosphorus biogeochemical cycling in a wetland sediment
on re-flooding following increased severity of drying.
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6.3 Conclusions
This research indicated that the response of sediments to varying degrees of drying and to
re-flooding following desiccation differs according to the severity of drying (drying
temperature and the duration) rather than as a result of different physiochemical properties
or total P and Fe content of the sediments. None of the re-flooded dried sediments returned
to their original wet state in terms of P and Fe speciation. However, there was a tendency
for desiccated sediments to change toward their original wet state under extended re flooding.

Drying mobilised more stable sedimentary P fractions. The exchangeable / loosely
sorbed P and soluble reactive P in labile organic compounds largely accumulated in the
dried sediments as a consequence of drying-induced increases in P solubility and/or
stimulated mineralisation of labile and non labile organic P compounds. Drying increased
the crystallinity of Fe mineral phases which was coincident with reduced P sorption
affinity and sorption capacity of the sediment. In combination, these two factors increased
the potential for P release after re-flooding.

Re-flooding following desiccation resulted in a redistribution of sedimentary P. The
severity of the drying process resulted in an alteration of the speciation of P released
(particulate vs filterable and reactive vs unreactive). The initial P flush contains both
biomass and non-biomass organic compounds. The large amounts of soluble reactive P
accumulated during drying were the predominant form of P in the overlying floodwater of
desiccated sediments. The results further suggested that well-crystalline Fe mineral phases
might partly be transformed into amorphous / poorly-crystalline phases due to the redox
cycling of iron. The reductive dissolution of Fe(III)(oxy)hydroxides favoured the
concomitant release of orthophosphate from the dried sediments during the period of
anoxia. This was likely driven by microbial dissimilatory Fe(III)(oxy)hydroxide and
sulfate reduction. It was inferred that both processes were stimulated by the drying
process. Upon re-flooding, greater P release occurred under oxic conditions due to
mineralisation of dissolved organic P. The magnitude of P release increased with increased
severity of drying. High concentrations of P in the water column were not sustained due to
re-adsorption processes. The extent of P retention depended on the severity of the drying
process. Overall, these results strongly suggest that P release or retention in re-flooded
dried sediments occurs via oxidative-degradation and reduction dynamics linking Fe, P,
and C cycles in a floodplain environment.
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6.4 Management implications
The work presented in this thesis has important implications for catchment water
management. The health and functioning of Australia’s rivers and riverine ecosystems are
largely determined by their unique flow regimes. French and Chambers (1996) pointed out
that the spatial and temporal variation in plant assemblage structure on river-floodplains is
mainly influenced by flooding and scouring, desiccation, substrate stability and localized
variations in water velocity, turbulence and shear stress. The alteration of flow regimes is
responsible for the most serious threat to ecological sustainability of floodplain -wetlands
(Ward et al. 1999). The extensive water extractions and regulation of flows often result in
a reduction in the inundation of wetlands since diversion of stream flow changes th e
frequency, duration, and size of flood events. The changes in stream-flow seasonality and
changes in water temperature, depth, current and chemistry can have profound effects on
the ecological integrity of riverine ecosystems (Ward and Stanford 1995). Apart from that,
many Australian riverine ecosystems are particularly vulnerable to the impacts predicted
under human-induced climate changes. Higher temperatures and reduced precipitation due
to climate change would intensify these problems and sharpen competition among water
users (Pittock 2003). Therefore, it is of prime importance that environmental needs are
adequately represented in management decisions with increasing human demands for
water.

This study revealed that the health and functioning of floodplain wetland soils and
sediements is largely affected by extended period of drying. This highlights that
environmental allocations of water should be recognized as vital to maintaining the
ecological health and functioning of riverine ecosystems. This ensures that water quality is
maintained, and rivers and wetlands are restored to health. In order to increase
environmental flows and to reduce diversions from rivers, water use efficiency must be
improved. As a result of flow regulation, many small and medium floods no longer occur.
Therefore, by reinstating some of those smaller flows, more meaningful delivery of
environmental water can be achieved. Also, by coordinating environmental flows with
natural flow events, it will ensure that environmental water is used as effectively as
possible. Increased efficiency in water delivery for irrigation is another favourable option
for restoring environmental flows.

The results also confirmed the release of large amounts of P within a short period of
time when desiccated wetland sediments are subjected to re-flooding. This rapid, initial
flush of P must be appropriately managed in order to prevent adverse ecological impacts
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such as eutrophication of the surrounding floodplain. This can be achieved by allocating
smaller volumes of water and changing the timing of environmental flooding (e.g.,
changing the environmental watering to winter or early spring (minimum temperature)
which can potentially reduce the risk of eutrophication during summer (maximum
temperature).

6.5 Limitations of the study and directions for future research
In this study, P release experiments conducted in laboratory microcosms cannot address all
the physical and biogeochemical interactions that take place in the field. The experimental
units were established in the dark at 20 ± 1 0C, conditions that are quite different from
those in the field (temperature, wind, and sunlight). This could affect naturally existing
competition balances such as desorption-adsorption, co-precipitation-dissolution, and
biological uptake-breakdown. The use of MQ water (SuperQ Millipore NATA) (adjusted to
a conductivity of 300 µS/cm with NaCl) instead of river water created a chemical matrix in
the soil-water or sediment-water system that was also different from that encountered in
the field. Loss of aggregation during sample preparation will intrinsically alter the
response of the soil to drying and re-wetting. Furthermore, the current study only consider
P dynamics but other nutrients, such as C and N may also be important. In addition, this
study has not addressed the changes in microbial community composition which would
have enabled a better understanding of the biogeochemical changes upon drying and re flooding. The current study was undertaken at a small spatial scale. However, the lowlandriver floodplain wetlands in south eastern Australia are highly spatially heterogenous.
Further investigations are required to determine spatial heterogeneity in biogeochemical
processes across the entire catchment.

There is considerable scope for future research based on the major findings of this
study. A high resolution analysis of water column composition (P, N, and Fe speciation),
coupled with intensive measurements of sediment P and Fe speciation immediately after
re-flooding, will provide a greater understanding of initial flush dynamics (the Birch
effect).

Further characterisation of sedimentary P species can, in principal, be achieved by
spectroscopic techniques such as

31

P NMR or synchrotron radiation based soft X-ray

spectroscopy. However, in this study phosphorus soft X-ray spectra were essentially
featureless due to the low natural abundance of P. The analysis of changes in P speciation
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during drying and re-flooding processes could also be achieved by stable isotope tracer
techniques.

Further characterisation of sedimentary Fe, Mn, and Al species is important to improve
our understanding of the biogeochemical changes involved during drying and re -flooding.
In this work, the use of Fe k-edge EXAFS was hampered by the background Fe-containing
minerals (e.g., clays) that do not contribute substantially to the speciation of Fe. Further
advances using this technique would require a more detailed study of the Fe mineralogy in
wetland sediments.

The results of this study demonstrated that the severity of the drying process affected
the survival capacity and potential recovery of sediment microbial biomass. Further
characterisation of the changes in the microbial community composition is required to
determine the resilience of microbial communities to the varying degrees of drying and
during re-flooding following desiccation. A general characterisation of groups of
organisms can be achieved by the most widely used techniques such as fatty acid
methylester (FAME) and phospholipid fatty acid (PLFA) while the changes in community
structure and function may be linked using genetic techniques such as denaturing gradient
gel electrophoresis (DGGE).

Future investigations should include short- and long-term field studies in combination
with simulations in the laboratory that allow us to understand the composition and activity
of sediment microbial biomass linked to the geochemical transformations. Moreover,
further field studies are warranted to examine the dynamics of dissolved organic C and the
potential risk of blackwater events following inundation from environmental water
releases. Since knowledge about the influence of droughts and re-flooding on processes is
very limited, more research is needed to reveal their impact on ecosystem functioning, and
the quest for more knowledge provides the prospect for future research that is both
beneficial and important.
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Appendix 2.1
Mean Monthly Precipitation (mm) and Temperature (0C)
at Balranald

35

50

40

25
30
20
20
15

Temperature (0C)

Mean monthly rainfall (mm)

30

10
10
0

5

0

-10
Jan Feb Mar Apr May Jun

Jul

Aug Sep Oct Nov Dec

Time (Month)
Mean monthly rainfall (mm) for years 1879 to 2012
Mean highest temperature (Degrees C) for years 1907 to 2012
Highest temperature (Degrees C) for years 1907 to 2012
Mean minimum temperature (Degrees C) for years 1907 to 2012
Lowest temperature (Degrees C) for years 1965 to 2012

Figure A2.1 Mean monthly precipitation (mm) and temperature ( 0C)
at Balranald (data sourced from the Australian Bureau of
Meteorology – Balranald RSL station 049002).
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Appendix 2.2
Annual Rainfall Totals from 1950 to 2011 Compared with the Mean
Annual Rainfall from 1879 to 2011 at Balranald
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Figure A2.2 Annual rainfall totals at Balranald from 1950 to 2011 compared
with the mean annual rainfall of 324.6 mm from 1879 to 2011 (Data sourced
from the Australian Bureau of Meteorology – Balranald RSL station 049002).
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Appendix 3
Regression Analyses
y = 145.87 + 0.01041x R 2= 0.64403
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Figure A3.1 Scatter plot and regression equation of FeOx vs CBD srP.
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Figure A3.2 Scatter plot and regression equation of S0 vs EPC0.
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y = -2555.3 + 434.48x R 2= 0.87799
2500

2000

1500

1000

500

0
5

6

7

8

9

10

LOI %

Figure A3.3 Scatter plot and regression equation of LOI% vs Kd.
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Figure A3.4 Scatter plot and regression equation of FeOx vs Kd.
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y = -80.145 + 323.78x R= 0.91456
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Figure A3.5 Scatter plot and regression equation of ratio of Fe Ox/FeCBD vs Kd.
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Figure A3.6 Scatter plot and regression equation of ratio of MgCl 2 srP vs S0.
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Appendix 5.1
Water Column pH
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Figure A5.1 Water column pH (mean ± 1SD) of laboratory
microcosms (Tair, T30, T50, T85) over 576 hours of incubation
(n = 3 for each treatment).
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APPENDIX 5.2
Sediment pH
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Figure A5.2 Sediment pH (mean ± 1SD) of laboratory microcosms
(Tair, T30, T50, T85) over 2,160 hours of incubation (n= 3 for each
treatment).
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